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ABSTRACT 
Coastal metal pollution is a major concern to the health and well-being of aquatic organisms. 
Bioindicator organisms such as mussels have the potential to monitor coastal metal pollution. 
In New Zealand, the feasibility of employing green-lipped mussels, Perna canaliculus as a 
bioindicator species is yet to be investigated. This thesis focuses on applying a suite of 
biomarkers on green-lipped mussels exposed to cadmium (Cd) to evaluate the utility of the 
biomarkers and investigate the utility of the mussels in assessment of metal pollution.  
Cd is a non-essential metal and is known to be highly toxic to many aquatic organisms. This 
research consisted of a laboratory study to understand the mechanistic effects of Cd toxicity 
in green-lipped mussels. Physiological, biochemical, immunocytotoxic and cytogenotoxic 
biomarker responses were measured in mussels exposed to acute (96 h; 2000 µg L
-1 
and 4000 
µg L
-1
) and subchronic (28 d; 200 µg L
-1 
and 2000 µg L
-1
) Cd treatments. The 96 h LC50 
value for P. canaliculus was 8160 µg L
-1
, indicating that the green-lipped mussels were 
relatively tolerant to Cd exposure.  
Results from the Cd exposures, indicated that Cd had a negative impact on physiological 
processes such as feeding and oxygen consumption. Cd-induced physiological impairments 
caused an imbalance between energy gain and energy loss in the mussels that led to negative 
scope for growth. Detoxification (metallothionein-like protein) and defence mechanisms 
(catalase) were induced in the mussels to provide protection against the toxic effects of Cd. 
However, the defence mechanisms were not sufficient to protect the mussels from damage 
due to lipid peroxidation. DNA damage was also observed in the haemocytes of mussels as a 
result of Cd exposure. Cellular homeostasis (alkaline phosphatase) mechanisms were also 
perturbed. The immunocytotoxic endpoints reflected differences in haemocyte proportions in 
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the haemolymph of Cd-exposed mussels. Exposure to Cd also led to the formation of several 
nuclear aberrations in the gill cells of mussels. Overall the laboratory study highlighted toxic 
effects of Cd on green-lipped mussels that were dependent on the dose and/or the duration of 
exposure to Cd. Among the biomarkers tested, clearance rate, metallothionein-like protein 
induction and the formation of nuclear aberrations in mussel gill cells correlated strongly to 
Cd accumulation levels and reflected Cd exposure effects.  
The feasibility of employing green-lipped mussels as bioindicators was tested during the field 
study. Green-lipped mussels were collected from different coastal sites along the South Island 
in NZ. Metal concentrations in the sediment and in four different mussel tissues were 
analysed. The findings indicated a significant geographical difference in metal concentration 
in the environment and in the metal accumulation levels in the mussels. Overall, the field 
study indicated that the green-lipped mussel, Perna canaliculus has the potential to be used 
as a bioindicator species for assessment of coastal metal pollution levels in NZ.  
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1.1 Coastal ecosystems and pollution 
The coastal ecosystem is multifunctional, biologically diverse and highly productive. The 
functioning of coastal ecosystem is influenced by several natural processes and 
anthropogenic factors (Aubrey and Elliott, 2006). For example, estuaries act as a transition 
zone between marine and freshwater environments characterised by fluctuations in physical 
and chemical conditions such as salinity and temperature (Hodgkin, 1994). They are 
ecologically important acting as nursery grounds, migration routes and refuge areas for 
several fish and bird species (McLusky and Elliott, 2004). 
However, the increasing pressure from human activities and overexploitation of resources has 
led to the substantial degradation and loss of coastal habitats (UNEP, 2006). This is primarily 
due to heavy human settlement along coastal regions, with almost 60% of the world’s human 
population living within 100 km to the coast (Martínez et al., 2007). Coastal environments 
provide several goods and services to mankind including food resources, recreation, 
navigation, social and economic development (Costanza, 1997). Thus, disruption of the 
coastal ecosystems not only affects the aquatic inhabitants but also impacts humans. 
1.1.1 Types of pollutants 
Some of the primary man-made activities leading to degradation of the coastal ecosystems 
are discharge of pollutants, conversion of coastal habitats for aquaculture, mining activities, 
exploration for oil and natural gas, building dams, construction of roads and sedimentation 
(UNEP, 2002). Apart from directly affecting the well-being of resident organisms, the 
presence of pollutants also causes several undesirable environmental conditions. This 
includes depletion of oxygen, production of algal blooms, bacterial or pathogenic infections 
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and increase in ammonia that are toxic to aquatic organisms (e.g. Moncheva et al., 2001; Zhu 
et al., 2012). 
Industrial, agricultural and domestic effluents are major sources of pollutants that enter into 
the coastal environment (e.g. Sanchez-Avila et al., 2009). These include organic pollutants 
such as organochlorinated pesticides, organophosphates, carbamates, herbicides, phenols, 
polycyclic aromatic hydrocarbons (PAH), polychlorinated biphenyls (PCB) and organotin 
compounds that are priority pollutants found in effluents (e.g. Martí et al., 2011). Substantial 
amounts of trace metals also find their way into coastal areas as a result of urbanisation and 
industrialisation. Additionally, metals are also released into the aquatic ecosystem by natural 
processes such as weathering of rocks, dust transport and sea upwelling. 
1.2 Metal contamination in coastal ecosystems 
The presence of trace metals is a major concern in coastal ecosystems. This is due to the fact 
that metals are persistent, toxic, tend to bioaccumulate, and pose a risk to both the ecosystem 
and to humans (Philips and Rainbow, 1993). These characteristics of metals have led to the 
introduction of regular metal monitoring programs in many countries (e.g. Mussel Watch; 
O’Connor and Lauenstein, 2005). 
Trace metals are known to cause several harmful effects in aquatic organisms (Rainbow, 
2002). Essential metals such as copper (Cu), zinc (Zn), manganese (Mn) and iron (Fe) play a 
major role in biochemical pathways of aquatic organisms. For example, Cu is important for 
the function of the protein haemocyanin while enzymes such as carbonic anhydrase and 
alkaline phosphatase are Zn metallozymes (e.g. Coleman and Gettings, 1983). Essential trace 
metals also manifest potential toxic effects in organisms when present in excess 
concentrations. However, non-essential trace metals such as cadmium (Cd), mercury (Hg), 
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lead (Pb) and arsenic (As) do not take part in any biological functions and are toxic to aquatic 
organisms (e.g. Wood et al., 2011). 
In the marine environment, organisms can be exposed to both essential and non-essential 
metals from the surrounding water, sediment and food. The uptake of metals occurs via water 
in the dissolved phase and via sediments and food in the particulate phase, both of which can 
cause lethal effects (e.g. Goulet et al., 2007; Erickson et al., 2011). Waterborne exposure to 
metals is mainly through the gill of aquatic organisms (e.g. Playle, 2004). The gill is involved 
in important biological functions such feeding, respiration, ion regulation and excretion in 
aquatic organisms (Wood, 2001). Exposure to metal contaminants in the water can disrupt 
any of these biological functions. However, waterborne metal toxicity effects are not strictly 
influenced by the total concentration of a particular metal present within the environment. 
The bioavailability and toxicity of metals is dependent on the speciation of the metal. 
Water chemistry has a major influence on metal speciation (Allen, 1993). Factors such as 
temperature, salinity, pH and dissolved organic matter (DOM) can affect speciation and 
toxicity of metals (Di Toro et al., 2001). For example, presence of DOM or an increase in pH 
decreases Cu toxicity while high salinity reduces Zn toxicity in aquatic organisms (Rogevich 
et al., 2008; Sánchez-Marín et al., 2010; Loro et al., 2012). Free ionic concentrations of 
metals in seawater are lowered by complexation and precipitation (Di Toro et al., 2005). Thus 
metal speciation influences bioavailability and consequently the toxicity of metals. 
Bioavailability can be defined as the metal fraction that is available in free form for 
absorption by the organism and which has the potential to induce toxicity in aquatic 
organisms (Di Toro et al., 2005). The bioavailable metals present in the free ionic form in the 
dissolved phase bind and interact with the sites of toxic action (e.g. gill in fish; Wood, 2001). 
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However, the physicochemical properties of metals and the physiology of the organism both 
influence metal uptake, distribution, tissue accumulation, and excretion (Phillips and 
Rainbow, 1993). 
Aquatic organisms also have different handling strategies for essential and non-essential 
metals (Rainbow, 2002). For example, subcellular and tissue distributions of Cd, Zn and Cu 
differed in unionid bivalves exposed to these metals (Bonneris et al., 2005). Aquatic 
organisms have the ability to detoxify and/or eliminate metals to prevent the onset of toxic 
effects. However, when metal uptake and accumulation exceeds detoxification or elimination 
rate it results in toxicity (Rainbow, 2007). In such cases, organisms are unable to overcome 
metal stress, eventually leading to mortality (e.g. Cooper et al., 2013). Exposure to low 
concentrations of metals can also lead to cellular and metabolic alterations in marine 
organisms that could have a direct impact on their survival (see Sections 1.3.5 and 1.6). 
1.3 Cadmium 
Cd is naturally found in the Earth’s crust, and is also present in air, water and the soil. Cd 
persists in the environment as it cannot be broken down into less toxic forms. However Cd 
can be mobilised between environmental compartments (UNEP, 2010). The only known 
biological function of Cd has been reported in diatoms. Cd has been reported to increase the 
level of carbonic anhydrase activity to enhance growth in these organisms (Lane and Morel, 
2000). Apart from its role in diatoms, Cd is a non-essential metal with no known biological 
functions. Cd represents one of the major aquatic contaminants reported to be toxic to many 
aquatic organisms and also poses a risk to human health (McGeer et al., 2011; Storelli, 2011). 
This justifies the inclusion of Cd on the list of priority pollutants and most hazardous 
substances (ATSDR, 2012). 
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1.3.1 Sources of cadmium 
The average concentration of Cd in the Earth’s crust has been reported to be between 0.1- 0.2 
mg kg
-1
. Natural processes such as leaching of Cd from sediment and soil, weathering of 
rocks, volcanoes, sea upwelling, wind-blown dust and storm-water runoff release Cd into the 
aquatic environment (WHO, 1992; Pinot et al., 2000). Cd is an important component used in 
the manufacture of plasticisers, nickel batteries, alloys, metal coatings, pigment production, 
cement and fertilisers used in industries and agricultural activities (Thornton, 1995). The 
major anthropogenic sources that contribute towards Cd contamination are industrial, mining 
and agricultural activities (ASTDR, 2012). For example, the use of Cd-rich phosphatic 
fertilisers on agricultural lands is one of the primary sources of Cd contamination in Europe 
(Pan et al., 2010; see Section 1.7). The UNEP (2008) reported that an estimated input of 
15,000 tonnes of Cd arising from both natural and anthropogenic atmospheric emissions 
enters into the aquatic environment annually. However the majority of the global release of 
Cd arises from anthropogenic sources, with the ratio between anthropogenic and natural 
sources estimated to be 7:1 (Abel, 1996). 
1.3.2 Cadmium concentrations in the coastal environment 
Cd concentrations present in the dissolved phase in open ocean waters ranges between 0.001-
1 nmol kg
-1 
(Sigel et al., 2012). However, the concentrations could increase in coastal waters 
ranging between 0.2 - 0.9 nmol kg
-1
 (WHO, 1992; Sigel et al., 2012). The level of Cd bound 
to particulate matter is significantly lower than the dissolved concentration with values 
reaching 0.00004 - 0.004 nmol kg
-1 
(Sigel et al., 2012). In pristine marine sediments, Cd 
concentrations have been reported to be less than 1 mg kg
-1
 (Sadiq, 1992; Nordberg et al., 
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2007). The Cd concentrations measured in seawater and sediment from different 
uncontaminated and contaminated regions is tabulated below (Table 1.1). 
Table 1.1 Cadmium concentrations in seawater and sediment from different regions 
Seawater/ 
sediment 
Region Concentration  
of Cd  
Source 
Coastal waters Atlantic ~0.3  Sigel et al., 2012 
Coastal waters Indian ~0.6 - 0.7  “ 
Coastal waters Southern ~0.6 - 0.7  “ 
Coastal waters Pacific ~0.8 - 1.0  “ 
Coastal waters Sub-Antarctic 0.008 - 0.051  Ellwood, 2004 
Coastal waters New Zealand (Foveaux Strait) 0.02 - 0.59 Frew and Hunter, 1995 
Coastal waters New Zealand (Otago Peninsula) 0.090 - 0.219 Croot and Hunter, 1998 
Marine sediments Atlantic and Pacific 0.1 - 1.0  Thornton et al., 1992 
Marine sediments Italy (Augusta Harbour)  0.12 - 2.98  Romano et al., 2013 
Marine sediments North Sea (Elbe Estuary) 0.1 - 4.0  Wetzel et al., 2013 
Marine sediments Malaysia (Port Klang, Selangor)  0.14 - 2.10  Tavakoly Sany et al., 2013 
Marine sediments Germany (Jade Bay) 0.25 - 0.31  Beck et al., 2013 
Marine sediments Baltic Sea 0.19 - 1.96  Dabrowska et al., 2013 
Marine sediments Mexico (Santa Rosalía Harbour) 1.90 - 6.30  Shumilin et al., 2013 
Marine sediments Spain (Portmán) 0.322 - 0.873  Martínez-Gómez et al., 2012 
Cadmium concentrations in seawater are expressed in nmol kg
-1 
and sediment concentrations 
are expressed in µg g
-1 
dry weight. 
1.3.3 Regulatory guidelines for cadmium  
Australia and New Zealand have set low and high interim guideline values referred as the 
“trigger values” as part of water and sediment quality guidelines. These interim guideline 
values are derived from metal toxicity databases by ANZECC & ARMCANZ (2000). The 
ANZECC water quality guideline trigger values for Cd are presented in Table 1.2. The low 
and high Interim Sediment Quality Guideline (ISQG) trigger values for Cd in sediments are 
set at 1.5 and 10 mg Cd kg
-1 
(ANZECC & ARMCANZ, 2000). In sediments and water, the 
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ISQG-Low value represents the level below which adverse effects are very unlikely while the 
ISQG-High value reflects a level at which adverse effects are expected in half of the exposed 
organisms (Simpson et al., 2005). 
Table 1.2 Trigger values for cadmium (µg L
-1
) at alternative levels of species protection 
(Australian and New Zealand Water Quality Guidelines). 
Trigger values for Cd  Level of protection (% species) 
  99% 95% 90% 80% 
Freshwater 0.06 0.2 0.4 0.8 
Marine 0.7 5.5 14 36 
Values issued by ANZECC & ARMCANZ (2000) 
1.3.4 Sensitivity to cadmium exposure 
Cd is absorbed more readily by aquatic organisms when present in its free ionic form (Cd
2+
) 
(Di Toro et al., 2001). The levels of Cd toxicity observed in aquatic organisms can be related 
to the site-specific water constituents present in the environment. For example, water 
hardness (calcium concentrations), pH and presence of DOM have been reported to influence 
Cd toxicity in aquatic organisms (e.g. Penttinen et al., 2011). The 96 h acute median lethal 
concentration (LC50) toxicity values of some of the most commonly used freshwater and 
marine bioindicator species are presented in Table 1.3. The US EPA (2001) has reported 
acute LC50 values of 0.5 - 73500 µg L
-1
 among freshwater fish species alone. The differences 
in acute LC50 values for Cd are related to the age and size of the organisms tested; tolerance 
to Cd was observed with an increase in the size of the organism (US EPA, 2001). Water 
chemistry factors such as hardness and alkalinity used in different laboratory settings could 
also influence Cd toxicity responses. 
Table 1.3 Cadmium LC50 values for different freshwater and marine organisms  
Habitat Species Common name Species name Exposure 
duration  
Chemical LC50 
values  
(µg L
-1
) 
Reference 
Freshwater Cladoceran Water flea
a 
 Daphnia magna 48 h Cadmium chloride 80 Allen et al., 1995 
Freshwater Fish Guppy Poecilia reticulate 48 h Cadmium nitrate 41900 Slooff et al, 1983 
Marine Bivalve Blue mussel Mytilus edulis 96 h Cadmium chloride 25000 Eisler, 1971 
Freshwater Crustacean Amphipod Gammarus pseudolimnaeus 96 h Cadmium chloride 54.4 Spehar and Carlson, 1984 
Freshwater Fish Tilapia
b
  Oreochromis mossambicus 96 h Cadmium chloride 21.4 Chang et al., 1998 
Freshwater Fish Rainbow trout Oncorhynchus mykiss 96 h Cadmium chloride 6.2 Kumada et al., 1980 
Freshwater Fish Fathead minnow Pimephales promelas 96 h Cadmium chloride 135 Spehar, 1982 
Marine Fish Sheepshead minnow Cyprinodon variegates 96 h Cadmium chloride 1230 Hutchinson et al., 1994 
Marine Bivalve Clam Macoma balthica 144 h Cadmium chloride 1710 McLeese and Ray, 1986 
Marine Crustacean Grass shrimp Palaemonetes pugio 6 d Cadmium chloride 300 Middaugh and Floyd, 1978 
Marine Crustacean Blue crab Callinectes sapidus 7 d Cadmium nitrate 50 Rosenberg and Costlow, 1976 
Marine Bivalve Pacific oyster Crassostrea gigas 23 d Cadmium chloride 50 Watling, 1983 
Exposure duration presented as h - hours; d - days 
Age of the organism – a - 14 d; b - 72 h 
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1.3.5 Cadmium toxicity and its effects  
Cd has been reported to induce several toxic effects at the molecular, cellular, and 
physiological levels in aquatic organisms (McGeer et al., 2011). Although high Cd 
concentrations can lead to acute toxicity, adverse effects on physiological, cellular and 
behavioural processes are also observed at low, environmentally realistic concentrations (e.g. 
Williams and Gallagher, 2013). 
1.3.5.1 Ion regulation 
Cd acts as a calcium analogue and inhibits Ca
2+
 uptake by interfering with Ca
2+-
ATPase (e.g. 
Hollis et al., 2000). Cd is known to enter cells through calcium channels, compete for 
calcium binding sites of the mitochondria-rich chloride cells in the gill and intestine of fish 
(Verbost et al., 1989; Schoenmakers et al., 1992; Klinck and Wood, 2011). For example, 
Baldisserotto et al. (2005) found that the presence of elevated levels of waterborne and 
dietary Cd interfered with Ca
2+
 uptake in Cd-exposed rainbow trout. When the Ca pathway is 
disrupted, it leads to hypocalcaemia and skeletal deformities in fish (e.g. tilapia, Oreochromis 
mossambicus, Wong and Wong, 2000). Competition by Cd for basolateral entry into cells 
also results in the inhibition of the Na
+
/Ca
2+
 exchanger (Verbost et al., 1989; Niyogi and 
Wood, 2004). 
Cd-induced decrease in Na
+
, K
+
-ATPase activity was reported in the European eel, Anguilla 
anguilla (Lionetto et al., 2000). The decrease in Na
+
, K
+
-ATPase activity was attributed to Cd 
binding to the sulfhydryl group in the catalytic active site of this enzyme (Lionetto et al., 
2000). Disruption of Na
+
, K
+
-ATPase activity can lead to changes in processes such as 
epithelial ion transport, Na
+
 dependent absorption of nutrients, electrolyte and acid-base 
balance that could prove to be fatal (McGeer et al., 2000). 
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1.3.5.2 Oxidative stress 
Cd can induce the formation of ROS, and generate oxidative stress in aquatic organisms (e.g. 
Almeida et al., 2002). The different mechanisms by which Cd induces ROS production 
include displacement of Fe
2+
 ions which in turn can induce Fenton-type reactions; inhibition 
of antioxidant enzyme defence and depletion of sulfhydryl binding sites (Stohs and Bagchi, 
1995). The formation of ROS induced by Cd is neutralised by increased antioxidant enzyme 
activity (e.g. Firat et al., 2009). However, when an imbalance between pro-oxidant and anti-
oxidant levels occurs, ROS interact with lipids causing lipid peroxidation (e.g. Banakou and 
Dailianis, 2010; see Section 1.6.3.2). The oxidative stress induced as a result of lipid 
peroxidation can lead to DNA damage (e.g. Regoli et al., 2004). 
1.3.5.3 Mitochondrial dysfunction 
Mitochondria are the cell organelles involved in ATP production and maintenance of Ca 
balance within cells (Brookes et al., 2004). Non-specific binding of Cd to enzymes/proteins 
affects mitochondrial electron transport functions, leading to proton leaks and reduction in 
ATP synthesis (Sokolova, 2004). Cd can substitute essential cations such as Zn
2+
 and Cu
2+
, 
which serve as co-factors in a number of enzymes (e.g. cytochrome C oxidase; Salviati et al., 
2002). Mitochondrial enzymes such as citrate synthase and NADP-dependent isocitrate 
dehydrogenase are involved in the Krebs cycle (Nelson and Cox, 2004). Cd has high affinity 
towards the sulfhydryl groups present in these enzymes that are involved in maintaining the 
redox balance. Interference of Cd with the activity of these enzymes has been reported in the 
oyster, Crassostrea virginica (Kil et al., 2006; Ivanina et al., 2008). Consequently, Cd causes 
mitochondrial dysfunction which could result in major disturbances in tissue energy balance 
and can eventually cause cell death (Sokolova, 2004). 
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1.3.5.4 Immune functions 
Mitochondrial damage and oxidative stress induced by Cd exposure can also lead to 
alterations in the immune response of aquatic organisms. Decrease in viability of haemocytes, 
decrease in total haemocyte cell count, alterations to phagocytic capacity and enzyme activity 
in haemocytes were reported in the marine gastropod Haliotis tuberculata and freshwater 
crab Sinopotamon henanense exposed to Cd (Latire et al., 2012; Qin et al., 2012). Gomez-
Mendikute and Cajaraville (2003) reported Cd-induced damage to actin and cytoskeleton 
structure in the haemocytes of mussels, Mytilus galloprovincialis. 
Stimulation of apoptosis in aquatic organisms is also known to be an important immunotoxic 
response to Cd exposure. Cd disrupts cell membrane leading to destabilisation of intracellular 
organelles (e.g. lysosomes) (Stohs et al., 2001). This causes tissue injury and cell death in the 
form of necrosis and apoptosis. The induction of apoptosis and genotoxicity due to Cd-
induced oxidative stress has been reported in aquatic organisms (e.g. Risso-de Faverney et 
al., 2004; see Section 1.3.5.2). 
1.3.5.5 Histopathology 
Exposure to Cd can lead to morphological alterations in the gill and digestive gland structure. 
Hyperplasia and hypertrophy of gill lamellae, lifting of lamellar epithelium and degeneration 
of pavement cells has been reported in the gill of the teleost fish, Thalassoma pavo L. 
exposed to Cd (Brunelli et al., 2011). Alterations to gill epithelia can lead to disruption of ion 
regulation and cause depletion of oxygen (Wood, 2011; see Section 1.2). Several cellular 
alterations have been reported in the liver of fish species such as the white bass, Lates 
calcarifer and the European seabass, Dicentrarchus labrax (L.) exposed to Cd (Thophon et 
al., 2003; Giari et al., 2007). The alterations include an increase in lysosomes and 
autophagolysosomes causing cell injury; dilatation of the endoplasmic reticulum leading to 
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degeneration of metabolic processes; damage to mitochondria resulting in changes in the 
osmotic balance within cells and vacuolation associated with energy depletion (e.g. Hinton 
and Laurén, 1990; Braunbeck, 1998). Najle et al. (2000) reported the occurrence of 
vacuolisation of basophilic cells, autolysis and loss of basophilia damaging the structure of 
digestive gland of the Antarctic limpet, Nacella concinna exposed to Cd. These structural 
alterations to the digestive epithelium could impact the digestion, absorption of nutrients and 
affect hepatocellular homeostasis in Cd-exposed organisms (Giari et al., 2007). 
1.3.5.6 Reproductive toxicity 
Cd causes reproductive disorders by disrupting endocrine functions in bivalves and fish 
species (e.g. Vetillard and Bailhache, 2004). Gametogenesis is affected when Cd disrupts 
metabolism of steroid enzymes such as progesterone, testosterone and estradiol-17β (e.g. 
clams, Ruditapes decussatus, Ketata et al., 2007). Cd is also known to affect the 
hypothalamus-pituitary-gonadal axis and affect steroid levels in the Japanese medaka, 
Oryzias latipes (Tilton et al., 2003). Inhibition of oocyte maturation, spermatogenesis, sperm 
motility, embryo-larval development and hatching of eggs are effects of Cd-induced 
reproductive toxicity reported in different aquatic organisms (e.g. Sen and Sunlu, 2007; 
Lizardo-Daudt and Kennedy, 2008; Dietrich et al., 2010). 
1.3.5.7 Neurotoxicity and behavioural changes 
Cd affects signal transduction and chemoreception mechanisms, processes that rely on Ca
2+
 
ions for proper functioning. The underlying mechanism of Cd-induced behavioural changes is 
based on the antagonist effects of Cd on the Ca
2+
-ATPase pump (see Section 1.3.5.1). Cd 
blocks the Ca
2+
-ATPase pump present in the basolateral neuromast cells of fish, leading to 
degeneration of sensory and mechanoreceptor functions (Faucher et al., 2008). This could 
affect sensory functions (Baker and Montgomery, 2001; Wang and Gallagher, 2013) 
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affecting the escape behaviour (Faucher et al., 2008) and social interactions in fish (Sloman et 
al., 2003). Exposure to Cd has also been reported to affect locomotor activity (Felten et al., 
2008) and reduce growth and survival (Liu et al., 2011). 
1.3.5.8 Energy, metabolism and growth 
Exposure to Cd can affect the bioenergetics and growth of aquatic organisms, eventually 
leading to challenges in the survival. Cd is known to induce metabolic alterations similar to 
those experienced during starvation, such as inhibition of energy yielding mechanisms 
(Almeida et al., 2001). Exposure to sublethal concentrations of Cd resulted in reduced 
glycolysis and protein levels in juvenile Nile tilapia, Oreochromis niloticus (Almeida et al., 
2001). In addition, exposure to a toxic metal such as Cd involves the induction of 
detoxification and defence mechanisms. The onset of protective mechanisms would 
significantly alter the energy demand of these organisms thereby affecting their growth. 
Physiological and metabolic alterations associated with Cd exposure resulted in the depletion 
of glycogen and protein resources in fish and invertebrates (e.g. Cattani et al., 1996; 
Moolman et al., 2007). Inhibition of physiological processes can eventually affect the overall 
fitness and growth of Cd-exposed organisms (e.g. Rose et al., 2006). Manyin and Rowe 
(2009) reported that Cd induced metabolic depression and also affected growth rate in the 
grass shrimp, Palaemonetes pugio. Studies indicate that exposure to Cd and its accumulation 
could lead to “extra” energy costs that would affect the metabolism, growth and survival of 
aquatic organisms. 
1.3.5.9 Detoxification mechanism 
Metallothioneins (MT) are cysteine-rich, low molecular weight (~6-7 kDa), heat-stable 
cytosolic metal-binding proteins (Roesijadi, 1992). These proteins are involved in the 
maintenance of homeostasis and regulation of essential metals such as Cu and Zn (Roesijadi, 
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1992). MT production is induced to detoxify excess amounts of essential ions such as Cu and 
Zn, and toxic metals such as Cd (Amiard et al., 2006). MT is involved in the detoxification of 
Cd and also acts as an oxyradical scavenger protecting against oxidative stress (Amiard et al., 
2006; see Section 1.6.3.1). 
1.3.6 Cadmium food safety levels and effects on humans 
Storelli (2011) reported that humans are exposed to Cd through the diet via consumption of 
seafood, especially intake of shellfish. For example, in China, Cd concentrations in the 
mussel Perna viridis ranged between 0.68 - 1.25 µg g
-1 
dry weight Cd (Yap et al., 2004a) and 
0.3 - 1.5 µg g
-1 
dry weight Cd (Ng and Wang, 2005a). Bendell (2009) reported Cd 
concentrations of 0.35 to 4 µg g
-1 
wet weight
 
in mussels of Mytilus species from the Pacific 
Northwest coast of Canada while average concentrations of Cd reported in the soft tissues of 
mussel, Mytilus californicanus ranged between 0.61 - 6.3 µg g
-1 
dry weight in Mexico 
(Muñoz-Barbosa et al, 2000). These reports indicate that Cd concentrations in shellfish vary 
between different mussel species due to differences in uptake and elimination processes. The 
maximum concentration of Cd intake through the diet set by FSANZ (Food Standards 
Australia New Zealand) is 2 μg g-1 excluding dredge oysters and queen scallops (FSANZ, 
2002). The FSANZ provisional tolerable weekly intake level for Cd has been set at 7 μg/kg 
bw/week (NZTDS, 2009). 
The major effects of Cd toxicity in humans include liver damage, renal injury, osteoporosis 
and reproductive disorders (Alfven et al., 2009; Järup and Åkesson, 2009). In addition, Cd 
can also cause neurotoxic and carcinogenic effects (IARC, 1993). Chronic Cd poisoning in 
humans caused Itai-itai disease in people from Toyama Prefecture in Japan. Oral ingestion of 
Cd-contaminated rice led to bone injury that resulted in skeletal deformities, osteomalacia 
and renal dysfunction in affected individuals (Ishihara et al., 2001; Inanba et al., 2005). 
  
16 
1.4 Environmental monitoring 
Chemical analyses of water and sediment samples from the environment do not provide 
information on the bioavailable fraction of metals present in the environment. The 
bioavailable fraction of the metal is responsible for inducing toxic effects in aquatic 
organisms. Biomonitoring coastal ecosystems using a bioindicator species can provide an 
integrated assessment of temporal variability of the metal levels in the environment (e.g. 
Solaun et al., 2013). There are two commonly used biomonitoring strategies by which metal 
levels in the environment can be assessed (Luoma and Rainbow, 2008). The passive method 
is followed when an indigenous species is used for understanding accumulation and toxicity 
responses. The active strategy involves using a species from a reference site and transplanting 
it to a contaminated site. Caging methods offer a single population of mussels without genetic 
bias that can be used in regions where indigenous mussels are scare or absent. For example, 
Marigómez et al. (2013) highlighted the use of caging mussels, Mytilus galloprovincialis, for 
biomonitoring several contaminant levels in the environment. They recommended that the 
approach of biomarker application on both native and caged mussels at the same site can help 
in the assessment of both short- and long-term pollution status of the environment. 
The investigation of bioaccumulation levels and estimation of total metal concentration in the 
tissues and the environment does not provide adequate information about toxicity effects in 
organisms. Instead it is the “metabolically available” fraction of metal that is neither 
detoxified nor eliminated that is directly associated with induction of toxic responses in 
organisms (e.g. Rainbow and Luoma, 2011). The biodynamic modelling approach takes into 
account metal bioaccumulation as well as its relationship with associated metal toxicity 
effects thus providing a comprehensive understanding of metal effects in organisms 
(Bourgeault et al., 2011). The key aspect of the biodynamic approach is the incorporation of 
environmental metal concentrations together with the measurement of parameters such as 
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uptake of metals via water and diet, elimination of metals and biological response such as 
growth rate in the organism. Luoma and Rainbow (2005) have reported the application and 
usefulness of the biodynamic model by extrapolating metal concentration data from a variety 
of freshwater and marine organisms. 
1.5 Bioindicators 
McCarty et al. (2002) defined a bioindicator as “a quantifiable characteristic of biochemical, 
physiological, toxicological or ecological process or function that has been correlated or 
causally linked to effects at one or more of the organism, population, community or 
ecosystem levels of organization”. Additionally, indicators can be used as a sign that can 
relay a complex message in a simplified and useful manner providing insights about a trend 
or event that cannot be directly observed (Linton and Warner, 2003). Some of the criteria 
used for selecting a bioindicator species taken from Boening (1999) are presented in Table 
1.4. 
Table 1.4 Characteristics of a bioindicator species (Boening, 1999) 
reflect the health status of the habitat 
ability to accumulate metals  
exhibit tolerance to metals 
respond when exposed to metals 
sedentary in nature 
long life-span 
ease of identification and sampling  
relative abundance and availability during all seasons throughout the year 
ability to withstand handling and maintenance under laboratory conditions 
sufficient availability of tissue samples for chemical analysis 
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Table 1.5 Mussel species used in different regions for trace metal contamination and 
biomonitoring purposes.  
Mussel species Region Reference 
Mytilus edulis Canada Fraser et al., 2011 
China Fung et al., 2004 
Japan Szefer et al., 1999 
Russia Szefer et al., 2006 
USA O’Connor and Lauenstein, 2006 
Mytilus galloprovincialis Italy Nesto et al., 2007 
Greece Tsangaris et al., 2011 
Korea Szefer et al., 2004 
Romania Romèo et al., 2005 
Spain Besada et al., 2008 
Western Mediterranean Deudero et al., 2009 
Mytilus edulis aotenus New Zealand Anderlini, 1992 
Mytilus edulis chilensis Argentina Duarte et al., 2011 
Mytilus edulis planulatus Australia Richardson et al., 1994 
Mytilus edulis trossulus Canada Burger and Gochfeld, 2006 
Mytilus trossulus Finland Turja et al., 2013 
Poland  Szefer et al., 2006 
Sweden Szefer et al., 2006 
Mytilus smaragdinus Taiwan Jeng et al., 2000 
Mytilus californianus USA O’Connor and Lauenstein, 2006 
Perna viridis Malaysia Yap et al., 2004a 
Hong Kong Liu and Kueh, 2005 
China Fung et al., 2004 
India Vasanthi et al., 2012 
Thailand Sukasem and Tabucanon, 1993 
Perna perna Africa Sidoumou et al., 2006 
Brazil Sáenz et al., 2010 
Yemen Szefer et al., 2006 
Perna canaliculus New Zealand Anderlini, 1992 
Modiolus barbatus Greece Katsikatsou et al., 2011 
Mytella guyanensis Brazil Szefer et al., 2006 
Mytella strigata Mexico Szefer et al., 2006 
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1.5.1 Bivalves as bioindicators 
Bivalve molluscs are useful as indicator organisms to assess metal pollution in the aquatic 
environment (e.g. Szefer et al., 2006). The characteristic features of mussels such as their 
sedentary nature, filter-feeding behaviour, wide distribution, abundance in coastal and 
estuarine areas, and ability to accumulate several classes of contaminants, make them an ideal 
bioindicator species (e.g. Roméo et al., 2005). Goldberg (1975) used mussels to assess the 
levels of contaminants in coastal environments. Since then, several countries have used 
different mussel species for coastal biomonitoring as shown in Table 1.5. Mussels have 
routinely been used in long-term international and national coastal biomonitoring 
programmes (e.g. UNEP MED POL, Mussel Watch) to assess the level of contaminants. 
1.6 Biomarkers 
Many marine organisms show signs of stress when they are exposed to trace metals. 
Organisms exhibit their stress response through different mechanisms. The responses can be 
measured and are referred as biomarkers. Biomarkers can be defined as any molecular, 
biochemical, physiological or behavioural changes that can be measured in the cell, tissue, 
body fluid or at the whole organism level (Depledge et al., 1995). 
1.6.1 Classification of biomarkers  
Biomarkers can be broadly divided into three classes. The “biomarkers of exposure” reflect 
the responses that indicate the presence of pollutants while “biomarkers of effect” indicate 
the magnitude of the organism’s response to presence of pollutants (McCarthy & Shugart 
1990). “Biomarkers of susceptibility” are the natural characteristics of the organism to 
respond to a specific agent that alters the susceptibility of the organism to that exposure 
(WHO, 1993). 
  
20 
1.6.2 Physiological biomarkers 
Physiological responses such as feeding, oxygen consumption and cardiac activity can be 
integrated to assess the effects of pollutants on the overall physiological status of an organism 
(Widdows and Staff, 2006). Physiological measurements along with scope for growth (SFG) 
have been found to be cost-effective, highly sensitive and easy to perform (Widdows et al., 
1995). SFG integrates physiological measurements representing energy gain and energy loss 
to evaluate the cost of maintenance functions, and the amount of ‘excess’ energy that may be 
applied to processes such as growth and reproduction (Widdows et al., 1995). Physiological 
biomarkers are relevant at the population and community level and thus considered to be 
ecologically significant (Widdows and Donkin, 1992). SFG and other physiological 
biomarkers are used successfully for biomonitoring purposes (e.g. Widdows et al., 2002). 
Both physiological biomarkers and SFG have been used to assess the effects of 
environmental stress related to polluted harbours in the mussel, Mytilus edulis (Honkoop et 
al., 2003). 
1.6.3 Biochemical biomarkers 
Exposure to metals can cause various cellular and biochemical changes in aquatic organisms. 
Several assays have been developed to measure the biochemical changes associated with 
metal exposure in aquatic organisms that can be used for biomonitoring purposes (Walker, 
1995; see Section 1.3.5). 
1.6.3.1 Metallothionein production 
MT induction in organisms exposed to metals indicates the ability of the organism to prevent 
binding of metals to sensitive sites of action. The sequestration of metals by MT prevents any 
“spillover” effects and lessens the toxicity related to metal exposure in exposed organisms 
(Viarengo and Nott, 1993, see Section 1.3.6). MT production in aquatic organisms exposed to 
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metals has been one of the most widely used biomarkers of exposure (Amiard et al., 2006). 
Several studies have proved that exposure to metals such as Cd, Hg, Cu and Zn can induce 
MT production in aquatic organisms (Bebianno and Serafim, 1998; Wu and Chen, 2005). 
1.6.3.2  Oxidative stress – Antioxidant enzymes and lipid peroxidation 
ROS is produced as a result of the oxidative metabolism of cells. Several metals have been 
found to induce ROS production through redox cycling and Fenton-type reactions. ROS 
production occurs when metals act directly on cellular processes or indirectly by inhibiting 
cellular scavenging mechanisms or by affecting biotransformation processes (Livingstone, 
2001; see Section 1.3.5.2). Aquatic organisms have antioxidant defence mechanisms that can 
protect against ROS effects (Valavanidis et al., 2006). The antioxidant defence systems 
comprising of both enzymatic and non-enzymatic mechanisms (glutathione, ascorbate, 
vitamin C, β-carotene) have scavenging potential against the formation of ROS (Cajaraville 
et al., 2000). Catalase, superoxide dismutase, glutathione-S-transferase, glutathione 
peroxidase, glutathione reductase are anti-oxidant enzymes that protect the cells by 
neutralising the production of ROS to maintain the redox status of cells. When production of 
ROS exceeds the organism’s scavenging potential, oxidative stress in the form of DNA 
damage, lipid peroxidation, disruption of membrane permeability and damage to proteins can 
occur (Regoli et al., 2004; see Section 1.3.5.2). The effects of oxidative stress in cells would 
consequently lead to cell death, tissue injury, aging and related degenerative effects (e.g. 
Mitchelmore et al., 1998). 
The status of oxidative stress in an organism can be assessed by measuring malondialdehyde 
(MDA) production. Lipid peroxidation occurs when MDA is formed by oxidation of 
phospholipids. The use of lipid peroxidation as a biomarker for measurement of oxidative 
stress has been well established (e.g. Valavanidis et al., 2006). Measurement of antioxidant 
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enzymes and lipid peroxidation has been used as biomarkers to assess metal pollution 
impacts in mussels (e.g. Mytilus galloprovincialis, Vlahogianni et al., 2007) and in fish (e.g. 
Solea senegalensis, Oliva et al., 2012). Antioxidant enzymes and lipid peroxidation represent 
biomarkers of exposure and damage, both of which reflect stress-related effects in aquatic 
organisms. 
1.6.3.3 Energy index – carbohydrate, protein, lipid 
Metal-induced stress in bivalves can lead to a reduction in energy availability and subsequent 
reliance on energy resources such as glycogen, lipid and protein stores (Smolders et al., 
2004). Aquatic organisms are known to utilise their energy reserves in order to maintain 
physiological integrity during stress (see Section 1.3.5.8). Exposure to metals causes high 
metabolic demand in aquatic organisms. The use of additional energy for detoxification 
processes can affect the energy cycle in metal-exposed organisms (see Section 1.3.5.9). For 
example, glycogen levels in freshwater mussel, Lamellidens corrianus have been reported to 
decrease on exposure to metals such as Cd, Hg and Cu (Rajelakshmi and Mohandas, 1993). 
Bivalves are known to utilise protein and lipid reserves for energy after depletion of glycogen 
(e.g. Camacho et al., 2003). Energy reserves as biomarkers provide information on the effects 
of metal exposure, before adverse effects are manifested (e.g. Smolders et al., 2005). 
1.6.4 Immunotoxic biomarkers 
The primary function of immune cells (i.e. the haemocytes) is to protect the organism against 
pathogens and parasitic infections (Wooton and Pipe, 2003). Haemocytes are responsible for 
maintenance of homeostasis, cellular defence via phagocytosis and ROS production and 
transport of nutrients (e.g. Cima et al, 2000). The immune cells of bivalves and fish have 
been used to investigate the effects of environmental contaminants under both laboratory and 
field conditions (Galloway and Depledge, 2001). Measurements of haemocyte viability, 
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phagocytic index, total and differential cell count, ROS production and enzyme activity in 
haemocytes are important immunotoxic biomarkers in aquatic organisms (e.g. Dyrynda et al., 
1998). Both in vitro and in vivo studies in aquatic organisms have reported alterations in 
immune functions when exposed to environmental contaminants (e.g. Sauve et al., 2002; 
Duchemin et al., 2008; see Section 1.3.5.4). Immunomodulation in organisms exposed to 
environmental contaminants could render them susceptible to infection and rapid onset of 
diseases (e.g. Liao et al., 2006). Thus immunotoxic biomarkers are considered to have 
ecological importance. 
1.6.5 Genotoxic biomarkers 
Another class of biomarkers that are ecologically relevant are the genotoxic biomarkers. A 
range of contaminants including Hg, Cd, As, PAHs, PCBs present in the aquatic environment 
are genotoxic in nature (e.g. Baršiene et al., 2013). Exposure to genotoxicants can cause 
DNA mutations and chromosomal aberrations that can alter the genetic makeup of the 
exposed population (van der Oost et al., 2003). Two assays, namely the micronucleus test and 
the comet assay, have been used to assess the effects of genotoxic substances under both 
laboratory and field conditions (Russo et al., 2004; Boettcher et al., 2010). The micronucleus 
test identifies the formation of chromosomal breakage caused by exposure to environmental 
contaminants which have a clastogenic effect. Exposure to metals such as Cd, Cu, Cr and Hg 
are known to induce the formation of micro- and bi-nuclei in the gill and liver cells of several 
fish species (Cavas et al., 2005; Porto et al., 2007). Nuclear aberrations in cells such as the 
formation of eight-shaped cells, binuclei, and fragmented apoptotic cells act as an index of 
cytogenetic damage (Bolognesi et al., 1996). The micronucleus test is simple and easy to 
perform but is time consuming and is dependent on the skills of the individual scoring the 
cells (Bolognesi and Hayashi, 2011). 
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The comet assay is complementary to the micronucleus test and is used to assess single 
strand, double strand DNA breaks, alkali-labile sites, DNA-DNA and DNA-protein cross 
links within a cell (Singh et al., 1988). The comet assay can be performed using a small 
sample size, and helps to detect DNA damage at the single cell level caused by exposure to 
very low levels of genotoxicants (e.g. Jha et al., 2005). These features make the comet assay 
an ideal tool to examine the “early” response to toxicity (e.g. Mosesso et al., 2012).  
1.7 The New Zealand perspective – metals and bioindicators 
This thesis will focus on Cd which is a metal of particular importance in NZ coastal regions. 
In NZ, the major sources of Cd entering into coastal areas are land-based including 
agricultural runoff, sewage and stormwater runoff. Extensive use of phosphatic fertilisers in 
farmlands and horticultural lands is considered to be one of the main sources of Cd (Taylor, 
1997; Taylor and Percival, 2001). The phosphate fertilisers used in NZ have been produced 
from phosphate rocks containing ~450 mg kg
-1
 Cd, originating from Nauru, an island in the 
South Pacific Ocean (Taylor, 1997; McDowell et al., 2013). Stormwater runoff associated 
with galvanised roofing is also a source of Cd input into coastal areas with Cd concentrations 
often exceeding environmental water quality criteria (Kim and Fergusson, 1993). Effluents 
from mining activities in NZ may also generate waterborne Cd levels as high as 800 µg L
-1 
(Craw et al., 2005). The level of Cd along coastal regions in NZ has to be monitored, as any 
additional Cd in the environment could cause several harmful effects in aquatic organisms. It 
would be useful to identify suitable biomarkers and an endemic species that can be employed 
for coastal metal biomonitoring in NZ. 
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1.8 The green-lipped mussel, Perna canaliculus 
 
Figure 1.1 Green-lipped mussel, Perna canaliculus 
Perna canaliculus is commonly known as the NZ green-lipped mussel (Fig. 1.1). Other local 
names include kuku and kutai. P. canaliculus is an endemic bivalve distributed along the 
rocky intertidal shores extending to depths of 55 m along NZ's coastline (Powell, 1979; 
Gardner, 2000). The mussels are the only farmed species of mussels in NZ  and are known to 
reach a maximum size of about 240 mm. Green-lipped mussels have high cultural and 
economical significance in NZ. The green-lipped mussels are referred by the trademark name 
of New Zealand Greenshell™ mussels and are exported to more than 70 countries around the 
world (New Zealand Aquaculture Farm Facts, 2010). Annual production is over 70,000 tons 
and has been estimated to exceed US $100 M (NZ Government, 2007). The green-lipped 
mussels are known to be a source of essential minerals, vitamins, haem iron, omega-3 fatty 
acids, proteins and lipids (Clark et al., 2009). 
The green-lipped mussel, P. canaliculus belongs to the family Mytilidae and has the basic 
characteristics of a bioindicator species provided in Table 1.4. They are abundant along the 
coastal regions in NZ; available throughout the year; easy to identify, collect and maintain in 
the laboratory and have a relatively long life-span. In addition, preliminary screening studies 
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(unpublished data) indicated that P. canaliculus was the most sensitive of a number of 
endemic bivalves (little neck clam, Austrovenus stuchburyi; tuatua, Paphies donacina; pipi, 
Paphies australis) to metals such as Cd, Cu and Zn. These characteristics favoured the 
selection of the green-lipped mussels as a potential candidate as bioindicator species for 
biomonitoring purposes in NZ. 
1.9 Objectives 
The two main objectives of this thesis are to (a) investigate the toxic effects of Cd in green-
lipped mussels using a battery of biomarkers utilising a mechanistic study to understand acute 
and subchronic effects of Cd in mussels exposed under laboratory conditions and (b) a field 
study to assess the suitability of employing green-lipped mussels as a bioindicator species for 
biomonitoring metal contamination in coastal environments. The sediment metal 
concentrations and bioaccumulation of metals in mussels from different sampling regions 
were investigated. 
 
 
Figure 1.2 List of biomarkers and assays used in this study 
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1.10 Synopsis of the thesis  
This thesis is focussed on the application of a suite of biomarkers including physiological, 
biochemical, genotoxic and chemical endpoints to investigate the effects of exposure to 
metals in the green-lipped mussel, P. canaliculus (Fig. 1.2). The biomarkers were tested to 
assess Cd-related toxicity effects in green-lipped mussels under laboratory conditions. 
Furthermore, a field study was conducted to measure metal concentrations in sediment and in 
mussels from different sampling sites to assess the potential of green-lipped mussels as 
bioindicators. 
A detailed description of the collection and maintenance of mussels, the different biomarker 
measurement protocols and metal analysis methods used in this research are presented in 
Chapter 2. Laboratory studies on the effects of Cd exposure in green-lipped mussels are 
presented in Chapters 3, 4 and 5. Chapter 3 focuses on the effects of Cd on the physiology of 
green-lipped mussels. This study highlights the differences in the physiological changes of 
green-lipped mussels influenced by the dose and duration of exposure to Cd under laboratory 
conditions. 
The cellular and biochemical effects of Cd on mussels are presented in Chapter 4. A multi-
biomarker approach was used to understand the differences in how mussels induce 
detoxification mechanisms to maintain homeostasis. In addition, the effects of Cd including 
oxidative stress and energy utilisation processes in Cd-exposed mussels are discussed. 
Chapter 5 presents the immunocytotoxic and cytogenotoxic effects in mussels exposed to Cd. 
This study underlines the damage caused in haemocytes and the gill cells of green-lipped 
mussels exposed to Cd. 
A field study was conducted to assess the feasibility of using green-lipped mussels as 
bioindicators for coastal metal pollution in NZ and the results are discussed in Chapter 6. The 
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field study involved collection of mussels and sediment samples from nine sampling sites 
along coastal regions in the South Island, NZ. 
The importance of transportation protocol and its effects on the physiology of the mussels are 
discussed in Chapter 7. This study investigates the changes in the physiological responses of 
mussels when transported from the field to laboratory conditions using four commonly used 
transportation methods. 
The thesis is summarised and future research ideas are discussed in Chapter 8. The 
implications of this research and its contribution to metal toxicology studies are described. 
This chapter also highlights methodological considerations that can be taken into account for 
future studies. 
 2 General Methodology 
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2.1 Collection and maintenance of mussels 
The procedure described in this section was used for collection and maintenance of mussels 
in Chapters 3-5. Green-lipped mussels (70-90 mm shell length) were collected from the 
rocky intertidal shores of Pigeon Bay (S43° 38.081, E172° 57.156), Banks Peninsula, 
Canterbury, NZ. The mussels were collected in 300 L polypropylene containers filled with 
seawater from the collection site and provided with adequate aeration. They were then 
transported to the aquarium facility at the University of Canterbury, Christchurch on the same 
day. The mussels were cleaned by gently scraping epibionts off their shells before being 
maintained in 800 L tanks with circulating seawater under a 12 L:12 D light cycle at 12°C for 
2 weeks with algal feed. Prior to experimentation, mussels were transferred to a 15°C 
controlled temperature room (12 L:12 D light cycle) and maintained in 60 L tanks, with 
feeding, for one further week. A modified approach was used for mussel collection and 
maintenance in Chapters 6-7 and has been detailed in individual chapters.
 
2.2 Algal culture maintenance 
Green-lipped mussels were fed on a daily diet comprising of a monoculture of Tetraselmis 
chuii, throughout the acclimation period and during both acute and subchronic Cd exposure 
experiments (Chapters 3-5). Media preparation and subculturing was conducted under aseptic 
conditions to avoid bacterial contamination. The algal cultures were grown in filtered 
seawater containing F/2 media. The F/2 media composition included NaNO3, NaH2PO4, trace 
metals and vitamins (Guillard and Ryther 1962; Guillard, 1975, see Appendix 1). The stock 
cultures were maintained in 15 L polypropylene bottles while subculture was maintained in a 
40 L cylindrical polypropylene tank. Constant aeration and 24 h light conditions were 
provided and the algal cultures were kept at room temperature (~15°C). The algae cells were 
maintained in the logarithmic phase by subculturing at regular intervals. The cell 
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concentration was assessed by both algal cell count using a haemocytometer and 
measurement of the algal chlorophyll content using a calibrated fluorometer (Aquafluor
TM
). 
The linear regression between the fluorometer readings and cell counts was used to obtain the 
corresponding algal cell concentration. Preliminary trials showed that an algal cell 
concentration of ~5 x 10
6 
cells ml
-1 
mussel
-1
 did not cause any pseudofaeces production in the 
green-lipped mussels and hence this algal concentration was used in all experiments. 
2.3 Waterborne exposure to cadmium: experimental set-up 
Waterborne exposure of mussels to Cd consisted of acute (96 h) and subchronic (28 d) 
exposure treatments. Both toxicity treatments were carried out as static renewal assays and 
seawater was changed every 48 h. Fresh seawater collected from Lyttelton Harbour was used 
throughout the experiments presented in Chapters 3-5. A cadmium chloride stock solution (1 
g L
-1
 Cd as CdCl2.2½H2O in 2% Ultrapure HNO3 acid) was prepared and appropriate 
volumes of this solution were added to achieve desired concentrations in the exposures. 
Water samples from all treatments were collected at the initiation of the exposure, then before 
and after every water change until the end of the experiment. Seawater samples were 
analysed using the method described in Section 2.7. In Chapters 3-5, to determine exposure 
level, initial and final Cd concentrations within each water change were averaged, and then 
this value was averaged across all water changes within the exposure. The results are 
presented in Table 3.1. This mean value was then averaged across all replicates. Prior to use 
all glassware and polypropylene material was acid-washed using 1% HNO3. All treatment 
containers were continually aerated. 
2.3.1 Acute and subchronic cadmium exposures 
The conditions presented in this section were used for mussels in Chapters 3-5. Acute 96 h 
exposures were performed in 25 L acid-washed polypropylene containers with 10 L of 
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aerated natural seawater, with n = 10 mussels per treatment. Each exposure consisted of a 
control (without added Cd) and six nominal Cd concentrations of 1000, 2000, 4000, 8000, 
16000 and 32000 µg L
-1
. Biomarker responses were measured in mussels from control, 2000, 
and 4000 µg Cd L
-1 
of the acute Cd treatment. These Cd concentrations represent the highest 
doses where no mortality of mussels was observed in the acute 96 h exposure (see Section 
3.2.2). The 28 d subchronic Cd exposure study was conducted in 25 L acid washed 
polypropylene containers with 20 L of aerated natural seawater. Twenty mussels were 
randomly selected and placed into each treatment. There were three exposure treatments: 
control (without Cd), and two Cd concentrations (200 µg L
-1
 and 2000 µg L
-1
), with each 
being replicated six times. The higher level of Cd chosen (2000 µg L
-1
) was equivalent to the 
lowest level of Cd used for biomarker assessment from the acute exposure, while the lower 
value (200 µg L
-1
) was chosen as representing a high environmental exposure scenario (Craw 
et al., 2005; see Section 3.2.3). Throughout the experiment, mussels were fed from a 
monoculture of Tetraselmis chuii once daily (~5 x 10
6 
cells ml
-1
mussel
-1
). 
2.4 Physiological biomarkers 
Physiological biomarkers were measured in mussels in Chapters 3 and 7. All physiological 
measurements were conducted according to the procedures used by Widdows and Staff 
(2006), and where appropriate, were expressed in terms of dry weight of the mussel, using a 
wet weight to dry weight conversion factor (dry weight = (wet weight – 1.18)/29.24; see 
Appendix 2). A modified protocol was used in Chapter 7 and has been detailed in the 
methods section of that chapter. 
All physiological measurements were made on mussels that were then returned back to the 
exposure. For this reason the only weight measurement obtained for these mussels was the 
wet weight (including shell). Preliminary assessments were performed using 30 mussels of 
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size range between 70 and 90 mm (same size range as those used in Cd treatments) where the 
whole body weight, wet weight and dry weight of each mussel was measured. The data were 
used to establish a correlation between weight conversions and was used in the physiological 
calculations. 
2.4.1 Clearance rate 
Clearance rate is the estimation of the volume of water cleared of particles by a mussel in a 
given period of time. Mussels were measured individually in filtered seawater. A series of 
ceramic, cellulose and polypropylene filters were used to remove all particulate matter from 
the seawater. Each mussel was placed in a 5 L polypropylene container filled with 2 L of 
filtered seawater, and after 30 minutes
 
30,000
 
cells ml
-1
 of Tetraselmis chuii was added to the 
container. This algal concentration prevented the production of pseudofaeces (see Section 
2.2). A container without a mussel was used as the blank.  Experiments were conducted at 
15°C with each container provided with constant aeration. The algal cell concentration in 
each container was measured every 15 minutes for 1 h. The decline in algal cell concentration 
was calculated using the equation (modified from Coughlan, 1969): 
CR (L g
-1 
h
-1
) = (V) x (loge C1 − loge C2) 
W/T 
where CR is clearance rate; V is the volume of filtered seawater used (2 L); C1 and C2 are the 
algal cell concentrations at beginning and end of the experiment; W is mussel dry weight (g); 
and T is the time. 
2.4.2 Excretion rate 
At the end of the clearance rate measurements, mussels were transferred into 750 ml glass 
containers filled with 500 ml filtered seawater for the determination of excretion rate. 
Containers were covered with aluminium foil and the mussels were left undisturbed for 1 h at 
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15°C. A blank (container without a mussel) was also maintained. After 1 h a 5 ml aliquot of 
seawater was taken and the excretion rate of the mussels was estimated by analysing 
ammonia concentration using the phenol hypochlorite method (Solórzano, 1969). The rate of 
ammonia production in the mussels was expressed as µg NH4 -N g
-1 
h
-1 
(Widdows, 1985). 
2.4.3 Respiration rate 
The rate of oxygen consumption of individual mussels was measured by closed respirometry. 
Respirometers were filled with oxygen-saturated seawater and were maintained at 15°C using 
a water bath. Oxygen electrodes (Strathkelvin 1302) were fitted to the respirometers to record 
the decline in partial pressure of oxygen (pO2) inside the chamber over a period of 1 h. A 
blank (without mussel) was also maintained. Readings from a Strathkelvin oxygen meter 
(Model 781) were recorded via a PowerLab (ADI instruments, Version 7) data recording 
system. The respiration rate of the mussels was then calculated using the following equation 
(modified from Widdows and Staff, 2006): 
Rate of O2 uptake (μmol O2 g
-1 
h
-1
) = [C (t0) − (C (t1)] x (Vr) × 60 
W/(t1 – t0) 
where t0, t1 = start and finish times (min) of the measurement period; C (t) = concentration of 
oxygen in the water (μmol O2 L
-1
) at time t; Vr = volume of respirometer minus the animal; 
and W is mussel dry weight (g).  
2.4.4 Absorption efficiency 
Absorption efficiency is an estimate of the amount of organic material absorbed by the 
mussel from the known concentration of algal food ingested. Faecal matter produced by 
mussels during the excretion and respiration rate experiments was collected in separate test 
tubes using a pipette. Faeces were then placed on pre-ashed (at 450°C) and pre-weighed 47 
mm GFC Whatmann filters. The faecal pellets were washed with 5 ml of 0.5 M ammonium 
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formate solution to remove all seawater salts from the faeces. The filters with the faeces were 
then dried at 60°C for 24 h, cooled in desiccators, weighed and ashed at 450°C for 1 h to 
provide the dry weight and ash-free weight of the filters respectively. A volume of algal 
culture, equal to that used in the clearance rate experiments, was treated in a similar way to 
calculate the amount of organic matter in the food that was available to the mussels. 
Absorption efficiency was calculated using the following equation (Conover, 1966): 
Absorption efficiency = (F - E)  
[(1 - E) F] 
where F = ash free dry weight: dry weight ratio for the food; E = ash free dry weight: dry 
weight ratio for the faeces and expressed as percentage ratio. 
2.4.5 Oxygen to nitrogen ratio 
Excretion rate and respiration rate values recorded for individual mussels were used to 
calculate the atomic ratio of oxygen utilised to nitrogen excreted (O:N) using the following 
equation from Widdows (1985): 
O:N =  (mg O2 h
-1
)/16 
(mg NH4-N
 
h
-1
)/14 
2.4.6 Scope for growth 
All physiological measurements were converted into their appropriate energy equivalents of J 
g
-1 
h
-1 
using constant values from Widdows and Johnson (1988). SFG was calculated using 
the equation of Widdows et al. (1995): 
SFG (J g
-1
 h
-1
) = A - (U + R) 
The parameters used in the equation above are defined below, as follows:  
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Energy ingested (C) (J g
-1 
h
-1
) = Maximum Clearance Rate (L g
-1 
h
-1
) x mg POM L
-1 
x 23.5 J 
mg POM L
-1
 
where POM = Particulate Organic Matter (the algal cell concentration of Tetraselmis chuii 
culture used was 1.33 mg POM L
-1
); 
Energy absorbed (A) = Energy ingested (C) x Absorption efficiency; 
Energy lost by excretion (U) (J g
-1
 h
-1
) = ammonia excretion rate (µg NH4-N g
-1
 h
-1
) x 0.0249 
where excretion of 1 µg NH4-N h
-1
 is equivalent to energy loss of 0.0249 J h
-1
; 
Energy respired (R) (J g
-1
 h
-1
) = respiration rate (µmol O2 g
-1
 h
-1
) x 0.456 
where 0.456 J µmol
-1
 O2 is the heat equivalent of oxygen uptake (Gnaiger, 1983). POM 
values were calculated using a similar method to that used to measure absorption efficiency. 
Algal culture samples (500 ml) from a stock culture in the logarithmic phase were filtered 
onto GFC Whatmann filters, and the POM was calculated as the difference in filter weight 
before and after filtration and ashing. 
2.5 Biochemical biomarkers 
Different biochemical responses were measured in mussels used in Chapter 4. The n values 
of mussel tissues used for each biochemical biomarker assay are reported in Section 4.2.1. 
2.5.1 Collection of haemolymph and tissues 
Prior to dissection, mussels were transferred to fresh seawater from the aquarium. A sharp 
knife was inserted between the shells to sever the adductor muscle. The shell was then pulled 
gently apart to open the mussel. Seawater inside the mussel was drained and the haemolymph 
was withdrawn from the posterior adductor sinus using a 27 gauge needle with a 1 ml syringe 
containing 0.2 ml of phosphate-buffered saline (pH 7.4). The haemolymph sample was 
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transferred into a 1.5 ml microcentrifuge tube and maintained on ice. One haemolymph 
sample of ~0.1-0.2 ml was withdrawn from each mussel, with an approximate final cell 
concentration of 10
3
 cells ml
-1
. Fresh haemolymph samples were used for slide preparation 
(see Section 2.6.1). The gill and digestive gland was collected using clean forceps. Fresh gill 
samples were used for slide preparation (see Section 2.7.1) while the remaining gill, digestive 
gland and haemolymph samples were stored at −80ºC until further analysis. 
 
Figure 2.1 Internal structure of the green-lipped mussel, Perna canaliculus 
2.5.2 Tissue homogenisation for metallothionein-like protein, catalase, and alkaline 
phosphatase 
The gill and digestive gland of mussels (~3 g wet weight pooled from two individuals per 
replicate) were prepared according to the method of Viarengo et al. (1997). The tissues were 
homogenised in 1:3 (w/v) ice-cold homogenisation buffer containing 0.5 M sucrose, 20 mM 
Tris−HCl (pH 8.6), 0.5 mM phenylmethylsulfonyl fluoride and 0.01% β-mercaptoethanol 
using an Ultra Turrax T25 Basic (IKA Labortechnik). The tissue homogenate was then 
centrifuged at 30,000 x g for 20 min at 4°C using Beckman Coulter Optima L-90 
ultracentrifuge. The supernatant was collected and stored at –80°C until analysis. Prior to 
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analysis, the protein content of each sample was determined by the Bradford (1976) method. 
This tissue supernatant was used for MTLP quantitation, catalase and alkaline phosphatase 
activity determination.  
2.5.3 Metallothionein-like protein estimation  
MTLP content was analysed using the method of Viarengo et al. (1997) with minor 
modifications. To a 1 ml aliquot of the supernatant 1.05 ml of cold absolute ethanol and 80 µl 
chloroform was added, and centrifuged at 6000 x g for 10 min at 4°C. The resultant 
supernatant was collected, to which 1 ml cold ethanol was added. This sample was then kept 
at –20°C for 1 h, before being centrifuged again at 6000 x g for 10 min using a swinging 
rotor Eppendorf 5810 R centrifuge. The supernatant was discarded and the pellet was rinsed 
with 1 ml of ethanol:chloroform:homogenisation buffer (87:1:12; containing no β-
mercaptoethanol) at 6000 x g for 10 min. The pellet was then dried under a nitrogen gas 
stream, re-suspended in 300 µl of 5 mM Tris−HCl buffer containing 1 mM 
ethylenediaminetetraacetic acid (EDTA; pH 7) at room temperature, and then 4.2 ml of 0.43 
mM 5,5-dithiobis-2-nitrobenzoic acid (Ellman’s reagent) in 0.2 M sodium-phosphate buffer 
(pH 8) was added. The sample was incubated for 30 min at room temperature and centrifuged 
at 3000 x g for 10 min. The supernatant developed a yellow colour on addition of Ellman’s 
reagent indicating formation of acid soluble thiols. The absorbance of the supernatant was 
measured at 412 nm. Reduced glutathione was used as the reference standard to calculate the 
MTLP content in the sample. The formation of MTLP was expressed as µg mg protein
-1
. 
2.5.4 Catalase 
Catalase is an enzyme involved in the decomposition of hydrogen peroxide (H2O2) into water 
and oxygen. Catalase activity was determined using a procedure modified slightly from Aebi 
(1984). To 50 µl of the tissue supernatant, 200 µl of 30 mM H2O2 solution was added. The 
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catalase activity of the samples was measured, via microplate reader, as the decrease in the 
absorbance at 240 nm due to the decomposition of H2O2 at 25°C. Commercial catalase from 
bovine liver was used as the reference standard. A molar extinction coefficient value of 0.04 
mM
-1 
cm
-1 
(Aebi, 1984)
 
was used to calculate the catalase activity, which was expressed as 
μmol of H2O2 hydrolysed mg protein
-1 
min
-1
. 
2.5.5 Alkaline phosphatase 
Alkaline phosphatase is an enzyme that catalyses dephosphorylation reactions to generate 
free phosphates. Alkaline phosphatase activity was measured according to Principato et al. 
(1985), with minor modifications. A buffer containing 100 mM glycine−NaOH (pH 9), 0.5 
mM MgCl2 and 5 mM p-nitrophenyl phosphate was prepared. To 100 µl of the supernatant, 
900 µl of the buffer solution was added and the mixture incubated at room temperature for 15 
min. The alkaline phosphatase activity was measured as the formation of p-nitrophenol from 
p-nitrophenyl phosphate. The enzyme generates a free phosphate from p-nitrophenyl 
phosphate to form yellow coloured product (p-nitrophenol). A molar extinction coefficient of 
18.5 µM cm
-1 
was used to calculate the amount of p-nitrophenol released at 405 nm using p-
nitrophenol as the reference standard. Alkaline phosphatase activity was expressed as nmol 
mg protein
-1
 min
-1
. 
2.5.6 Lipid peroxidation 
Lipid peroxidation levels were measured using the procedure described by Buege and Aust 
(1978). Tissues (~0.1 g) were homogenised in 1:3 (w/v) 0.1 M Tris buffer (pH 7.8) and 
centrifuged at 9000 x g for 10 min at 4°C. Lipid peroxidation levels were measured in the 
supernatant as MDA equivalents using the reaction mixture consisting of 0.375% (w/v) 
thiobarbituric acid (TBA), 15% trichloroacetic acid (TCA), and 0.25 N HCl. The tissue 
supernatant was diluted in 0.1 M Tris homogenising buffer and mixed with 800 µl of 
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TBA−TCA reagent. The mixture was then heated in a water bath at 100°C for 15 min, cooled 
and centrifuged at 1000 x g for 10 min to precipitate flocculants. The absorbance of the pink 
product formed (MDA-TBA) was read at 535 nm to determine the MDA concentration of the 
tissue samples. An equivalent of MDA, 1,1,3,3-tetramethoxypropane was used as a reference 
standard. Results were expressed as µmol MDA mg protein
-1
. 
2.5.7 Na+, K+-ATPase  
NKA activity in gill was measured using the microplate assay protocol devised by 
McCormick (1993). Mussel gill samples (~0.1 g) were thawed and homogenised in 1:10  
buffer containing 150 mM sucrose, 10 mM EDTA, 50 mM imidazole and  sodium 
deoxycholate. The sample was kept on ice and homogenised for 30 s using a pellet pestle, 
then centrifuged at 5000 x g for 1 min.  The supernatant (10 µl) was used to estimate the 
NKA activity using 150 µl of solution containing 2.8 mM phosphoenolpyruvate, 3.5 mM 
ATP, 0.44 mM NADH, 50 mM imidazole, 8 units ml
-1
 lactate dehydrogenase, 10 units ml
-1
 
pyruvate kinase and 50 µl of salt solution (400 mM NaCl, 10.5 mM MgCl2, 100 mM KCl, 50 
mM imidazole) with or without ouabain. The enzyme activity was calculated as the 
difference between the amount of inorganic phosphate liberated in the presence of media 
containing Mg
2+
, Na
+
 and K
+
 (without ouabain) minus the same media containing ouabain. 
The absorbance of the sample was read every 20 s for over 15 min at 340 nm at 25°C using a 
microplate reader. The protein content of the supernatant was estimated by the Bradford 
(1976) method using the microplate reader. The enzyme activity was expressed as µmol ADP 
mg protein
-1
 h
-1
. 
2.5.8 Glycogen 
Glycogen levels in the digestive gland of mussels were determined using the procedure 
described by Minhorst and Liebezeit (2003) with slight modifications. Mussel digestive gland 
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(0.2 g wet weight) was homogenised using 3 ml of 30% KOH followed by thorough mixing 
in a mechanical shaker. The samples were heated in a water bath at 50°C for 1 h. After 
cooling the tubes on ice, the volume was made up to 10 ml with distilled water. To 50 µl of 
the digestive gland extract, 3 ml of 0.15% anthrone reagent prepared in 82.4% sulfuric acid 
was added. The mixture was again heated in a water bath at 90°C for 10 min. The samples 
were allowed to cool, were incubated for 30 min, and the extinction value of the coloured 
sample was measured at 620 nm. Commercial glycogen was used as the standard. Glycogen 
levels were expressed as mg g wet weight
-1
. 
2.5.9 Haemolymph protein 
Haemolymph samples were thawed on ice and measured spectrophotometrically at 595 nm 
after reaction with Bradford reagent (Bradford, 1976). Bovine serum albumin was used as the 
standard. The protein concentrations were expressed as µg ml
-1
. 
2.6 Immunocytotoxic biomarkers 
2.6.1 Differential cell count 
The following protocol was used in Chapter 5 to assess immunocytotoxic biomarkers in 
mussels. A drop of freshly-collected haemolymph was placed on the centre of a clean frosted 
microscope slide. The sample was allowed to air dry and then fixed in a methanol:acetic acid 
(3:1) solution in a Coplin jar for 10 min.  Slides were then stained using 5% Wright stain for 
10-20 s. Excess stain was removed by rinsing the slides with distilled water, which were then 
air dried. Slides were wetted in xylene followed by a thin streak of mounting medium and 
covered with a cover-slip. The slides were coded, placed on a 37°C hotplate and dried for 48 
h. About 200 cells per slide were observed and the differential cell count was scored blindly 
at 100 x magnification using an inverted Leica TCS SP5 confocal microscope. A detailed 
illustration of different haemocyte cell types is presented in Fig. 5.2. 
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2.7 Cytogenotoxic biomarkers 
2.7.1 Micronucleus test 
The micronucleus test was performed using the mussel gill and following the protocol of 
Baršienė et al. (2004) with modifications. A drop of ethanol:acetic acid (3:1) was placed onto 
a clean frosted microscope slide. A small portion of freshly-collected gill was placed on the 
drop and cells were smeared onto the slide by nipping the gill with tweezers for about 2 min. 
The slides were air dried and fixed in methanol for 10 min, followed by staining in 5% 
Wright stain for approximately 10-20 s. The excess stain was removed by washing the slides 
in distilled water. The stained slides were wetted with xylene and covered with a cover-slip 
using a mounting medium. Slides were coded, transferred to a 37°C hotplate, left to dry for 
48 h, and then scored blindly by counting 200 cells per slide at 100 x using an inverted Leica 
TCS SP5 confocal microscope. The frequency of micronuclei, nuclear buds, binucleated cells 
and fragmented-apoptotic cells was scored for each sample (Fenech et al., 2003). The 
micronucleus test was used in mussels in Chapter 5. The nuclear aberrations observed in the 
gill cells of mussels are presented in Fig. 5.3. 
2.7.2 Comet assay 
The procedure followed was based on the method of Singh et al. (1988) using haemocytes 
isolated from the haemolymph samples. Clean frosted microscope slides were coated with a 
uniform thin layer of 1% Normal Melting Point Agarose (NMPA) and allowed to solidify at 
4°C for 15 min. The haemolymph samples were centrifuged at 200 x g for 2 min before the 
supernatant was discarded and the pellet containing haemocytes was used for the comet 
assay. For each assay 10 µl of the cell suspension was mixed with 75 µl of 0.7% Low 
Melting Point Agarose (LMPA) and was coated as a second layer to the slides pre-coated 
with 1% NMPA. The slides were covered with a cover slip and placed at 4°C until the 
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agarose layer solidified. The cover slip was then gently removed and a third layer of 85 µl of 
0.7% LMPA was carefully added and allowed to solidify after replacement of the cover-slip. 
Cover-slips were removed prior to placing the slides in freshly prepared lysis solution (2.5 M 
NaCl, 100 mM Na2EDTA, 8 mM Tris−HCl, 1% Triton X-100, 10% DMSO; pH 10) at 4°C in 
the dark for 1 h. After incubation, the slides were removed and rinsed with distilled water. 
Alkaline DNA unwinding was carried out for 5 min by transferring the slides into a 
horizontal gel electrophoresis chamber containing freshly prepared electrophoresis buffer (1 
mM Na2EDTA, 300 mM NaOH; pH > 13). Electrophoresis was performed at 300 mA for 15 
min. Following electrophoresis, the slides were washed three times in a neutralisation buffer 
(0.4 M Tris−HCl; pH 7.5) for 5 min. The slides were then stained with 50 µl of 4',6-
diamidino-2-phenylindole (DAPI) and covered with a cover slip, and were observed under 
fluorescence at 40 x magnification using a Zeiss Axio Imager M1 microscope connected to a 
camera. Slides were scored blindly and 15-20 cells per slide were analysed using image 
analysis software (Image J, National Institute of Health, USA). This software calculates the 
percentage of DNA that occurs in the ‘tail’ of the ‘comet’ resulting from electrophoresis, and 
was used as a measure of DNA damage (Lee and Steinert, 2003). This protocol was used to 
measure DNA damage in the haemocytes of mussels in Chapter 5. 
2.8 Metal analysis 
In Chapters 3-5, metal analysis of seawater and mussel tissue samples from the Cd exposures 
was carried out using inductively coupled plasma mass spectrophotometry (ICP-MS; Agilent 
7500cx, Agilent Technologies, USA). All tubes used for metal analysis were soaked in 2% 
HNO3 for 48 h, washed five times using milli-Q water and dried in a clean room. Seawater 
samples were acidified immediately to pH <2 using concentrated Ultrapure HNO3 and were 
diluted using 2% Ultrapure HNO3 before analysis, whereas gill and digestive gland of 
mussels from Cd treatments were collected and stored at –80°C until further analysis. After 
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thawing, 0.2 g wet weight of gill and digestive gland of mussels were dried on aluminium foil 
overnight at 60°C in a drying oven and the dry weight was determined. The dried tissues 
were transferred into tubes and acid digested at 90°C on a heating block for 1 h using 5 ml of 
50% HNO3 (Analar grade). Each sample was diluted appropriately using 2% Ultrapure 
HNO3. QA/QC was achieved by using certified mussel tissue SRM 2976 (National Institute 
of Standards and Technology, US). The mean (± standard deviation) recovery for Cd was 115 
± 20%. The method detection limit was determined to be 2 µg Cd L
-1
. 
A similar protocol was used for analysing metal concentrations in the tissues of the field 
collected mussels (Chapter 6). In addition to the gill and the digestive gland, mantle and foot 
tissues were collected and stored at −80°C until analysis (see Chapter 6 for details). The 
detection limit and recoveries of metals analysed using certified mussel tissue SRM 2976 are 
presented in Table 6.2. Metal concentrations were also analysed in sediments collected from 
different field sampling sites (see Section 6.2.3). 
2.9 Statistical analysis 
All experimental and field data (presented as mean ± SEM unless otherwise noted) were 
tested for normality and homogeneity of variance using the Kolmogorov-Smirnov and 
Levene’s tests, respectively (Chapters 3-7). Data that passed these tests were analysed by 
parametric techniques. For acute Cd exposures this involved one-way ANOVA followed by 
post hoc LSD (Least Significant Differences) test, while for subchronic Cd exposure a two-
way ANOVA was used to test for significant effects of time, treatment and the interaction 
between these two factors.  
Data that failed tests of normality and homogeneity of variance were analysed non-
parametrically using Kruskal-Wallis analysis followed by Mann-Whitney U test, or were 
transformed in order to meet the assumptions of normality and equality of variance. This 
  
45 
statistical approach was used for data presented in Chapters 3-5. If the data did not meet the 
requirements of normality after transformation, the statistical analysis was conducted on the 
untransformed data in accordance with the hypothesis that ANOVA is robust to violations of 
this assumption (Schmider et al., 2010). Unless otherwise stated, this statistical assumption 
was used in Chapters 3-7. Any differences in statistical approach are provided in individual 
chapters (e.g. Chapters 6 and 7). 
The relationship between Cd exposure and Cd tissue accumulation presented in Chapters 3-5 
was calculated by correlating the mean tissue Cd accumulation in gill and/or digestive gland 
versus exposure level for each individual replicate within acute or subchronic exposures. This 
was performed by taking the mean Cd exposure concentration for each replicate up to a given 
time-point and correlating this to tissue accumulation levels for mussels from the same 
replicate for the same time period. This relationship was plotted along with all other 
replicates across all time points (for more detail on time points see Chapters 3-5). 
 3 Impairment of green-lipped mussel (Perna canaliculus) 
physiology by waterborne cadmium: relationship to tissue 
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3.1 Introduction 
To maintain vital body functions bivalves acquire energy via feeding, but lose energy through 
processes such as excretion and respiration (see Section 1.6.2). The net energy gain once 
maintenance of basal physiological processes has been fulfilled is that which is available for 
reproduction and growth (Bayne and Newell, 1983; Gardner, 2002). However, under stressful 
conditions bivalves tend to utilise more energy than usual in order to supply vital 
physiological processes involved in defence or repair (see Section 1.6.3). Consequently 
measures of energy balance such as O:N ratio and SFG may be informative of the whole-
body response to environmental stress. Physiological measurements in association with metal 
bioaccumulation levels in tissues of mussels can provide information regarding the levels of 
pollutant in the environment and their impacts on individual and ecosystem health (Wang and 
Rainbow, 2006). 
The level of exposure, route of exposure, previous exposure history, and developmental stage 
are all important factors determining the response of physiological biomarkers to a potential 
toxicant. Duration of exposure is also a key parameter (e.g. Kraak et al., 1992). Generally, 
short-term acute studies employ high metal concentrations that can potentially overwhelm the 
capability of the organism to regulate metal accumulation and/or induce defence mechanisms 
to survive (Naimo, 1995). Although acute exposures may be reflective of periodic high 
exposures from a point source, they are unlikely to be indicative of most natural metal 
exposure scenarios. Nevertheless, studying biomarker responses to acute toxicity gives an 
overview of the mechanisms of toxicity and/or defence. 
A significant advantage of using elevated levels of toxicants is that it better permits the 
elucidation of toxic mechanisms, a key element in identifying potential biomarker responses. 
For example, Cd concentrations in the mg L
-1 
range have been previously used to establish a 
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role for heat shock proteins in the tolerance of zebrafish embryos to this metal (Hallare et al., 
2005). Conversely, chronic or subchronic exposures are likely to be more representative of 
the environmental exposure scenario (Naimo, 1995). Examining biomarker responses over a 
longer period, to a lower exposure concentration, elucidates mechanisms that allow the 
organism to adapt and respond to the presence of a metal pollutant. 
Studies on metal accumulation levels in green-lipped mussels, P. canaliculus by Whyte et al. 
(2009) have indicated that human consumers are at risk of exceeding the provisional tolerable 
weekly intake values for Cd. This is indicative of metal accumulation by mussels from their 
surrounding environments. The ability of metal burdens to reflect environmental metal levels, 
suggests the green-lipped mussel may be a valuable tool for coastal monitoring, while 
increased knowledge regarding metal accumulation in this species will be of direct value for 
understanding human health effects associated with their consumption. 
Overall, the objectives of the present study were to (i) examine the sensitivity of P. 
canaliculus to waterborne Cd; (ii) investigate acute and subchronic effects of Cd on 
physiology and SFG of green-lipped mussels; (iii) analyse bioaccumulation patterns of Cd in 
tissues of Cd-exposed mussels as a function of exposure regime; (iv) evaluate the potential 
for employing P. canaliculus as a bioindicator species for biomonitoring NZ’s coastal and 
marine ecosystems. 
3.2 Materials and methods 
3.2.1  Collection and maintenance of mussels 
Adult green-lipped mussels (70-90 mm shell length) were collected and maintained as 
described in Section 2.1. The Cd level in seawater from the collection site was analysed using 
the ICP-MS and was below the analytical detection limit of 2 µg L
-1 
(see Section 2.8). 
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3.2.2 Acute cadmium exposure 
The Cd concentrations and conditions used for acute exposure treatment are reported in 
Section 2.3.1. The range of Cd concentrations used, allowed assessment of the acute (96 h) 
median lethal concentration (LC50). Each treatment was replicated eight times. Mussels were 
observed every 24 h. If found gaping, mussels were gently poked with a sharp point and those 
that did not respond were considered dead and removed from the tank. The LC50 values and 
their 95% confidence limits were calculated using the Trimmed Spearman-Karber method 
(Hamilton et al., 1977). The control mussels and the 2000 µg L
-1
 and 4000 µg L
-1 
Cd 
treatments were selected for physiological assessment at 96 h. These two Cd exposure 
concentrations were the highest tested at which no mortality was apparent. 
3.2.3 Subchronic cadmium exposure 
The experimental design for subchronic Cd exposure is detailed in Section 2.3.1 (see 
Appendix 3). A single, randomly-selected, mussel from each replicate (n = 6) for each 
treatment was assessed for physiological biomarker measurements on Days 5, 10, 15, 20 and 
25 of exposure (Fig. 3.1). The days for physiological sampling differed from those for tissue 
collection (7, 14, 21 and 28) owing to the practical limitations in conducting both 
physiological assays and tissue sampling at the same time. Statistical analyses showed, 
however, that there were not significant changes in tissue accumulation over any specific 7 d 
period for gills or digestive gland, suggesting the small differences in sampling times (a 
maximum of 3 d) should not have impacted the relationship between physiological markers 
and the tissue metal burden. Mussels used for physiological measurement were weighed and 
returned back to their respective treatment containers. 
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Figure 3.1 Flow chart illustration of cadmium exposure and physiological biomarkers used 
in this study. 
3.2.4 Physiological biomarkers and cadmium analysis 
Physiological biomarkers were measured as described in Section 2.4. The clearance rate, 
excretion rate, respiration rate and absorption efficiency of mussels from control and Cd 
exposure treatments were measured individually (n = 8 for acute; n = 6 mussels each for 
subchronic from each exposure treatment). Based on individual physiological measurements 
the O:N ratio and the SFG of mussels were calculated using equations described in Section 
2.4. Gills and digestive gland (n = 4) were collected at the end of 96 h for acute exposures, 
and n = 6 on Days 7, 14, 21 and 28 for the subchronic exposure for tissue Cd analysis and Cd 
levels in seawater samples using method described in Section 2.8. 
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3.2.5 Statistical analysis 
All experimental data were analysed using the statistical software STATISTICA 6 (StatSoft). 
Data were tested according to the methods detailed in Section 2.9. The relationship between 
Cd accumulation in the tissues and physiological responses following subchronic exposure 
was determined using the method described in Section 2.9. Data across all time points Day 5 
physiology vs. Day 7 accumulation, Day 15 physiology vs. Day 14 accumulation, Day 20 
physiology vs. Day 21 accumulation and Day 25 physiology vs. Day 28 accumulation were 
used to model the relationship. Data are presented as mean ± SEM unless otherwise noted, 
with statistical significance set at p < 0.05. 
3.3 Results 
3.3.1 Cadmium exposure levels and mortality 
The nominal and measured concentrations of Cd for each exposure treatment are presented in 
Table 3.1. Over the course of 48 h there was a small loss of Cd from the solution, likely due 
to adherence to container walls and/or biomass and absorption by the animals. To account for 
this the Cd exposure concentration was obtained by calculating average exposure levels over 
each 48 h period, with these values then averaged across the course of the exposure (see 
Section 2.3). An overall average of 21% (2000 µg L
-1
) and 19% (4000 µg L
-1
) of Cd during 
acute exposure, and 30% (200 µg L
-1
) and 23% (2000 µg L
-1
) of Cd during subchronic 
exposure was lost in the 48 h between each water change. Despite the loss of Cd from the 
exposures, measured Cd concentrations correlated closely to nominal Cd values (Table 3.1). 
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Table 3.1 Nominal and measured concentrations (µg L
-1
) of Cd analysed in seawater from 
acute and subchronic exposures for groups undergoing physiological biomarker and Cd 
accumulation assessment. 
Cadmium treatment Nominal 
concentration 
Measured 
concentration 
 (µg L
-1
) (µg L
-1
) 
 0 2.67 ± 0.17 
Acute (96 h) 2000 1955 ± 133 
 4000 3844 ± 410 
 0 3.65 ± 5.48 
Subchronic (28 d) 200 189 ± 28 
 2000 1910 ± 278 
Measured values represent the mean exposure level (average of initial and final 
concentrations measured at each water change). Values are expressed as mean ± SD (n = 4-
8). 
The 96 h LC50 for Cd to P. canaliculus was found to be 8160 µg L
-1
. The lower and upper 
95% confidence limits ranged between 6380 µg L
-1
 and 10450 µg L
-1
. For subchronic 
assessment the only mortality observed was at Day 27 in the 2000 µg L
-1
 Cd treatment, where 
three mussels (15%) perished in a single replicate. 
3.3.2 Cadmium accumulation 
Acute 96 h exposure to 4000 µg L
-1 
Cd resulted in a significant increase in the accumulation 
of Cd in both gill and digestive gland of mussels relative to the Cd-free control (Fig. 3.2A). 
Overall, the gill showed 15.4-fold and 61.4-fold higher Cd in the 2000 and 4000 µg L
-1
 
treatments relative to the control. The level of Cd accumulation in the digestive gland of 
mussels in the 4000 µg L
-1
 was 218-fold higher than the control digestive gland, while the 
2000 µg L
-1 
group showed a significantly higher 279-fold elevation in Cd level relative to the 
control. There was no significant difference in digestive gland Cd accumulation between the 
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2000 and 4000 µg L
-1
 treatments, in contrast to the significant difference between these two 
exposure concentrations with respect to gill accumulation. 
Cd concentration in gills of mussels exposed to subchronic Cd showed a significant effect of 
treatment, time and also a significant interaction between these two factors. The subchronic 
Cd exposure resulted in significantly elevated gill Cd levels (Fig. 3.2B) throughout the 
exposure in both Cd concentrations
 
relative to the time-matched control. In the digestive 
gland (Fig. 3.2C) there were no significant interaction effects between the two factors 
although significant effects of treatment and of time were observed. Within each sampling 
time, both Cd exposure concentrations exhibited tissue accumulation levels that differed 
significantly from the unexposed control. 
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Figure 3.2 Cd accumulation in Perna canaliculus gill and digestive gland following acute 96 
h exposure (A), in gills during subchronic 28 d exposure (B) and in digestive gland during 
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subchronic 28 d exposure (C). Values are expressed as mean ± SEM (n = 4 for acute, and 5 
or 6 for subchronic exposures). In panel A plotted points sharing letters are not statistically 
significant (p < 0.05) as determined using Kruskal-Wallis ANOVA followed by Mann 
Whitney U test. In panels B and C data were analysed by two-way ANOVA with exposure 
concentration (treatment) and time as factors. Data in panel C were log transformed for 
analysis. The results of the two-way ANOVA analysis are reported on the figures. Asterisks 
indicate a significant difference between the exposure concentration and the control within a 
day, as determined by post hoc LSD analysis (α = 0.05). 
 
Cd accumulation in gill was significantly linearly related to Cd exposure level at the end of a 
96 h acute exposure (Table 3.2). Conversely, accumulation of Cd in the digestive gland 
exhibited saturation and was best modelled using a logarithmic function (Table 3.2). The 
relationship between exposure concentration and tissue accumulation was also significant and 
linear for both tissues during subchronic exposures, although the correlation for this 
relationship was stronger for gill than for the digestive gland. 
Table 3.2 Relationship between Cd exposure level and Cd accumulation in gill and digestive 
gland of mussels after acute (96 h, 0-4000 µg Cd L
-1
) and subchronic (28 d, 0-2000 µg Cd L
-
1
) exposure to waterborne Cd. 
Cadmium treatment Tissue Correlation 
coefficient 
(R) 
 
Equation of the line of best fit 
Acute Gill 0.430 y = 0.0878x - 23.73 
 
Digestive gland 0.394 y = 105.75ln(x) - 57.282 
Subchronic Gill 0.447 y = 0.7512x + 71.931 
 
Digestive gland 0.272 y = 0.6815x + 58.33 
All of these correlation analyses were statistically significant (p < 0.001). 
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The relationship between Cd accumulation in the two tissues and the physiological 
biomarkers of Cd-exposed mussels from the subchronic exposure is shown in Table 3.3. A 
strong and highly significant linear correlation between tissue Cd accumulation and clearance 
rate was determined. Similar significant linear correlations, but with a reduced coefficient of 
determination, were calculated for SFG, O:N, respiration rate and excretion rate, although 
only the relationship to digestive gland accumulation was significant in the latter. The 
relationship between absorption efficiency and tissue accumulation was not significant. 
 
Table 3.2 Relationship between Cd accumulation in gill and digestive gland of mussels and 
physiological biomarkers after subchronic (28 d, 0-2000 µg Cd L
-1
; n = 6) exposure to 
waterborne Cd. 
Physiological 
measure 
Tissue Correlation 
coefficient 
(R) 
 
Equation of the line of 
best fit 
p value 
Clearance rate Gill 0.403 y = -0.0006x + 0.8729 <0.001 
Digestive gland 0.438 y = -0.0005x + 0.9141 <0.001 
Absorption efficiency Gill 0.080 y = -0.0001x + 0.5912 0.172 
Digestive gland 0.029 y = -8E-05x + 0.5748 0.427 
Respiration rate Gill 0.170 y = -0.0078x + 17.987 0.037 
Digestive gland 0.176 y = -0.0071x + 18.464 0.033 
Excretion rate Gill 0.047 y = 0.0147x + 50.612 0.311 
Digestive gland 0.164 y = 0.0245x + 44.368 0.041 
O:N ratio Gill 0.159 y = -0.0073x + 12.866 0.045 
Digestive gland 0.224 y = -0.0076x + 13.827 0.013 
Scope for growth Gill 0.186 y = -0.0064x + 5.3601 0.027 
Digestive gland 0.245 y = -0.0065x + 6.1012 0.008 
Statistically significant correlations (p < 0.05) are indicated in bold 
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3.3.3 Clearance rate  
Figure 3.3A and 3.3B illustrate the clearance rate of mussels exposed to acute and subchronic 
Cd exposure. Acute Cd exposure resulted in 78% (2000 µg L
-1
) and 89% (4000 µg L
-1
) lower 
clearance rates relative to control values. A significant effect of treatment, time and 
interaction was noted. The decline in clearance rate was observed in mussels exposed to 2000 
µg L
-1
 Cd after 5 d of subchronic exposure, and this effect strengthened and persisted 
throughout the course of the exposure. There were no significant changes in the 200 µg L
-1 
group clearance rate relative to control. 
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Figure 3.3 Clearance rate measurements of green-lipped mussels (Perna canaliculus) during 
acute (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 8) and subchronic (B; 28 d: 0, 200 and 2000 µg 
L
-1
, n = 6) exposures to Cd. Data are presented as mean ± SEM. In panel A plotted points 
sharing letters are not statistically significant (p < 0.05) as determined using Kruskal-Wallis 
ANOVA followed by Mann Whitney U test. In panel B data were analysed by two-way 
ANOVA with exposure concentration (treatment) and time as factors using log-transformed 
data. The results of the analysis are reported on the panel. Asterisks indicate a significant 
difference between the exposure concentration and the control within a day, as determined by 
post hoc LSD analysis (α = 0.05). 
 
3.3.4 Absorption efficiency 
A significant reduction in the absorption efficiency of mussels was observed at the end of the 
acute Cd exposure. Control mussels displayed an absorption efficiency of 87% while the 
2000 µg L
-1 
and 4000 µg L
-1 
Cd-exposed mussels recorded significantly inhibited absorption 
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efficiencies of 54% and 53% (Fig. 3.4A). Although there was a significant overall effect of 
time on absorption efficiency in the subchronic exposure, the effect of Cd treatment, and the 
interaction between time and Cd treatment were not significant (Fig. 3.4B). 
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Figure 3.4 Absorption efficiency measurements of green-lipped mussels (Perna canaliculus) 
during acute (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 6-8) and subchronic (B; 28 d: 0, 200 and 
2000 µg L
-1
, n = 6) exposures to Cd. Data are presented as mean ± SEM. In panel B data 
were analysed by two-way ANOVA with exposure concentration (treatment) and time as 
factors using non-transformed data. See legend of Figure 3.3 for further details. 
3.3.5 Respiration rate 
Acute Cd exposure did not have any significant effect on the respiration rate of mussels
 
(Fig. 
3.5A). However significant differences were recorded during subchronic Cd exposure (Fig. 
3.5B). Two-way ANOVA on effects of subchronic Cd exposure on respiration rates of 
mussels showed significant effects of treatment, time and interaction between these two 
factors. Specifically, mussels exposed to 2000 µg Cd L
-1 
showed a significant decline in 
oxygen uptake compared to control mussels at all days throughout the exposure, with the 
exception of Day 15. In contrast, the respiration rate of mussels in the 200 µg L
-1
 treatment 
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were first significantly inhibited on Day 15, an effect that persisted on Day 20, but which had 
dissipated on Day 25. 
 
Figure 3.5 Respiration rate measurements of green-lipped mussels (Perna canaliculus) 
during acute (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 8) and subchronic (B; 28 d: 0, 200 and 
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2000 µg L
-1
, n = 5-6) exposures to Cd. Data are presented as mean ± SEM. In panel B data 
were analysed by two-way ANOVA with exposure concentration (treatment) and time as 
factors using non-transformed data. See legend of Figure 3.3 for further details. 
3.3.6 Excretion rate 
The mussels subjected to acute Cd exposure (Fig. 3.6A) recorded 99% (2000 µg L
-1
) and 
160% (4000 µg L
-1
) higher ammonia excretion rates than control mussels. These increases 
were statistically significant. Subchronic Cd exposure resulted in significant changes based 
on effects of treatment and time as shown on Fig. 3.6B, with the mussels exposed to 2000 µg 
Cd L
-1 
displaying excretion rates significantly elevated to the control at all time intervals 
monitored. 
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Figure 3.6 Excretion rate measurements of green-lipped mussels (Perna canaliculus) during 
acute (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 8) and subchronic (B; 28 d: 0, 200 and 2000 µg 
L
-1
, n = 6) exposures to Cd. Data are presented as mean ± SEM. In panel B data were 
analysed by two-way ANOVA with exposure concentration (treatment) and time as factors 
using log-transformed data. See legend of Figure 3.3 for further details. 
 
3.3.7 Oxygen:nitrogen ratio 
No significant differences were noted in the O:N ratios calculated for mussels from the acute 
exposure (Fig. 3.7A). Two-way ANOVA on effects of subchronic Cd exposure on O:N ratio 
(Fig. 3.7B) of mussels showed significant effects of treatment and time. However, the 
interaction between treatment and time was not statistically significant. Compared to control 
mussels, a significant decline in O:N ratios of the 2000 µg L
-1 
Cd concentration was recorded 
throughout the exposure, while significantly lower ratios were also observed for the 200 µg 
L
-1  
 Cd concentration on Days 15, 20 and 25. 
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Figure 3.7 Oxygen:nitrogen ratio of green-lipped mussels (Perna canaliculus) during acute 
(A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 8) and subchronic (B; 28 d: 0, 200 and 2000 µg L
-1
, n 
  
65 
= 5-6) exposures to Cd. Data are presented as mean ± SEM. In panel B data were analysed 
by two-way ANOVA with exposure concentration (treatment) and time as factors using 
square-root transformed data. See legend of Figure 3.3 for further details. 
3.3.8 Scope for growth  
A negative SFG was recorded for mussels acutely exposed to Cd (Fig. 3.8A). SFG of mussels 
from the subchronic Cd exposure showed significant differences in the effect of treatment, 
time and interaction between these two factors. The 2000 µg L
-1
 Cd
 
exposed mussels 
displayed significantly inhibited SFG values on Days 10, 15 and 20, while a significant 
increase in SFG on Day 15 was observed in mussels exposed to 200 µg Cd L
-1
 (Fig. 3.8B). 
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Figure 3.8 Scope for growth measurements of green-lipped mussels (Perna canaliculus) 
during acute (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 6-8) and subchronic (B; 28 d: 0, 200 and 
2000 µg L
-1
, n = 5-6) exposures to Cd. Data are presented as mean ± SEM. In panel B data 
were analysed by two-way ANOVA with exposure concentration (treatment) and time as 
factors using non-transformed data. See legend of Figure 3.3 for further details. 
3.4 Discussion 
3.4.1 Acute toxicity 
This is the first study detailing the sensitivity of NZ green-lipped mussels to Cd. The 96 h 
LC50 of P. canaliculus was 8160 µg L
-1
. Although the sensitivity of P. canaliculus to Cd was 
high relative to a number of endemic shellfish species that were tested during preliminary 
experiments (data not shown), it is intermediate relative to other mussel species. For example, 
smaller (30 - 40 mm) Perna viridis assayed at 20 °C displayed a 96 h LC50 value of 1570 µg 
L
-1 
(Chan, 1988). A 96 h LC50 value of 1620 µg L
-1 
Cd
 
was recorded in Mytilus edulis 
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planulatus (Ahsanullah, 1976) in assays conducted at 18.5°C, while Eisler (1971) has 
reported Mytilus edulis (48 mm) as having a 96 h LC50 value of 25000 µg L
-1 
at 20°C. Factors 
such as size, assay temperature and inherent differences in defence pathways (Rana and 
Singh, 1996) are likely to explain these variations in LC50 values. 
3.4.2 Cadmium accumulation 
In the current study, Cd accumulation in the digestive gland exhibited evidence of saturation 
over acute time-frames, but accumulation over the subchronic exposure was linear (Table 
3.2). This suggests that acute Cd exposures overwhelmed the capacity of digestive gland to 
accumulate metal, which would have generated a ‘spillover’ of metal and resulted in toxic 
impacts. Conversely over longer exposures to lower levels a linear relationship between 
exposure level and tissue accumulation was discerned, suggesting an ability to adequately 
sequester Cd in this exposure scenario. These findings are consistent with previous studies in 
mussels (Erk et al., 2005; Long et al., 2010). 
In contrast to the digestive gland, gill accumulation was linear over both exposure durations. 
In the gill Cd is likely to initially bind to sequestering proteins such as MT, or to be 
incorporated into lysosomes (Viarengo and Nott, 1993). This is usually a temporary storage 
before it is then released into the circulation. Once in the haemolymph Cd can be transported 
to excretory tissues, or ends up sequestered in the digestive gland tissue. In the digestive 
gland Cd is eventually incorporated into specific organelles, in specific cell types, to remove 
it from interacting with sensitive cellular processes (Marigómez et al., 2002). This difference 
in metal handling likely explains the linear relationship between exposure concentration and 
gill accumulation (a temporary storage and slow release into the circulation), and the 
differences in burdens between these two tissues (digestive gland for long-term storage, so 
burden increases over subchronic exposures). Measures of gill Cd accumulation might 
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therefore be a fast and relatively simple surrogate measure for determining elevated 
environmental Cd levels in natural settings, while the digestive gland could be indicative of 
the longer exposure history. Both of these parameters may be of some utility with respect to 
biomonitoring. 
It is important to note that during subchronic exposures mussels were fed, and consequently 
Cd uptake or adsorption by algal cells may have contributed to Cd exposure in the mussels. 
Therefore it is possible that the accumulation and effects observed are the result of both 
waterborne and dietary exposure. However, despite the significant decreases in clearance rate 
(i.e. feeding) observed at the highest Cd exposure level, this group still accumulated the most 
Cd, indicating that the dietary contribution to tissue burden was not likely to be significant. 
3.4.3 Physiological biomarkers – does tolerance to cadmium come at a cost? 
Clearance rate was sensitive to Cd exposure. The feeding rate showed impairment that was 
linearly correlated to tissue metal accumulation and was consistently inhibited throughout the 
course of the 28 d subchronic exposure at a concentration of 2000 µg Cd L
-1
. Many of the 
other physiological parameters measured showed more complex relationships with tissue Cd 
accumulation. This was particularly the case for measures such as SFG, which exhibited 
recovery over the exposure period despite an increasing tissue Cd burden. Therefore, in terms 
of utility as a physiological indicator of high Cd exposure levels, clearance rate offers 
significant promise. The weakness of clearance rate as an indicator is associated with the fact 
that effects were only observed at the highest Cd level during subchronic exposure. Further 
research would be required to determine whether the relationship between tissue 
accumulation and clearance rate holds for exposures to common environmental levels of 
exposure. 
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The Cd-induced inhibition of clearance rate may represent a behavioural impairment, rather 
than a physiological response per se. On exposure to an environmental stressor mussels tend 
to close their shell valves thereby minimising exchange with the outside environment 
(Akberali and Trueman, 1985). This acts as a protective mechanism to isolate their important 
internal structures from the stressor. In the case of Cd this would reduce accumulation in soft 
tissue, and thus limit the toxicological impacts of exposure. A consequence of this behaviour 
is that mussel feeding declines, as demonstrated by the decrease in clearance rate. 
The decrease in clearance rate could, however, be explained by direct physical changes at the 
gill. It has been reported that presence of metals leads to mucus secretion that coats the gill 
epithelium thereby hindering ciliary activity that is essential to the feeding process (Sze and 
Lee, 1995). Studies have also reported that Cd can cause tissue damage to the gill (Sunila and 
Lindström, 1985). These changes might impair the ability of the mussel to adequately clear 
and ingest food. If damage were to occur to the feeding apparatus, then it would be 
reasonable to expect that absorption efficiency would also be impacted. Such an effect was 
clearly observed over acute time-frames, but significant impairment of absorption efficiency 
as a result of Cd exposure was not observed during the subchronic experiment. It is therefore 
possible that the decrease in clearance rate in subchronic exposure was behaviourally-
mediated, but over an acute exposure period direct physical perturbation of feeding may be 
the more important inhibitory mechanism. 
As subchronic Cd exposure progressed, food intake and the overall energy availability 
decreased as a consequence of effects on clearance rates. This impacted the utilisation of 
energy resources, and was reflected in the significant effect of Cd exposure on O:N ratios. 
Ikeda (1977) stated that O:N ratios of 8 and less (as reported here for both subchronic Cd 
exposure groups) represented the use of protein as the sole source of energy. Values higher 
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than that represented utilisation of both proteins and lipids, with values higher than 24 
relating to exclusive use of lipids as an energy source. This clearly indicates that during 
subchronic Cd exposure mussels relied exclusively on protein as an energy source, and 
suggests that the deficiencies in nutrient uptake and utilisation demonstrated by impaired 
clearance rate forced the mussels to metabolise endogenous sources of protein. This switch in 
energy resources is a last resort for animals during prolonged starvation, and has been noted 
previously in mussels (Sprung and Borcherding, 1991). A metabolic breakdown of protein 
also likely explains the increases in ammonia excretion observed in Cd-exposed mussels (this 
chapter; Aldridge et al., 1995). 
The other factor involved in energy balance, and which could also have impacted O:N ratio, 
is oxygen consumption (respiration rate). In the subchronic experiment respiration rate was 
significantly affected. Although the responses of respiration rate to Cd exposure vary 
according to length of exposure, Cd concentration, and species tested, most literature 
supports the findings of the present study. For example, in the mussel Perna viridis a 
significant decrease in oxygen consumption was observed after one week of Cd exposure 
(Cheung and Cheung, 1995). 
SFG is a predicted measure that elucidates the physiological health status of mussels (see 
Section 1.6.2). In the present study, the negative SFG values obtained for the Cd-exposed 
mussels indicated an imbalance in metabolic activity over the period of exposure. Under 
normal conditions, energy acquisition through feeding and food absorption is expended via 
respiration and waste removal (excretion) to maintain normal functioning of the mussel. The 
residual energy available is then utilised for growth and reproduction (Widdows and Donkin, 
1992). A negative SFG value is considered a severe stress indicator. The drastic reduction in 
clearance rate measurements along with the increase in excretion rates as a result of Cd 
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exposure are the primary factors generating the negative SFG values recorded. It is, however, 
worth noting that SFG had recovered by the conclusion of the subchronic study. An improved 
SFG value must reflect either an increase in energy absorption, or a decrease in energy 
expenditure. In the present study it is likely that the significantly inhibited respiration rate in 
mussels exposed to 2000 µg Cd L
-1 
is driving the return to positive SFG. The observed 
decrease in respiration rate could be explained as interplay between several complex factors 
such as damage to respiratory organs, valve closure, mucus production and other 
compensatory mechanisms of survival, such as reduction of energy cost (Anandraj et al., 
2002). The pattern of other physiological markers strongly suggests that the effect on 
respiration rate, and hence SFG, is likely to be a pathological response, rather than a 
controlled physiological regulation of respiration. As such the recovery of SFG may be 
misleading. This, coupled with the relatively poor correlation of SFG with tissue 
accumulation indicates that this index of impairment is not a reliable marker of metal 
exposure and/or effect, at least over the duration of exposures tested in the present study. 
3.4.4 Importance of duration of exposure 
There is limited information available regarding the physiological changes of organisms 
subjected to short-term and high concentrations of metal exposure. The current study showed 
that although acute and subchronic exposures may differ in terms of metal exposure 
concentrations and duration of exposure they can have consistent impacts on the physiology 
of the exposed organisms. 
In contrast to the consistent effect of measurements such as clearance rate, respiration rate 
showed variability between acute and subchronic Cd exposures, being significantly impacted 
only during the latter. Research examining the impacts of PAH exposure on shellfish have 
noted variability in respiration rate as a function of contaminant concentration, with elevated 
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respiration at low concentrations, and inhibited respiration at high concentrations (Kim et al., 
2007). These authors attributed this to a valve closure response at high levels. This could 
explain the decrease in respiration rate in subchronic exposures to Cd, as the effect is similar 
to that observed for clearance rate, but could not explain the lack of decline during acute 
exposures. Instead the lack of change in respiration rate over acute time-frames may represent 
a combined effect of decreased oxygen availability, and also the increased metabolic costs 
associated with the acute exposure to a high level of metal. Over acute periods animals may 
enact mechanisms to deal with the toxicant that increase metabolic rate, whereas over chronic 
periods of exposure conservation of resources becomes more important, and metabolic costs 
and respiration rates decline. This pattern has been observed for acute versus chronic nickel 
exposure in the freshwater crustacean Daphnia magna (Pane et al., 2003). 
Most exposures to metals in the natural environment occur over long time-frames to 
relatively low levels, however pollutant inputs via point sources can result in high levels of 
metals over acute exposure periods (e.g. Brix et al., 2010). For this reason it is important that 
biomonitoring tools offer consistent information over the concentration range of potential 
exposures that may threaten the ecosystem. 
3.5 Conclusions 
The current study highlights the utility of employing green-lipped mussels as a sentinel 
species to monitor coastal ecosystems in NZ. P. canaliculus is widespread around NZ's 
coastal waters, and is an important component of the NZ diet (Whyte et al., 2009). These 
factors suggest it is a convenient organism to assess for environmental contamination, and 
that impairments related to Cd level will yield potentially important information regarding 
human consumption risk. The findings show that these mussels are relatively tolerant to Cd 
exposure, accumulate Cd in key tissues, and show physiological impairment in response to 
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Cd exposure. For example, clearance rate, a simple physiological measure, was inhibited in 
response to both acute and subchronic Cd exposure. Furthermore, the magnitude of clearance 
rate inhibition was correlated directly and linearly with gill Cd accumulation, which was in 
turn correlated to environmental Cd exposure. The use of clearance rate could yield cost-
effective information on the health status of mussels under natural conditions. Consistent 
with the current findings, previous studies in other bioassay organisms have also identified 
the value of feeding rates as a sensitive sublethal indicator of toxicity (Barata et al., 2008). 
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4 Biochemical biomarker responses of green-lipped mussel, 
Perna canaliculus, to acute and subchronic waterborne 
cadmium toxicity
† 
 
 
 
 
 
 
 
 
 
 
 
 
 
†Chandurvelan, R., Marsden, I.D., Gaw, S., Glover, C.N., 2013. Biochemical biomarker 
responses of green-lipped mussel, Perna canaliculus, to acute and subchronic waterborne 
cadmium toxicity. Aquatic Toxicology, 140/141: 303-313. 
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4.1 Introduction 
Cd is known to induce a number of changes in the biochemical profile of exposed organisms 
that reflect either exposure to, or a toxic impact from, Cd. For instance, Cd is known to 
induce the production of MT. This is a low molecular weight, high sulfhydryl content protein 
that exhibits strong affinity for Cd (Viarengo and Nott, 1993; see Section 1.6.3.1). MT-bound 
Cd cannot interact with sensitive components of the cell, thereby limiting Cd-induced 
toxicity. However, if MT binding capacity is exceeded toxic effects may present. These 
include the production of ROS and resulting oxidative stress (Company et al., 2010; see 
Section 1.3.5.2), the inhibition of key enzymes in cellular homeostasis (e.g. alkaline 
phosphatase and NKA; Lionetto et al., 1998), and even indirect effects resulting from the 
added costs of defence and damage repair (e.g. changes in metabolic substrate utilisation; 
Ngo et al., 2011; see Section 1.3.5.8). Any changes in mussel biochemistry could have a 
negative effect on the well-being of the organism and, if prolonged, could ultimately lead to 
death (see Section 1.3.5).  
Multiple biochemical biomarkers have been previously used to study the effects of metal 
exposure in mussels under laboratory conditions (e.g. Al-Subiai et al., 2011). Galloway et al. 
(2004) highlighted the benefits of employing multiple biomarkers to assess pollution impacts 
on organisms, where the use of different biochemical biomarkers, along with chemical 
analyses, provides a time-integrated assessment of the environmental pollution levels in a 
particular region of interest (see Section 1.6.3). 
The main objective of this chapter was to investigate biochemical changes in green-lipped 
mussels to provide an integrated assessment of the responses of this species to acute and 
subchronic Cd exposure. In the present chapter concentrations of 2000 and 4000 μg Cd L-1 
were used to investigate the effects of this metal over acute exposures, as these 
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concentrations are known to cause sublethal effects without causing mortality to green-lipped 
mussels over 96 h (Chapter 3). In the current chapter, potential biochemical mechanisms of 
Cd toxicity (e.g. MTLP, catalase, lipid peroxidation, alkaline phosphatase, NKA, glycogen 
and haemolymph protein) were examined in this species for the first time, and clear 
differences in the effect of exposure concentration and duration were discerned. Biochemical 
changes were correlated with tissue Cd accumulation to investigate the relationship between 
these parameters, and identify potential biomarkers of Cd exposure that may be of use in a 
biomonitoring strategy. 
4.2 Materials and methods 
4.2.1 Biochemical biomarkers 
The acute and subchronic Cd exposure treatments have been detailed in Section 2.3. Mussels 
were randomly collected from exposure tanks at the end of the 96 h acute exposure and on 
Days 7, 14, 21 and 28 during the subchronic exposure to Cd. The gill, digestive gland and 
haemolymph tissues were collected and stored at –80°C until processed. All biochemical 
biomarkers were measured using the protocols detailed in Section 2.5. 
The n values for each of these analyses was n = 6 for the acute study and n = 8 for the 
subchronic study, with each of these values representing mussel tissue pooled from two 
individuals sampled from a single exposure chamber. Similarly, the n values of tissues 
obtained from individual mussels for the other biochemical biomarker measurements were as 
follows: lipid peroxidation (n = 6 for acute; n = 6 for subchronic), NKA activity (n = 6 or 8 
for acute; n = 5 or 6 for subchronic), glycogen (n = 5 for acute; n = 6 for subchronic) and 
haemolymph samples (n = 4 or 5 for acute; n = 6 for subchronic). Fig. 4.1 shows the 
biochemical biomarkers used in this study. 
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Figure 4.1 Flow chart illustration of cadmium exposure and biochemical biomarkers used in 
this study 
4.2.2 Statistical analysis 
Biochemical biomarker data were tested using the statistical methods detailed in Section 2.9. 
The relationship between Cd accumulation and each biochemical biomarker response in gill 
and digestive gland on Days 7, 14, 21 and 28 was modelled using the method described in 
Section 2.9. 
4.3 Results 
4.3.1 Metallothionein-like protein 
Digestive gland MTLP levels were significantly higher than those measured in the gill in all 
mussel groups (Fig. 4.2A). However, exposure to acute Cd concentrations did not result in 
any significant changes in the gill or digestive gland relative to the unexposed control. 
Conversely, a significant increase in MTLP levels in gill (Fig. 4.2B) and digestive gland (Fig. 
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4.2C) was observed from Day 7 in 2000 µg L
-1 
Cd-exposed mussels and from Day 14 in the 
200 µg L
-1 
Cd-exposed mussels. The elevation in MTLP levels in both the gill and the 
digestive gland persisted throughout the 28 d subchronic Cd exposure, and in both tissues this 
effect was strongly and significantly correlated with tissue Cd accumulation (gill R
 
= 0.957; 
digestive gland R = 0.964, both p < 0.0001; Table 4.1). 
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Figure 4.2 Metallothionein-like protein levels in green-lipped mussel (Perna canaliculus) gill 
and digestive gland after acute Cd exposure (A; 96 h: 0, 2000 and 4000 µg L
-1
, n = 8), and in 
gill (B) and digestive gland (C) during subchronic Cd exposure (28 d: 0, 200 and 2000 µg L
-
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1
, n = 6). Values are expressed as mean ± SEM. In panel A, plotted points sharing letters are 
not significantly different (p < 0.05), determined using post hoc LSD analysis. Data in panel 
(A) were square-root transformed prior to statistical analysis. In panels B and C data were 
analysed by two-way ANOVA with exposure concentration (treatment) and time as factors. 
Data in panels B and C were log-transformed for analysis. The results of the two-way 
ANOVA analysis are reported on the panels. Asterisks indicate a significant difference 
between the exposure concentration and the control within a day while plotted points with 
different letters indicate significant difference with respect to day within an exposure 
concentration as determined by post hoc LSD analysis (α = 0.05). 
4.3.2 Catalase  
Catalase activity in mussels subjected to acute Cd exposure did not show any significant 
changes in either the gill or the digestive gland (Fig. 4.3A). Catalase levels in the digestive 
gland were significantly higher than in the gill of mussels. However, after 14 d of subchronic 
Cd exposure a significant increase in gill catalase activity of mussels exposed to 2000 µg L
-1 
Cd relative to time-matched controls was noted (Fig. 4.3B). In the digestive gland, catalase 
activity was increased in the 2000 µg L
-1 
Cd-exposed mussels throughout the 28 d of 
subchronic Cd exposure, an effect that was also evident in the 200 µg L
-1 
Cd-exposed mussels 
from Day 21 (Fig. 4.3C). Moreover, catalase activity in the digestive gland was significantly 
affected by time as a factor in both the 200 and 2000 µg Cd L
-1 
exposure groups. As noted 
with MTLP, there was a significant positive correlation between Cd accumulation in the 
tissue and the magnitude of the biochemical response (Table 4.1). This relationship was 
stronger for the gill (R = 0.907, p < 0.0001) than for the digestive gland (R = 0.708, p = 
0.0100). 
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Figure 4.3 Catalase activity (mean ± SEM) in green-lipped mussel (Perna canaliculus) gill 
and digestive gland after acute Cd exposure (A; n = 8) and in gill (B; n = 6) and digestive 
gland (C; n = 6) during subchronic Cd exposure. All other details are identical to those in 
the Figure 4.2 legend, except that only the data in panel B were log-transformed prior to 
statistical analysis. 
4.3.3 Lipid peroxidation  
No significant differences in lipid peroxidation levels were found between control and Cd-
exposed mussels at the end of the 96 h acute exposure, although significant differences 
between gill and digestive gland levels were noted at all exposure concentrations (Fig. 4.4A). 
During the subchronic Cd exposure, lipid peroxidation levels in the gill were unchanged in 
Cd-exposed mussels relative to their time-matched control, with the exception of Day 21 in 
the 2000 µg Cd L
-1 
exposure group, which exhibited a significantly lower level of oxidative 
stress (Fig 4.4B). Conversely, the lipid peroxidation levels in the digestive gland of Cd-
exposed mussels were significantly higher than that of the control mussels (Fig. 4.4C). This 
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effect was present in both treated groups over the first 14 d of exposure, but diminished with 
time. Subsequently no significant differences were observed at Day 21, and only the 2000 µg 
Cd L
-1 
mussels exhibited elevated peroxidation levels relative to unexposed mussels at Day 
28. Lipid peroxidation in the digestive gland did not correlate with Cd accumulation in this 
tissue (Table 4.1). A significant correlation was, however, noted for the gill where increased 
Cd accumulation resulted in decreased lipid peroxidation (R = 0.634, p = 0.0274; Table 4.1). 
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Figure 4.4 Lipid peroxidation (mean ± SEM) in green-lipped mussel (Perna canaliculus) gill 
and digestive gland after acute Cd exposure (A; n = 6) and in gill (B; n = 6) and digestive 
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gland (C; n = 6) during subchronic Cd exposure. All other details are identical to those in 
the Figure 4.2 legend, except that only the data in panel C were log-transformed prior to 
statistical analysis. 
4.3.4 Alkaline phosphatase 
Compared to control mussels, no significant changes in alkaline phosphatase activity were 
observed in the gill and digestive gland of mussels acutely exposed to Cd (Fig. 4.5A). 
However, subchronic Cd exposure resulted in a significant reduction of alkaline phosphatase 
activity in the gill of 200
 
and 2000 µg L
-1 
Cd-exposed mussels, an effect that was seen after 7 
d and which persisted throughout the 28 d exposure (Fig. 4.5B). The digestive gland of 
mussels exposed to 2000 µg L
-1 
Cd exposure had significantly lower enzyme activity than its 
time-matched control while no such changes were observed for the 200 µg L
-1 
Cd mussels 
(Fig. 4.5C). Only the decrease in digestive gland activity was significantly correlated to tissue 
accumulation (Table 4.1). 
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Figure 4.5 Alkaline phosphatase activity (mean ± SEM) in green-lipped mussel (Perna 
canaliculus) gill and digestive gland after acute Cd exposure (A; n = 8) and in gill (B; n = 6) 
and digestive gland (C; n = 6) during subchronic Cd exposure. All other details are identical 
to those in the Figure 4.2 legend, except that only the data in panel C were log-transformed 
prior to statistical analysis. 
4.3.5 Na+, K+-ATPase 
The 2000 and 4000 µg Cd L
-1 
acute exposure groups had significantly lower NKA activity in 
their gill than control mussels (Fig. 4.6A). Compared to the time-matched control, the NKA 
activity was significantly higher in the subchronic 200 µg L
-1 
Cd group on Days 7, 14 and 28 
with a significant decline observed on Day 21 (Fig. 4.6B). In contrast, the 2000 µg L
-1 
Cd-
exposed mussels recorded no significant changes with the exception of Day 28 when 
significantly higher enzyme activity was observed. These results did not correlate 
significantly with tissue Cd accumulation (Table 4.1). 
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Figure 4.6 Na
+
, K
+
-ATPase activity (mean ± SEM) in green-lipped mussel (Perna 
canaliculus) gill after acute (A; n = 6-8), and during subchronic (B; n = 5-6) Cd exposure. 
All other details are identical to those in the Figure 4.2 legend, except that only the data in 
panel B were square-root transformed prior to statistical analysis. 
4.3.6 Glycogen 
Significantly reduced levels of glycogen were found in the digestive gland of the 4000 µg L
-1 
Cd-exposed
 
mussels compared to the control at the end of the acute 96 h exposure (Fig. 
4.7A). However, no significant changes were observed in the 2000 µg L
-1 
Cd-exposed 
mussels. The 28 d subchronic Cd exposure resulted in significantly lower levels of glycogen 
in the digestive gland of the 2000 µg L
-1 
Cd exposed mussels, an effect that was present only 
at Day 14 and Day 21 (Fig. 4.7B). This reduction in glycogen was correlated significantly 
with tissue Cd accumulation (R = 0.733; p = 0.0067; Table 4.1). 
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Figure 4.7 Glycogen levels (mean ± SEM) in green-lipped mussel (Perna canaliculus) 
digestive gland after acute (A; n = 5), and during subchronic (B; n = 6) Cd exposure. All 
other details are identical to those in the Figure 4.2 legend, except that only the data in panel 
B were not transformed prior to statistical analysis. 
4.3.7 Haemolymph protein 
Acute Cd exposure did not induce any significant changes in haemolymph protein levels of 
mussels (Fig. 4.8A). In contrast, subchronic exposure produced significantly higher levels of 
protein in both Cd groups compared to the time-matched control group throughout the 28 d 
exposure (Fig. 4.8B). The protein levels were also found to differ significantly within 
exposure treatments, based on the time of the exposure. 
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Figure 4.8 Haemolymph protein levels (mean ± SEM) in green-lipped mussel (Perna 
canaliculus) haemolymph after acute (A; n = 4-5), and during subchronic (B; n = 6) Cd 
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exposure. All other details are identical to those in the Figure 4.2 legend, except that only the 
data in panel B were log-transformed prior to statistical analysis.  
Table 4.1 Relationship between Cd accumulation in gill and digestive gland of mussels and 
biochemical biomarkers after subchronic (28 d, 0-2000 µg Cd L
-1
; n = 6) exposure to 
waterborne Cd. 
Biochemical measure Tissue Correlation  
coefficient  
(R) 
Equation of the line  
of best fit 
p value 
Metallothionein-like protein Gill 0.957 y = 2.932x + 761.240 <0.0001 
 Digestive gland 0.964 y = 3.254x + 1214.019 <0.0001 
Catalase Gill 0.907 y = 0.011x + 46.223 <0.0001 
 
Digestive gland 0.708 y = 0.105x + 209.332 0.01 
Lipid peroxidation Gill 0.633 y = -1.428x + 0.099 0.0274 
 
Digestive gland 0.408 y = 1.652x + 0.127 0.1877 
Alkaline phosphatase Gill 0.453 y = -0.0005x + 1.664 0.1391 
 Digestive gland 0.778 y = -0.0022x + 9.468  0.0029 
Na
+
, K
+
-ATPase Gill 0.464 y = 0.0014x + 3.085 0.1286 
Glycogen Digestive gland 0.733 y = -0.0139x + 63.093 0.0067 
Statistically significant correlations (p < 0.05) are indicated in bold. Accumulation data was 
taken from Chapter 3, in mussels that were exposed concurrently with those used for 
biochemical analyses in the present chapter. 
4.4 Discussion 
4.4.1 Cadmium detoxification 
Subchronic exposure to Cd led to a gradual increase in MTLP levels in both the gill and 
digestive gland of mussels during the 28 d exposure. An induction of MT over time has been 
previously noted in Cd-exposed bivalve species (e.g. Serafim and Bebianno, 2007). This 
induction is known to play an important role in the sequestration and detoxification of toxic 
metals such as Cd. Cd binds to the multiple high affinity sulfhydryl sites within MTLP, and 
can thus be stored in a non-reactive form until excreted (Hogstrand and Haux, 1991). 
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Consequently, the ability of MTLP to sequester Cd is considered to confer tolerance to 
mussels (Rainbow, 2002). The importance of this response was demonstrated by the strong 
and significant correlation between the levels of MTLP in the tissues and the level of tissue 
Cd accumulation (Table 4.1). 
The induction of MTLP was only observed in the subchronic exposure, and not following 
acute exposure to Cd. Ma et al. (2008) observed similar results in the freshwater crab, 
Sinopotamon henanense, where acute exposure to Cd was not accompanied by an increase in 
MT production. In ectotherms such as mussels MT induction can be a relatively slow process. 
For example, Géret and Cosson (2002) found that MT protein levels in the blue mussel, 
Mytilus edulis, did not increase after a 4 d exposure to 200 µg L
-1 
Cd, however MT levels 
increased significantly after 21 d of exposure. Similarly, MT mRNA transcript levels in 
digestive gland of zebra mussels were not elevated until Day 7 of Cd exposure (Navarro et 
al., 2011). This suggests that the lack of a measurable MTLP induction response in green-
lipped mussels after acute exposure may have been a consequence of the short duration of the 
exposure. 
An alternative explanation for the lack of acute response is that Cd inhibited the induction of 
MTLP. A toxic effect of Cd on MT induction has been previously observed in amphipods 
exposed to a similar dose to that used in the present study (2000 μg L-1; Martinez et al., 
1996), and has also been observed in the haemocytes of the oyster Crassostrea virginica 
(Roesijadi et al., 1997). It is therefore possible that the high doses (~25-50% of P. 
canaliculus 96 h LC50; Chapter 3) used in the present study, caused a general toxic effect that 
inhibited the ability of the mussels to generate a MTLP response. 
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4.4.2 Oxidative stress 
MT acts as a first line of defence, but if the levels of MT are insufficient to sequester cellular 
Cd, then toxic effects may develop. A commonly noted effect of Cd toxicity is oxidative 
stress (Stohs et al., 2001). In tissues oxidative stress can be measured using a number of 
different endpoints, most commonly markers of oxidative damage (e.g. lipid peroxidation; 
Section 1.6.3.2), or changes in oxidative defence mechanisms (e.g. enzymes such as catalase 
that convert H2O2 into water and oxygen, thereby protecting the cells against oxidative stress; 
Section 1.3.5.2). In the present study, as observed for MTLP levels, there were no significant 
changes in either catalase or lipid peroxidation following acute exposure. In the case of 
catalase this could reflect the time taken for induction of this protective mechanism. For 
example, Viarengo et al. (1999) observed a minor increase in catalase activity only after 7 d 
of exposure to 200 µg Cd L
-1
. Similar results were also observed in Perna perna exposed to 
200 µg Cd L
-1 
(de Almeida et al., 2004) where catalase levels increased only after 120 h of 
exposure. 
An increase in lipid peroxidation is the standard reported impact in mussels exposed to Cd 
(e.g. Pytharopoulou et al., 2011). Although there are other reports of high acute waterborne 
Cd exposures causing no increase in tissue lipid peroxidation (e.g. Japanese flounder; Cao et 
al., 2012), the hypothesis is that the lack of effect may be related to an unusually potent anti-
oxidant defence in P. canaliculus. Lipid peroxidation will only occur when the pro-oxidant 
effects of Cd overwhelm the anti-oxidant defences. Lipid extracts of the green-lipped mussel 
have well-described anti-inflammatory effects, attributed to the presence of furan fatty acids 
with a very potent ROS-scavenging ability (Wakimoto et al., 2011). Consequently it may be 
that the lack of lipid peroxidation in this species, at least over short-term exposures, relates to 
this rare and significant anti-oxidant defence mechanism. It is also important to note that 
other anti-oxidant defence mechanisms such as enzyme activities of superoxide dismutase, 
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glutathione peroxidase, and glutathione transferase were not measured in this study. Thus the 
understanding of acute Cd-induced oxidative stress responses in P. canaliculus remains 
incomplete. 
Markers of oxidative stress were, however, significantly impacted over the longer 28 d 
exposure to Cd. The results showed a significant increase in catalase activity in both the gill 
and digestive gland of mussels subchronically exposed to Cd, an effect that correlated 
significantly with tissue Cd accumulation. This suggests an induction of catalase activity in 
response to Cd-mediated oxidative stress, a commonly recorded response in aquatic biota 
(e.g. Bebianno et al., 2004). 
Cd exposure usually results in an increase in oxidative damage in exposed bivalves (e.g. 
Pytharopoulou et al., 2011). Contrary to expectation, lipid peroxidation levels were relatively 
unchanged in Cd-exposed gills (except for a decrease at Day 21 in the 2000 μg Cd L-1 group). 
Although unexpected, similar findings have been observed in the digestive gland of the 
unionid bivalve, Pyganodon grandis (Bonneris et al., 2005) and in gills of the oyster 
Crassostrea gigas (Géret et al., 2002) exposed to Cd. These authors attributed the lack of 
lipid peroxidation to intensified anti-oxidant enzyme activity and MTLP production, 
mechanisms that would not only limit Cd-induced oxidative damage, but could also reduce 
constitutive levels of peroxidation. This explanation is consistent with the subchronic patterns 
of branchial MTLP in the present study. 
Increases in MTLP and catalase were also found in the digestive gland, however the pattern 
of lipid peroxidation in this tissue was quite distinct from that in the gill. An increase at both 
tested subchronic concentrations was recorded, although this was an effect that diminished 
over the course of the exposure. This reduction in peroxidation levels with time is an effect 
noted previously in bivalve digestive gland, and has been attributed to upregulation of anti-
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oxidant defence mechanisms (de Almeida et al., 2004). As these changes over time in the 
current study did not appear to correlate with MTLP and catalase in this tissue, it suggests 
that there was a delay in the induction of alternative mechanisms either preventing or 
repairing oxidative damage in the digestive gland. 
Tissue differences in lipid peroxidation responses to waterborne metal exposure have been 
recorded previously. For example, Bonneris et al. (2005) recorded an increase in gill lipid 
peroxidation, but a decrease in digestive gland lipid peroxidation associated with cellular Cd 
accumulation in a freshwater mussel. It is likely that differences in responses relate to tissue-
specific differences in anti-oxidant defence. As mentioned above, in the current study only a 
single measure of anti-oxidant defence was measured, catalase activity. While catalase 
activity in mussel gill and digestive gland is relatively insensitive to seasonal changes (Power 
and Sheehan, 1996), other measures may fluctuate with season. For example, glutathione and 
the activity of glutathione-S-transferases, the enzymes that conjugate glutathione to 
electrophilic substrates, can vary significantly with seasons in mussels (Power and Sheehan, 
1996). Most importantly, glutathione-S-transferase activity is consistently low and constant in 
digestive gland relative to activity in the gill, which is higher and fluctuates more than two-
fold over an annual cycle (Power and Sheehan, 1996). The lack of a complete understanding 
of anti-oxidant defences in the green-lipped mussel currently limits interpretation as to why 
the responses between gill and digestive gland differ to Cd exposure. 
It is, however, pertinent to note that lipid peroxidation levels in the gill, but not in the 
digestive gland, correlated significantly with tissue Cd accumulation (Table 4.1). This 
suggests that a factor other the Cd accumulation itself was responsible for the lipid 
peroxidation pattern in digestive gland. Reduced food intake and changes in energy 
metabolism were noted in green-lipped mussels exposed to Cd in Chapter 3, and these are 
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parameters known to influence lipid peroxidation in mussels (Viarengo et al., 1991). It is 
therefore possible that metabolic changes in the digestive gland related to the presence of Cd, 
generated the lipid peroxidation effects observed in this study. 
4.4.3 Effects of cadmium on cellular homeostasis enzymes 
Alkaline phosphatase is involved in transphosphorylation of monoesters (Coleman and 
Gettings, 1983). It is also known to be highly sensitive to the presence of metals (Regoli and 
Principato, 1995). Subchronic exposure to Cd resulted in a consistent and significant decline 
in alkaline phosphatase activity in the gill of mussels exposed to both Cd concentrations, 
while an inhibitory effect of alkaline phosphatase activity in the digestive gland was observed 
only in the 2000 µg L
-1 
Cd-exposed mussels. Inhibitory effects of Cd on alkaline phosphatase 
activity have previously been reported in the pearl oyster (Pinctada fucata; Xiao et al., 2002) 
and clam (Scrobicularia plana; Mazzora et al., 2002). These effects can be attributed to the 
high affinity of Cd for sulfhydryl groups and the subsequent displacement of zinc from the 
alkaline phosphatase cofactor-binding sites (Grintzalis et al., 2012). Alkaline phosphatase 
dysfunction could impair processes such as membrane transport, shell formation, and 
immune function (El-Demerdash and Elagamy, 1999; Chakraborty et al., 2010), and thus 
could be a key mechanism for organism-level effects of Cd in mussels. 
NKA is a key transmembrane enzyme involved in the maintenance of cellular ion 
homeostasis (MacGregor and Walker, 1993). Acute Cd exposure in green-lipped mussels 
resulted in a significant decrease in NKA activity. Cd exposure in the freshwater mussel, 
Anodonta cygnea, was found to have an inhibitory effect on NKA as Cd substituted itself for 
the cofactor magnesium (Pivovarova and Lagerspetz, 1996). This could explain the decrease 
in NKA activity seen in the acute Cd-exposed mussels (Fig. 4.6A). Alternatively, a general 
impairment of ion transport (be it an action on other transporters and/or on the integrity of the 
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gill cell membrane itself) might result in a compensatory increase in NKA activity (Issartel et 
al., 2010). Such an effect was noted in response to subchronic Cd exposure. A similar 
increase in NKA activity has also been observed in the freshwater gammarid, Gammarus 
pulex exposed to Cd (Felten et al., 2008). 
4.4.4 Effects of cadmium on energy substrates 
Subchronic Cd exposure in green-lipped mussels resulted in a significant transient reduction 
in digestive gland glycogen levels, an effect that was correlated with Cd accumulation in this 
tissue (Table 4.1). A similar effect on digestive gland glycogen was observed after acute 
exposure to 4000 µg L
-1 
Cd. Bivalve molluscs store energy as carbohydrates in the form of 
glycogen in their tissues, and this can be utilised as an energy resource during nutritional 
stress. In Chapter 3 it was shown that Cd induced a significant reduction in the feeding rate 
of mussels, which may indicate that a lack of adequate energy could have forced the Cd-
exposed mussels to rely on their glycogen stores to meet the costs associated with Cd 
detoxification mechanisms (e.g. MT production). A similar decrease in feeding and glycogen 
levels was also reported in the estuarine bivalve, Macoma balthica exposed to sublethal Cd 
concentrations (Duquesne et al., 2004). This depletion of stored energy may come at a cost, 
however, as this will reduce available energy for functions such as growth and reproduction 
(Ngo et al., 2011). For this reason tissue glycogen levels are considered to be an indicator of 
organism fitness (e.g. Ansaldo et al., 2006). 
Proteins are a potential energy resource during stress in mussels (Hawkins and Bayne, 1991). 
Subchronic exposure to Cd resulted in an increase in haemolymph protein levels, suggesting 
that the mussels had started to utilise proteins as an energy source. Spann et al. (2011) 
reported that exposure of the Asian clam, Corbicula fluminea, to low doses of sediment 
spiked with Cd for 1 week led to an increase in free amino acids and energy metabolism in 
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the tissues of clams. Similar increases in free amino acids in response to other environmental 
pollutants have been reported in the mussel, Mytilus galloprovincialis (Jones et al., 2008). 
Confirming the idea that protein is used as a fuel, low O:N ratios and high ammonia 
production rates, characteristic of protein catabolism (Bayne et al., 1985), were evident in 
Chapter 3. 
The subchronic Cd exposure is likely to be more representative of the natural conditions 
experienced by the animal, both in terms of dose and duration. A number of the endpoints 
examined during this exposure were strongly correlated with tissue accumulation, which in 
turn was shown to correspond to Cd levels in the exposure medium in Chapter 3. Among 
these endpoints, MTLP in particular, but also catalase activity, were strongly positively 
correlated with tissue accumulation in both the gill and the digestive gland. In combination 
with measurement of clearance rate (Chapter 3), these biochemical endpoints may have value 
as indicators of metal impairment in field-exposed mussels. These findings support the 
concept of integrating physiological and biochemical biomarker responses, along with tissue 
bioaccumulation measures, in P. canaliculus as a potential “bioindicator” species for metal 
contamination in NZ coastal waters. However it is clear that additional work is required to 
better understand the responses to lower environmental metal levels, especially over acute 
time-frames. 
4.5 Conclusions 
In the present chapter significant differences in the response of green-lipped mussels to Cd 
exposure were noted as a function of exposure duration. Most commonly the literature reports 
an increase in MT levels, accompanied by increased markers of oxidative stress (e.g. 
antioxidant enzyme activity and lipid peroxidation) following Cd exposure (e.g. Bebianno et 
al., 2004; Serafim and Bebianno, 2007; Pytharopoulou et al., 2011). To a large extent this 
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was observed over the subchronic exposure period. However, contrary to expectation, almost 
no change in measures of the metal detoxification pathway and oxidative stress were 
observed after acute exposure. This may be indicative of a number of factors including 
enhanced anti-oxidant defence mechanisms, speed of induction of these mechanisms, and/or 
Cd inhibition of cellular pathways of defence (see Sections 4.4.1 and 4.4.2). Consequently, 
measures such as gill NKA activity and digestive gland glycogen, which showed significant 
dose-dependent decreases in response to acute Cd exposure, may be more appropriate 
indicators of organism stress in acute exposure scenarios. 
Importantly the present study also identifies key mechanisms of subchronic Cd toxicity. 
Catalase, a key marker of oxidative stress, increased in both studied tissues, but lipid 
peroxidation, a marker of oxidative damage, increased only in the digestive gland. This latter 
effect was not correlated directly to Cd accumulation in this tissue. This suggests that while 
Cd induces oxidative stress it is not a direct contributor towards toxicity. Instead, changes in 
metabolism (decrease in glycogen, accompanied by increased haemolymph protein) suggest 
that the animal is under energetic stress. This is consistent with the change in fuel use 
(increase in protein metabolism) reported in Chapter 3. These effects may stem from both an 
increase in energy demand associated with detoxification processes (e.g. induction of MTLP 
and catalase), and a decrease in energy input, via clearance rate inhibition likely due to 
behavioural avoidance in the form of shell valve closure (Chapter 3). 
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5.1 Introduction 
The gill and the haemolymph of mussels are excellent candidates for assessing toxic impacts 
of metal exposure. The mussel gill is in direct contact with the environment and is thus 
susceptible to any toxic metals therein. Furthermore, the gill is the pathway by which most 
metal enters the mussel, be it by direct uptake from water, or via the feeding mechanism 
(Naimo, 1995). Once absorbed, metals enter the haemolymph. The haemolymph of molluscs 
is comprised of haemocytes that are responsible for humoral and cellular immune defence in 
bivalves (Galloway and Goven, 2006). Haemocytes also play a key role in transferring metals 
to tissues for detoxification and/or accumulation, and by virtue of this exposure to the 
absorbed toxicant, they are susceptible to toxic impacts (see Section 1.6.4). 
Mussels are also considered to be sensitive to the genotoxic effects of metals (Bolognesi et 
al., 1996). The micronucleus test and comet assay are reliable and cost-effective assays that 
detect nuclear abnormalities and DNA damage in cells (see Section 1.6.5). One metal known 
to cause the type of genetic damage detected by the micronucleus and comet assays is Cd 
(e.g. Bertin and Averbeck, 2006). At the cellular level Cd is known to affect cytoskeletal 
structure (Chora et al., 2009), cell adhesion and shape (Brousseau et al., 2000), haemocyte 
viability (Olabarrieta et al., 2001) and to cause changes in haemocyte populations (Cheng, 
1988). Cd is also known to cause oxidative stress (e.g. lipid peroxidation; Chapter 4) and 
interfere with DNA repair processes (Pruski and Dixon, 2002). Cd exposure can lead to 
single strand DNA breaks (Hartwig, 1994), and the kinds of abnormalities detected using the 
micronucleus test and comet assay. 
The objectives of the present chapter were to investigate the immunocytotoxic and 
cytogenotoxic effects of acute and subchronic waterborne Cd on the haemocytes and gill cells 
of the green-lipped mussel in order to identify additional biological impacts of Cd exposure 
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that may be of relevance to the use of this species as a bioindicator, and to further delineate 
mechanisms of waterborne Cd toxicity in this organism. 
5.2 Material and methods 
5.2.1 Immunocytotoxic and cytogenotoxic biomarker measurements 
 
 
Figure 5.1 Flow chart illustration of cadmium exposure and immunocytotoxic and 
cytogenotoxic biomarker assays used in this study. 
The Cd exposure treatments and experimental set-up have been provided in Section 2.3. 
Differential cell count, the micronucleus test and the comet assay were conducted based on 
the protocol detailed in Sections 2.5 and 2.6. The immunocytotoxic and cytogenotoxic 
biomarkers used in this study are presented in Fig. 5.1. 
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Haemocytes were classified based on differential staining characteristics (Fig. 5.2). 
Eosinophils were identified as large, pink-stained cells with granules in their cytoplasm while 
basophils had a granular cytoplasm and stained blue. Hyalinocytes also stained blue, but had 
very few, or no, granules in the cytoplasm. 
 
 
Figure 5.2 Haemocytes observed in the haemolymph of green-lipped mussels. (A) Basophil 
(B) eosinophil (C) hyalinocyte (D) eosinophilic basophil (E) basophilic eosinophil (F) 
brown-orange cell. 
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Figure 5.3 Nuclear abnormalities observed in the gill cells of green-lipped mussels. (A) 
Micronucleus (B) nuclear bud (C) fragmented-apoptotic cell (D) binucleus. 
Micronuclei were identified as round or ovoid structures detached from the nucleus with a 
diameter 1/3 to 1/20 of the main nucleus (Fig. 5.3A). Nuclear buds were identified as an 
extrusion of nuclear material from the nucleus similar to a micronucleus but connected to the 
main nucleus by a nucleoplasmic bridge (Fig. 5.3B). Cells with an intact cell membrane 
containing condensed or fragmented nuclear material with slightly higher staining intensity 
than normal cells were identified as fragmented-apoptotic cells (Fig. 5.3C). Cells comprising 
two nuclei with intact nuclear membranes touching each other, which were of similar size 
and staining characteristics, were identified as binucleated cells (Fig. 5.3D). 
5.2.2 Statistical analysis 
Data were tested statistically using methods described in Section 2.9. Additionally apart from 
parametric analysis, acute exposure data were also analysed by non-parametric method using 
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Kruskal-Wallis ANOVA followed by Tukey test (non-parametric). The mean value of each 
nuclear aberration measured using the micronucleus test was correlated with the 
corresponding mean gill Cd accumulation level on Days 7, 14, 21 and 28 during the 
subchronic exposure to Cd as described in Section 2.9. Data are presented as mean ± SEM 
with statistical significance set at p < 0.05. 
5.3 Results 
5.3.1 Differential cell count 
A total of six distinct haemocyte types were identified in green-lipped mussels. In accordance 
with the criteria outlined in Section 2.3, basophils were identified as large, granular, blue-
stained cells (Fig. 5.2A), eosinophils were of similar morphology but stained pink (Fig. 
5.2B), and hyalinocytes were blue-stained, with minor or absent granulation (Fig. 5.2C). 
Three other haemocyte types were identified that did not fall into these criteria. A basophilic 
eosinophil was characterised as a haemocyte with a blue-stained cytoplasm and pink-stained 
granules (Fig. 5.2D) while eosinophilic basophils were identified as cells with a pink-stained 
cytoplasm and blue-stained granules (Fig. 5.2E). The other cell type identified was an orange-
brown cell, which displayed a characteristic orange to brown-coloured cytoplasm and a blue 
nucleus (Fig. 5.2F). These latter three cell types were not taken into account as part of the 
differential cell count assessment, as they occurred only rarely in scored slides. 
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Figure 5.4 Basophil (A), eosinophil (B) and hyalinocyte (C) count in haemolymph of green-
lipped mussels (Perna canaliculus) following  acute (96 h) exposure to Cd (0 (control), 2000 
and 4000 µg L
−1
; n = 8). Data are presented as a percentage of the control (mean ± SEM). 
Plotted points sharing letters are not significantly different (p < 0.05) as determined using 
one-way ANOVA followed by post hoc LSD test (all panels). Data in panel A were log-
transformed prior to statistical analysis. 
Compared to controls, a significantly higher percentage of basophils were recorded in 
mussels acutely-exposed to both 2000 and 4000 µg L
-1
 Cd (Fig. 5.4A), while a significantly 
higher percentage of eosinophils were also observed in the haemolymph of 4000 µg L
-1
 Cd-
exposed mussels (Fig. 5.4B). Conversely, the relative numbers of hyalinocytes did not show 
any significant changes following the 96 h acute Cd exposure (Fig. 5.4C). 
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Figure 5.5 Basophil (A), eosinophil (B), and hyalinocyte (C) count in haemolymph of green-
lipped mussels (Perna canaliculus) during subchronic (28 d) exposure to Cd (0 (control), 200 
and 2000 µg L
−1
; n = 6). Data are presented as percentage of control (mean ± SEM). Data 
were analysed by two-way ANOVA with exposure concentration (treatment) and time as 
factors (all panels). The results of the analysis are reported on the panel. Asterisks indicate a 
significant difference between the exposure concentration and the control within a day, as 
determined by post hoc LSD analysis (α = 0.05). Data in panel B were log-transformed prior 
to statistical analysis. 
Subchronic exposure to Cd resulted in a significant effect of concentration (treatment), time, 
and interaction between these factors, on the relative percentage of basophils in the Cd-
exposed mussels (Fig. 5.5A). The 2000 µg L
-1
 Cd-exposed mussels showed a significant 
decline in the percentage of basophils on Days 7 and 28 compared to the time-matched 
control mussels. In contrast the 200 µg L
-1
 Cd-exposed mussels exhibited a significant 
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increase in the relative numbers of basophils, an effect that was, however, only present on 
Day 14 (Fig. 5.5A). 
A significant increase in eosinophils in Cd-exposed mussels relative to the unexposed control 
was observed on Days 14 and 21 during subchronic exposure to Cd. This increase occurred in 
both the 200 and 2000 µg Cd L
-1
 concentrations (Fig. 5.5B). Subchronic exposure to Cd also 
led to a significant increase in the relative percentage of hyalinocytes in the 200 µg L
-1
 Cd-
exposed mussels compared to the control at all time-points investigated (with the exception 
of Day 21), but there was no effect of exposure at the higher level (Fig. 5.5C). 
5.3.2 Micronucleus test  
Compared to the control mussels, a significant increase in numbers of micronuclei (Fig. 
5.6A) and nuclear buds (Fig. 5.6B) was observed in the gill cells of 4000 µg L
-1
 Cd-exposed 
mussels at the end of 96 h. Acute Cd exposure also resulted in a significant increase in the 
formation of fragmented-apoptotic cells in gill of mussels exposed to 2000 and 4000 µg L
-1
 
Cd (Fig. 5.6C). Binucleated cells exhibited a trend whereby the number of these cells 
observed relative to the control increased with Cd exposure concentration over 96 h. 
However this trend narrowly eluded statistical significance (p = 0.050; Fig. 5.6D). 
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Figure 5.6 Number of micronuclei (A), nuclear buds (B), fragmented-apoptotic cells (C) and 
binuclei (D) observed in the gill cells of green-lipped mussels (Perna canaliculus) following 
acute (96 h) exposure to Cd (0 (control), 2000 and 4000 µg L
−1
; n = 8). Values are presented 
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as mean ± SEM. Plotted points sharing letters are not significantly different. All other details 
are identical to those in the Figure 5.4 legend, except that in panels A and B statistical 
significance (p < 0.05) was determined using Kruskal-Wallis ANOVA followed by a Tukey 
test and data in panel D were square-root transformed, prior to statistical analysis (p = 
0.050). 
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Figure 5.7 Number of micronuclei (A), nuclear buds (B), fragmented-apoptotic cells (C) and 
binuclei (D) observed in the gill cells of green-lipped mussels (Perna canaliculus) during 
subchronic (28 d) exposure to Cd (0 (control), 200 and 2000 µg L
−1
, n = 6). Values are 
presented as mean ± SEM. All other details are identical to those in the Figure 5.5 legend, 
except that only the data in panels A and C were log-transformed, while data in panel D were 
square-root transformed, prior to statistical analysis. 
With the exception of Day 21, subchronic exposure to Cd resulted in a significant increase in 
the numbers of micronuclei in 2000 µg Cd L
-1
 while a significant increase was observed in 
the 200 µg Cd L
-1 
mussels only on Day 14 of the exposure (Fig. 5.7A). Similarly, nuclear bud 
formation in 2000 µg L
-1
 Cd-exposed mussels increased significantly during subchronic 
exposure (with the exception of Day 14) while an increase in this parameter was also 
observed in the 200 µg L
-1
 Cd-exposed mussels, but only on Day 21 (Fig. 5.7B). Subchronic 
exposure to Cd resulted in a significant increase in the number of fragmented-apoptotic cells 
at both 200 and 2000 µg Cd L
-1 
throughout the 28 d exposure (Fig. 5.7C; with the exception 
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of Day 7, at 200 µg Cd L
-1
). A significant increase in the number of binuclei in the 2000 µg 
L
-1 
Cd-exposed
 
mussels occurred throughout the 28 d exposure while the 200 µg L
-1 
Cd-
exposed
 
mussels showed a similar significant increase in binuclei only on Day 7 and 28 (Fig. 
5.7D). Table 5.1 shows that all of these nuclear aberrations were strongly correlated with gill 
Cd accumulation (micronuclei, R = 0.801, p = 0.0017; nuclear buds, R = 0.795, p = 0.0020; 
fragmented-apoptotic cells, R = 0.848, p = 0.0005; binuclei, R = 0.875, p = 0.0002). 
Table 5.1 Relationship between Cd accumulation in gill of mussels and cytogenotoxic 
biomarker response in gill cells after subchronic (28 d, 0-2000 µg Cd L
-1
) exposure to 
waterborne Cd. 
Cytogenotoxic Measure Correlation 
coefficient 
(R) 
Equation of the line of 
best fit 
p value 
Micronuclei  0.801 y = 0.001x + 0.8029 0.0017 
Nuclear buds  0.795 y = 0.0008x + 0.5318 0.002 
Fragmented-apoptotic cells 0.848 y = 0.0192x + 0.7191 0.0005 
Binuclei 0.875 y = 0.0048x + 2.1536 0.0002 
Significant values (p < 0.05) are indicated in bold 
5.3.3 Comet assay 
The percentage tail intensity of DNA in the haemocytes of green-lipped mussels increased 
significantly in Cd-exposed mussels during the 28 d subchronic exposure to Cd (Fig. 5.8). 
This effect was dose-dependent and independent of the time at which the response was 
measured. 
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Figure 5.8 Percentage of DNA tail intensity of haemocytes in green-lipped mussel (Perna 
canaliculus) during subchronic (28 d) exposure to Cd (0 (control), 200 and 2000 µg L
−1
, n = 
3). Values are presented as mean ± SEM. All other details are identical to those in the Figure 
5.5 legend, except that only the data were not transformed prior to statistical analysis. 
5.4 Discussion 
5.4.1 Immunocytotoxic effects of cadmium 
The classification of haemocytes presented in this study was based on the morphology and 
differential staining characteristics of these cells. Similar classifications, and indeed similar 
cell type identifications, have been reported in other mussel species (e.g. Mytilus edulis, Foll 
et al., 2010; Perna viridis, Wang et al., 2012). In general the haemocytes of mussels can be 
divided into those cells exhibiting intracellular granularity (granulocytes) and those that do 
not (agranulocytes or hyalinocytes). Granular cells can be further subdivided into basophils 
and eosinophils, on the basis of staining patterns. Granulocytes are considered to play 
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important roles in phagocytosis (Pipe, 1992), although the functional differentiation of the 
two cell types within this classification is not well understood. The roles of bivalve 
hyalinocytes are less well-defined but they are believed to be associated with the cytotoxic 
immune response (Soares-da-Silva et al., 2002), and are also important in the early stages of 
epithelial regeneration (Suzuki et al., 1991). 
In the current study acute exposure to Cd resulted in an increase in the relative proportion of 
both granular cell types (Fig. 5.4). Conversely, subchronic Cd exposure resulted in a time- 
and concentration-dependent response in granular basophils (a decrease at 2000 µg Cd L
-1
 at 
Day7 and 28; an increase at 200 µg Cd L
-1
 at Day 14), an elevation in granular eosinophils at 
both concentrations (on Day 14 and 21), and a dose-dependent relative increase in 
hyalinocytes observed only at 200 µg Cd L
-1
 (with the exception of Day 21) (Fig. 5.5). A 
variety of responses in differential haemocyte count have been previously reported upon 
exposure to metal toxicants. For example, decreases in eosinophils and increases in basophils 
were noted after copper exposure in Mytilus edulis (Pipe et al., 1999). Conversely, Coles et 
al. (1995) reported no effect of Cd exposure (up to 400 μg L-1) in the same species, while 
Cheng (1988) described an increase in hyalinocyte proportion following exposure of the 
oyster Crassostrea virginica to 1 mg L
-1
 Cd. Species differences, and particularly dose 
duration and concentration, are likely to explain these differences. 
Changes in the relative proportions of haemocytes in bivalves can result from one of three 
mechanisms. Cell types that are more sensitive to Cd may be selectively eliminated from the 
circulating haemocyte population (Pipe et al., 1999); there may be an increase in 
haematopoiesis and/or cell differentiation resulting in a relative increase in a particular cell 
type (Cheng, 1988); and/or specific cell types may migrate to or from the tissue, thus altering 
their proportions in the sampled population (Pipe et al., 1999). Eosinophils appeared to be the 
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most resilient of the haemocytes to Cd effects, exhibiting increases in both acute and 
subchronic exposures at the highest concentrations examined. This may be a consequence of 
their role in phagocytosis. Phagocytic haemocytes of mussels utilise ROS as part of their 
defence against invading pathogens (Pipe and Coles, 1995). Consequently these cells are well 
protected against ROS damage (e.g. they exhibit elevated peroxidase activities; Soares-da-
Silva et al., 2002). As Cd is known to generate oxidative stress (Pipe and Coles, 1995), it 
could be hypothesised that these cells have an inherent protective advantage upon Cd 
exposure compared to other cell types that lack these defences (e.g. hyalinocytes; Soares-da-
Silva et al., 2002). Alternatively, it has been noted that Cd impacts the shape of granulocytes, 
making them rounder with less pseudopodia (Calisi et al., 2008). This would decrease their 
ability to aggregate in the tissue, causing an increase in their presence in the haemolymph 
(Auffret et al., 2002), an explanation that would also be consistent with the pattern observed 
in the current study. 
As many researchers treat granulated cells as a single cell population in immunocytological 
studies (e.g. Calisi et al., 2008), the pattern observed for eosinophils would be expected to be 
replicated in the other granulated cell population, the basophils. However these two cell 
classifications showed a distinct pattern. Basophils decreased in relative numbers at Day 7 
and 28 of subchronic Cd exposure. The mechanism behind this remains unexplored, but if 
these cells had a specific role in metal detoxification, then a decrease in circulating numbers 
might be expected as they transport accumulated Cd to tissues for storage and/or elimination. 
This has been previously hypothesised to occur in granulocyte populations of the oyster 
Crassostrea virginica upon Cd exposure (Cherkasov et al., 2007). It is, nevertheless, clear 
that the two granular cell types have a very different response to Cd exposure, and suggests 
that they should be treated as distinct populations in future studies. This finding is consistent 
with a study that identified unique epitopes in basophils and eosinophils, when these cells 
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were used as antigens to raise monoclonal antibodies (Dyrynda et al., 1997). The nature of 
these differences, and how they may confer different responses to Cd exposure, remains 
unknown. 
The hyalinocytes showed a clear concentration-dependent pattern (Fig. 5.5C). The increase in 
relative hyalinocyte numbers at low concentrations could be a haematopoietic response 
(Cheng, 1988), while the return to basal levels at the higher concentration could represent a 
higher sensitivity to Cd exposure relative to granulocyte populations (e.g. Bolognesi and 
Hayashi, 2011). An alternative explanation is that hyalinocytes migrated to epithelial tissue 
such as the gill, to initiate repair induced by the higher level of Cd exposure (Suzuki et al., 
1991). Although histological damage to gill was not assessed in the current study, dose-
dependent epithelial damage to this tissue has been previously reported in mussels exposed to 
Cd (Sheir and Handy, 2010). The exact mechanism responsible for the observed changes in 
proportional cell populations in the current study clearly requires further investigation. 
5.4.2 Cytogenotoxic effects of cadmium 
In this study two assays were utilised to investigate the cytogenotoxic impacts of Cd exposure 
in green-lipped mussels. The comet assay detects single strand DNA breaks (Dixon et al., 
2002; Section 1.6.5). This damage is relatively minor and often transient, and therefore the 
comet assay is considered to be more sensitive relative to the micronucleus test (Dixon et al., 
2002). The micronucleus test evaluates significant perturbation to chromosomal structure, 
effects that can be observed only in actively-dividing cells. Consequently, such macrolesions 
are usually slower to develop and detect (Dixon et al., 2002). The results of the current study 
were generally supportive of this hypothesis. The comet assay showed impacts at the first 
tested day during subchronic exposure (Day 7), and at both tested exposure concentrations. 
Of the nuclear abnormalities examined via the micronucleus test, only the development of 
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binuclei showed a similar early onset in both 200 and 2000 µg Cd L
-1
. However, significant 
increases in the other macrolesions (micronuclei, nuclear buds, fragmented apoptotic cells), 
were present only at the highest exposure concentration at Day 7. Consequently, although 
single stranded DNA breaks appeared to be a more sensitive endpoint of Cd exposure than 
gross nuclear abnormalities, the transition between the onset of these microlesions and the 
more deleterious macrolesions was not as clear as may have been predicted. 
Differences in the cell types examined may explain this pattern. The comet assay was 
performed on haemocytes, whereas the micronuclei test was conducted on gill cells. It is 
generally considered that mussel gill cells are more sensitive to Cd exposure than 
haemocytes, likely owing to their direct exposure to the waterborne toxicant (e.g. Vincent-
Hubert et al., 2011). Thus the presence of macrolesions in the gills might be expected to 
occur more rapidly than if these parameters had been measured in the haemocytes, leading to 
the patterns of genotoxicity onset observed. It is important to note, however, that haemocytes 
are considered the more reliable cells in which to monitor lesion effects, owing to their more 
homogeneous exposure to the toxicant, and their lower general variability in toxic response 
(Dixon et al., 2002). 
The other notable finding derived from the comet assay results was the persistence of DNA 
strand breaks over the course of the 28 d subchronic exposure. This pattern was distinct from 
the usually reported transient effect (Dixon et al., 2002; Frenzilli et al., 2009). This suggests 
that Cd had a sustained cytogenotoxic impact that was persistent in spite of mechanisms that 
may act to lessen Cd toxicity (e.g. DNA repair, see below). 
The effect of Cd on cytogenotoxic endpoints in mussels has been noted previously (e.g. 
Pruski and Dixon, 2002; Emmanouil et al., 2007; Vincent-Hubert et al., 2011), and these 
mutagenic impacts have been recommended for incorporation as biomarkers in mussel-based 
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environmental biomonitoring programmes for the detection of Cd and other stressors (Dixon 
et al., 2002). That the nuclear aberrations in branchial cells detected in this study correlated 
strongly with gill tissue Cd accumulation (Table 5.1), lends support to the idea that these 
endpoints are potentially effective indicators of Cd toxicity. 
Although the literature is consistent in its description of Cd impacting cytogenotoxic markers, 
the mechanism by which this effect is generated is subject to debate. It is generally accepted 
that Cd is not directly mutagenic, in that it does not bind to DNA (Valverde et al., 2001). 
Instead it is believed that Cd exerts genotoxicity through the generation of ROS, by inhibiting 
DNA repair pathways, and/or by binding to cellular sulfhydryl groups that would be 
otherwise used to scavenge ROS (Pruski and Dixon, 2002; Emmanouil et al., 2007; Vincent-
Hubert et al., 2011). Both the pro-oxidant effect, and the DNA repair inhibition, is believed to 
be generated by the ability of Cd to displace metal cofactors from cellular proteins. Metals 
such as Fe
2+
 and Cu
2+
 can directly generate ROS via the Fenton reaction, so the displacement 
of these cofactors from proteins by Cd is known to cause oxidative stress (Cuypers et al., 
2010; see Section 1.3.5.2), and subsequent genotoxic damage. Similarly, key enzymes in 
DNA repair utilise Zn
2+
 as a cofactor, and the displacement of Zn
2+
 by Cd can lead to 
impairment of this process (Pruski and Dixon, 2002). The exact mechanism responsible for 
the genotoxic effects observed in the current study has not been investigated. However, in 
Chapter 4 Cd exposure resulted in significant changes to branchial catalase activity. This 
suggests that a pro-oxidant effect is at least partially responsible for the observed 
cytogenotoxic changes described. 
5.5 Conclusions 
This study showed that Cd exposure in the green-lipped mussel had a significant impact on 
both immunocytological and cytogenotoxic biomarkers. The strong positive correlation 
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between tissue accumulation and nuclear aberrations detected by the micronucleus test, 
suggests that this assay is a useful tool to assess environmental Cd toxicity, a utility increased 
by the fact that this test is simple to perform and cost-effective. In combination with other 
biomarkers identified previously in the same species, such as clearance rate (Chapter 3) and 
MTLP (Chapter 4), a suite of endpoints have been established that respond to dose, duration 
and tissue metal accumulation levels. When applied in P. canaliculus exposed to metal 
pollutants found in the NZ environment these biomarkers could be used to develop an 
environmental risk assessment model that would be a valuable addition to biomonitoring 
programmes. 
Aside from the utility of these cytogenotoxic endpoints in monitoring, the current study also 
indicates potentially important mechanisms of toxicity in this species. Alterations in the 
relative proportions of haemocytes suggest that exposure to Cd could weaken immune 
defence (Auffret et al., 2006), impacting disease resistance and survival capability of marine 
organisms (Pipe and Coles, 1995; Dyrynda et al., 1998). Similarly genotoxic effects could 
induce DNA damage leading to implications such as reduction in the population size. 
Furthermore, alterations in the DNA could ultimately induce changes in the genetic diversity 
affecting the entire ecosystem (Theodorakis, 2001). 
 6 Trace metal concentrations in sediment and tissues of green-
lipped mussels from coastal regions of the South Island, New 
Zealand 
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6.1 Introduction 
Coastal ecosystems are vulnerable to pollution from different sources. Among these 
pollutants, metal contaminants are of major concern because of their persistent and non-
degradable nature (Section 1.2). Metals entering the coastal environment are present in the 
water column and/or associated with the sediments. The distribution and the fate of metals 
between environmental compartments are controlled by complex interactions between 
environmental variables. Changes in salinity, temperature, pH, oxygen content and DOM are 
known to affect the behaviour of metals in the coastal environment (e.g. Atkinson et al., 
2007). These factors also influence metal uptake and accumulation in aquatic organisms.  
Bivalves such as mussels are exposed to metals through different compartments of the 
environment namely the dissolved aquatic phase and the particulate phase in water, sediments 
and through their diet (e.g. Gagnon et al., 2006). One of the key characteristics that make 
mussels ideal bioindicators of the environment, is their ability to accumulate metals (see 
Section 1.5.1). Bioaccumulation can be defined as the net accumulation of a chemical into the 
tissues of an organism through all possible routes of uptake including water and food (Luoma 
and Rainbow, 2008). Metal uptake, accumulation, depuration in aquatic organisms is metal-, 
organ- and species-specific (McGeer et al., 2004).  
Among the tissues, the gill is considered to play a significant role in metal uptake and 
accumulation due to its involvement in the filter-feeding mechanism (Marigoméz et al., 
2002). Several mussel species use the digestive gland as the major organ for sequestration 
and detoxification of metals (Marigoméz et al., 2002). Apart from these two tissues, other 
organs such as the mantle and the foot are also involved in metal uptake and storage (Simkiss 
and Mason, 1983). Similar to the gill, both the foot and the mantle are also in direct contact 
with the external environment. However, few studies have reported organ-specific metal 
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accumulation levels in mussels (e.g. Yap et al., 2006). Within the different organs, metals are 
stored in granules, lysosomes and also bound to specialised proteins in detoxified form 
(Simkiss and Mason, 1983). The variations in distribution of metals between tissues can be 
related to their affinity towards metal-binding sites such as MT, and differences in the rate of 
metal uptake and elimination (Gundacker, 1999). Moreover, the physiological state of the 
mussels (e.g. spawning, feeding habits) and environmental factors such as salinity and 
temperature can also influence metal bioaccumulation in mussel tissues. Compared to whole 
body burden, metal concentration in different tissues provides information on metal uptake 
and accumulation (e.g. Yap et al., 2006). In a biomonitoring context, it would be valuable to 
understand the role of specific organs in metal accumulation to provide information on metal 
bioavailability (also see Section 1.4). 
Marine sediments act as a reservoir for metals providing a time-integrated indication of metal 
contamination (e.g. Turner, 2000). Processes such as bioturbation, diffusion and resuspension 
are known to redistribute metals present in the sediments into the water column (Chapman et 
al., 1998). Although the measurement of total metal concentrations in sediments can provide 
information on metal contamination, it is the bioavailable fraction of metal (defined as the 
metal fraction that is available in free form for absorption by the organism) which has the 
potential to induce toxicity (Di Toro et al., 2005; see Section 1.2). The speciation of metals in 
sediments can be affected when metals form complexes with sulfides, oxides, carbonates or 
DOM (Chapman et al., 2003; Di Toro et al., 2005). Several environmental factors strongly 
influence metal complexation processes within sediments such as changes in redox reactions, 
benthic flux, presence of organic and detritus material (Di Toro et al., 1992; De Jonge et al., 
2012).  
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 In order to protect aquatic species from adverse metal toxic effects sediment quality 
guidelines (SQG) have been developed (McCauley et al., 2000). SQGs are derived from 
toxicity databases by environmental agencies that provide values that can be used to compare 
sediment metal concentrations from a particular site of interest (McCready et al., 2006). 
These guidelines are used to assess the degree of metal contamination and identify the risk 
associated to aquatic organisms (e.g. Christophoridis et al., 2009). 
Metal concentrations in both mussel tissue and sediments are used worldwide as reliable 
indicators that reflect the health status of the coastal environment (e.g. Roméo et al., 2005). In 
NZ, the coastal environment is affected by several metal contaminants arising from different 
sources such as industrial activities (e.g. mining), agricultural runoff (e.g. dairy farms), 
sewage outfall and urban stormwater runoff (Burggraaf et al., 1997; Pilotto et al., 1998; 
Eagar, 1999). Other natural sources of metal input in NZ include volcanic and geothermal 
activity, earthquakes, soil erosion and sea upwelling (Croot and Hunter, 1998; Reyes et al., 
2002; Brown and Simmons, 2003; Goldsmith et al., 2008). In NZ, there is limited 
information on sediment metal concentrations from coastal environments while there is no 
data on tissue metal concentrations of green-lipped mussels. 
The objectives of this study were to collect green-lipped mussels, P. canaliculus and 
sediments from three coastal regions of the South Island in NZ including sites which 
differed in their contaminant histories to: (a) measure the metal concentrations in different 
mussel tissues from different sampling sites; and (b) to assess metal contamination levels 
in sediments using SQGs. In this study, the concentrations of Cu, Zn, Cd, As and Pb, were 
determined in the gill, digestive gland, mantle and foot of the green-lipped mussels 
collected from nine sites (three sites from each of the three regional locations) in coastal 
regions of NZ’s South Island (Fig. 6.1). Sediment samples were also simultaneously 
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collected from each of those sampling locations and the levels of, Cu, Zn, As, Cd and Pb 
were determined. The information on metal concentrations collected from both mussel 
tissues and sediments can contribute towards understanding metal contamination in NZ 
and the use of green-lipped mussels as bioindicators of metal contamination in NZ.  
6.2 Materials and methods 
6.2.1 Description of sampling sites 
Mussel and sediment samples were collected from three regions (West Coast, Canterbury and 
Nelson) in the South Island, NZ. The location, potential sources of pollution and physical 
properties of the nine sampling sites within these three regions are presented in Table 6.1 and 
briefly discussed below.  
 
West Coast – Three sites, namely Carters Beach, Tauranga Bay and Ngakawau, were chosen 
as sampling sites within the West Coast region. Carters Beach is classified as a coastal 
recreational area and was chosen as the reference site (potentially least contaminated) for the 
West Coast region. Tauranga Bay receives discharges from local sewage and beach mining 
(WCRC, 2006). Coal mining is the primary source of contamination in Ngakawau (WCRC, 
2006). The coastal area in the West Coast region has been reported to receive pollutants from 
adjoining farmlands, human sewage, stormwater discharge, industrial and commercial 
activities (WCRC, 2000). 
 
Canterbury – Pigeon Bay, Lyttelton and Avon-Heathcote were chosen as the three sampling 
sites within the Canterbury region. Among these sites, Pigeon Bay was chosen as the 
reference site. Lyttelton is a major harbour close to Christchurch city and is characterised by 
shipping and port activity. Both Pigeon Bay and Lyttelton sites are of volcanic origin and 
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receive stormwater runoff (ECAN, 2007). Avon-Heathcote is an estuary where the Avon and 
the Heathcote rivers meet. Metal pollution has been a major problem in this site in the past 
with sewage discharge and storm water runoff being the two main contributors (ECAN, 
2012). Recent earthquakes in 2011 have altered metal concentrations in the Canterbury 
region based on mussel tissue samples collected before and after the earthquakes. 
 
Nelson – Adele Island, Tahuna Beach and Mapua were selected as sampling sites in the 
Nelson region. Adele Island is known for sightseeing and recreational activities (TDC, 2010). 
Adele Island was chosen as the reference site for the Nelson region. Tahuna Beach is a 
recreational area with road run-off, sewage discharge and boating activity being the primary 
contributors to metal pollution (TDC, 2010). Mapua is one of the most contaminated sites in 
New Zealand. It has a history of contamination from a pesticide manufacturing company that 
was closed down in 1988 (MfE, 2010). 
6.2.2 Mussel collection and maintenance 
Adult green-lipped mussels (n = 30 from each sampling site; 60-80 mm shell length) were 
collected from nine sampling sites (Fig. 6.1). A single reading of physical properties of the 
seawater such as temperature, salinity and pH at each sampling site was recorded using a 
calibrated hand-held meter (YSI 30 M, John Morris Scientific Ltd). Sampling was conducted 
during low tide, on shore from all the sites, with the exception of Pigeon Bay and Lyttelton 
that were accessed by boat. Sediment samples were not collected from these two sites. The 
mussels were collected by cutting the byssus threads off their substratum using a pair of 
scissors. After collection, the mussels were transferred into a polyethylene bag (90 x 60 cm) 
placed on ice-packs inside a cooler bin. Care was taken to cover the ice-packs with moist 
absorbent cloth to avoid direct contact with the mussels. The polyethylene bags containing 
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the mussels were half-filled with seawater from the collection site. The mouth of the bag was 
loosely tied with a nylon thread through which an aeration tube was inserted and connected to 
a battery-powered air-bubbler. This setup was transported to a 15°C controlled temperature 
room at the University of Canterbury within 24 - 48 h. On arrival at the facility, the mussels 
were maintained according to the protocol provided in Section 2.1 and kept in fresh seawater 
(~20 L) that was collected in 30 L polypropylene containers from each collection site. 
6.2.3 Sediment collection  
Superficial oxic sediment samples (~0 to 2-5 cm depth; n = 3) from each site were collected 
in 50 ml acid-washed polypropylene tubes. All tubes used for sediment sample collection 
were acid-washed for 48 h in 2% HNO3, thoroughly rinsed, dried and kept in clean 
polyethylene bags until use. These acid-washed tubes were used for storing sediments 
collected at each sampling site. The sediment samples were placed in clean polyethylene bags 
and transported to the laboratory inside the cooler bin along with the mussels. On reaching 
the laboratory, the sediment samples were stored at 4°C until processed. 
 
†Satellite images reproduced from the source - NASA/JPL-Caltech 
  
Figure 6.1 Location of sampling sites within each region in the South Island, New Zealand
†
. (A) West Coast (B) Canterbury (C) Nelson
  
Table 6.1 Description of sampling sites and characteristics of seawater at the different sampling sites 
Regions Sampling sites Sampling date Location Potential sources of pollution Salinity 
(‰) 
pH Water 
Temperature
(ºC) 
 
Carters Beach 10 - 09 - 2011 S41° 43.779
 ´
E171° 35.243
´
 Industrial discharge, stormwater runoff 31.5 8.1 12.2 
West Coast Tauranga Bay 10 - 09 - 2011 S41° 46.533
 ´
E171° 27.250
´
 Sewage 32.2 7.8 12.2 
 
Ngakawau 11 - 09 - 2011 S41° 34.121
 ´
E171° 54.486
´
 Mining effluent 32.3 8.0 12.8 
 
Pigeon Bay 03 - 10 - 2011 S43° 38.081
 ´
E172° 57.156
´
 Volcanism 32.0 7.6 10.4 
Canterbury Lyttelton 03 - 10 - 2011 S43° 36.564
 ´
E172° 43.246
´
 Shipping activity, sewage, stormwater runoff  31.6 7.6 11.7 
 
Avon-Heathcote 04 - 10 - 2011 S43° 33.346
 ´
E172° 44.087
´
 Sewage, stormwater runoff 24.7 7.6 10.4 
 
Adele Island 27 - 09 - 2011 S40° 58.649
 ´
E173° 03.436
´
 Recreational activity 31.0 8.0 14.0 
Nelson Tahuna Beach 28 - 09 - 2011 S41° 16.549
 ´
E173° 15.238
´
 Sewage, stormwater runoff 32.6 7.6 15.8 
 
Mapua 27 - 09 - 2011 S41° 15.378
 ´
E173° 06.129
´
 Industrial discharge, stormwater runoff 29.7 7.8 15.1 
Sampling date presented as dd/mm/yy 
  
134 
 
 
Figure 6.2 Flow chart illustration of field sampling and trace metal analysis 
6.2.4 Trace metal analysis in mussel tissue and sediment samples 
Mussels (n = 6) from each study site were dissected; gill, digestive gland, mantle and foot 
tissues were collected and stored at –80°C until analysis. The rest of the mussels (n = 24) 
were dissected and tissues stored at –80°C for future biomarker analysis. Tissue trace metal 
analysis was undertaken as described in Section 2.8 using SRM 2976 (National Institute of 
Standards and Technology, US) mussel tissue as a certified reference material. 
Prior to metal analysis, the sediments were transferred onto aluminium trays and dried in a 
heating oven at 60°C for 48 h. The samples were allowed to cool before transferring into 
clean polyethylene bags. A metal rod was used as a rolling pin to disaggregate the sediments 
in order to obtain uniform grain size prior to acid-digestion. Approximately 1 g of bulk 
sediment (not sieved and not washed) was weighed and acid digested in 5 ml 50% HNO3 
  
135 
(Analar grade) and 10 ml of 20% HCl (Analar grade) made up to 20 ml at 90°C for 60 min. 
Once cooled overnight, the sediment samples were diluted using 2% Ultrapure HNO3 for 
analysis. SRM 2702 (National Institute of Standards and Technology, US) was used as a 
certified reference material. The trace metal analysis conducted in sediment and mussel 
tissues in this field study is presented in Fig. 6.2. 
Trace metal concentrations (Cu, Zn, As, Cd and Pb) in mussel tissue and in sediment samples 
were analysed using ICP-MS (Agilent-7500cx). The percentage recoveries for the different 
trace metals in the sediment and mussel tissue standard reference materials are reported in 
Table 6.2. Sediment Cd concentrations from all nine sampling sites were below the detection 
limit (0.1 µg g
-1
). 
Table 6.2 Detection limits and recovery percentage of metals in standard reference material 
used for mussel tissue and sediment analysis 
  Recovery (%) 
Trace metal Detection limit Mussel tissue Sediment 
SRM 2976 SRM 2702 
Cu 1 111 ± 0.51 86 ± 1.16 
Zn 1 102 ± 12.68 93 ± 4.99 
As 0.1 106 ± 1.21 84 ± 0.41 
Cd 0.1 104 ± 0.06 108 ± 0.007 
Pb 1 97 ± 0.10 108 ± 1.03 
Detection limits expressed as µg g
-1
.  
Recovery levels expressed as % (mean ± SEM; n = 2 or 3). 
 
6.2.5. Statistical analysis 
Statistical analysis was conducted as described in Section 2.9. Variations in metal 
concentrations between sites and regions were analysed using one-way nested ANOVA 
followed by a post hoc LSD test (see Appendices 5-7). For concentrations of metals that fell 
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below the detection limit, a value representing half the detection limit concentration for that 
metal was used (e.g. for Cd, 0.05 µg g
-1 
was used based on 0.1 µg g
-1
detection limit; Table 
6.2).  
Correlation analyses between metal concentrations in each mussel tissue and sediment from 
different sampling sites were performed using Pearson correlation analysis to identify 
significant associations between corresponding sediment and tissue metal concentrations. 
Data were log-transformed for normalisation prior to correlation analyses (McGrath et al., 
2004). Data are presented as mean ± SEM. All statistical analyses were performed using 
SigmaStat (SYSTAT software 3.5). 
6.3 Results 
6.3.1 Metal concentrations in the gill 
No significant regional differences were observed in Cu, Zn, As and Cd gill concentrations of 
mussels (Fig. 6.3a-d). The Canterbury mussels showed significantly higher concentrations of 
Pb in the gill than the West Coast and Nelson mussels (Fig. 6.3e). 
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Figure 6.3a-e Concentration of trace metals (a) copper (b) zinc (c) arsenic (d) cadmium and 
(e) lead in the gill of green-lipped mussels collected from different sites in New Zealand. 
Statistical significance (p < 0.05) was determined using one-way nested ANOVA followed by 
post hoc LSD analysis to indicate differences between regions and differences between sites 
within regions. Data are presented as mean ± SEM (n = 5-6). Plotted points sharing letters 
within a region are not statistically significant. Lowercase letters indicate differences 
between sites within a region, and uppercase letters indicate differences between regions. 
Asterisks indicate metal concentrations below detection limit and half the detection limit 
value was used to represent the metal concentration. 
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6.3.2 Metal concentrations in the digestive gland 
The average metal concentrations in the digestive gland of green-lipped mussels collected 
from the different regions are presented in Figures 6.4a-e. The mussels from Canterbury had 
significantly lower concentrations of Cu than mussels from the other two regions (Fig. 6.4a). 
No significant regional differences were observed in Zn digestive gland accumulation levels 
(Fig. 6.4b). The Canterbury mussels also had significantly lower levels of As and Cd in the 
digestive gland compared to the West Coast mussels (Fig. 6.4c and d). The mussels from the 
Nelson region had significantly lower Pb concentrations in the digestive gland than the other 
two regions (Fig. 6.4e). 
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Figure 6.4a-e Concentration of trace metals  (a) copper (b) zinc (c) arsenic (d) cadmium and 
(e) lead in the digestive gland of green-lipped mussels collected from different sites in New 
Zealand. Data are presented as mean ± SEM (n = 5-6). See legend of Figure 6.3 for further 
details. 
6.3.3 Metal concentrations in the mantle 
There were no significant regional differences in Cu and Zn concentrations in the mantle of 
mussels (Fig. 6.5a and b). The concentrations of As and Cd were significantly lower in 
mantle of mussels from Canterbury region (Fig. 6.5c and d), while Pb concentrations were 
significantly higher in Canterbury mussels than the other two regions (Fig. 6.5e). 
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Figure 6.5a-e Concentration of trace metals (a) copper (b) zinc (c) arsenic (d) cadmium and 
(e) lead in the mantle of green-lipped mussels collected from different sites in New Zealand. 
Data are presented as mean ± SEM (n = 5-6). See legend of Figure 6.3 for further details. 
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6.3.4 Metal concentrations in the foot 
The concentration of metals measured in the foot of mussels is presented in Figures 6.6a-e. 
No regional differences were observed in the concentrations of Cu, Zn, As and Pb measured 
in the foot of mussels (Fig. 6.6a-c and e). The Nelson mussels had significantly higher Cd 
concentrations in the foot than the mussels from the other two regions (Fig. 6.6d). 
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Figure 6.6a-e Concentration of trace metals (a) copper (b) zinc (c) arsenic (d) cadmium and 
(e) lead in the foot of green-lipped mussels collected from different sites in New Zealand. 
Data are presented as mean ± SEM (n = 5-6). See legend of Figure 6.3 for further details. 
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6.3.5 Metal concentrations in the sediment 
The total concentrations of Cu, Zn, As and Pb measured in the sediment samples collected 
from different sites are presented in Figures 6.7a-d (also see Table 6.8). The Cu 
concentrations in the sediment showed significant regional differences between the West 
Coast, Canterbury and Nelson regions ranging between 3.2 - 22 µg g
-1 
(Fig. 6.7a).
 
The highest 
concentration of 22 µg Cu g
-1
 sediment was measured at Mapua (Nelson). Sediment Zn 
concentrations showed no significant regional differences with values ranging between 29 
and 106 µg g
-1 
(Fig. 6.7b). The concentrations of As ranged between 0.8 to 6.8 µg g
-1 
with 
significant differences
 
between the West Coast, Canterbury and Nelson regions
 
(Fig. 6.7c). 
Concentrations of Pb varied between 3.4 - 12.3
 
µg g
-1 
among the sampling sites, with 
significantly higher Pb concentrations in Nelson region compared to Canterbury and West 
Coast regions (Fig. 6.7d). The Cd concentrations were below the detection limits for all nine 
sampling sites (0.1 µg g
-1
; Table 6.2). 
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Figure 6.7a-d Concentration of trace metals (a) copper (b) zinc (c) arsenic and (d) lead in 
the sediments collected from different sites in New Zealand. Statistical significance (p < 0.05) 
was determined using one-way nested ANOVA followed by post hoc LSD analysis to indicate 
differences between regions and differences between sites within regions. Data are presented 
as mean ± SEM (n = 3). Plotted points sharing letters are not statistically significant. 
Lowercase letters indicate differences between sites within a region, and uppercase letters 
indicate differences between regions. Pigeon Bay and Lyttelton sediment samples were not 
available and hence metal concentrations in these two sites were not determined. Cadmium 
concentrations were below detection limits for all sampling sites. 
Correlation analyses between metal concentrations in the tissues of green-lipped mussels and 
sediment samples are presented in Table 6.4. A significant positive correlation was observed 
between Zn concentrations in the foot of mussels and Zn in the sediment (R = 0.997, p < 
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0.0001; Table 6.3, see Appendix 4). There were no other significant correlations between 
tissue and metal concentrations. 
Table 6.3 Correlations between metals in different mussel tissues and sediment across all 
collection sites 
Metal Tissue Correlation 
coefficient  
(R) 
Equation of the line of  
best fit  
p value 
Cu Gill 0.2920 y = -0.5144x + 1.1872 0.5252 
Digestive gland 0.7299 y = 3.373x - 3.0432 0.0626 
Mantle 0.1420 y = 0.3728x + 0.5142 0.7614 
Foot 0.3538 y = 1.1972x - 0.1262 0.4363 
Zn Gill 0.2105 y = -0.3724x + 2.3603 0.6506 
Digestive gland 0.5305 y = 2.0006x - 2.3800 0.2206 
Mantle 0.0138 y = 0.0403x + 1.5688 0.9766 
Foot 0.9974 y = 3.2825x - 3.9337 <0.0001 
As Gill 0.5937 y = -1.4435x + 1.8422  0.1599 
Digestive gland 0.4752 y = -4.0648x + 6.1239 0.2812 
Mantle 0.1837 y = 0.7059x - 0.2647 0.6933 
Foot 0.4896 y = -2.7477x + 3.1973 0.2648 
Cd Gill 0.4406 y = -0.455x + 0.0207 0.3224 
Digestive gland 0.5294 y = -0.0716x + 0.0344 0.2218 
Mantle 0.4796 y = 0.0313x + 0.0403 0.2761 
Foot 0.3927 y = 0.0253x + 0.0429 0.3836 
Pb Gill 0.1209 y = 0.0929x + 0.8168 0.7962 
Digestive gland 0.4015 y = 0.4113x + 0.8018 0.3720 
Mantle 0.1753 y = 0.1452x + 0.8827 0.7070 
Foot 0.3023 y = -0.2791x + 0.6552 0.5099 
Significant values (p < 0.05) are indicated in bold. Data were log10 transformed prior to 
regression analyses. 
6.4 Discussion 
The current study showed that the metal concentrations in the sediments and mussel tissues 
differed significantly between the three regions; in addition, significant differences also 
existed between reference sites and potentially contaminated sites within a region. The 
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mussels collected from sites with elevated metal concentrations in sediments had high 
concentrations of metals in their tissues. These results indicate the ability of green-lipped 
mussels to bioconcentrate metals in their tissues and the potential use of P. canaliculus as a 
bioindicator of coastal metal pollution in NZ. 
6.4.1 Metal concentrations in mussel tissues 
Based on the average of metal accumulation levels analysed in the tissues, results from the 
current study indicate that the digestive gland is the major metal accumulation organ 
followed by the gill, mantle and the foot. However, there are no previous studies on metal 
concentrations in the different tissues of P. canaliculus that would allow direct comparison of 
the results from this study. There are studies of metal tissue distribution of other bivalves 
from around the world (Table 6.4). For example, Bustamante and Miramand (2004) reported 
similar metal accumulation patterns in the tissues of different scallop species. The findings 
from the present study are also consistent with previous studies reported in other bivalves 
presented in Table 6.4. 
Mussels accumulate metals through various routes and then redistribute them amongst 
different tissues (Widdows and Donkin, 1992). Often an increase in metal accumulation in 
the gill would suggest uptake of metals through facilitated diffusion from the dissolved phase 
as the gill is in direct contact with the external environment (Cooper et al., 2010). In addition, 
as the major organ involved in filter-feeding mechanism, the gill can also be associated with 
dietary metal uptake. The digestive gland is considered to be the organ involved in storage of 
metals associated with food, organic matter and sediment (Marigoméz et al., 2002). This 
could explain the elevated metal concentrations measured in the digestive gland and the gill 
of mussels in the current study. The foot and mantle accumulated lower concentrations of 
metals than the gill and the digestive gland, which is in agreement with studies on other 
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bivalves (Table 6.4). Both the foot and the mantle are possibly involved in uptake and 
transfer of metals or used as transient storage organs (e.g. Yap et al., 2006). In the present 
study, it is likely that the low metal accumulation levels of the foot and the mantle is due to 
the functional role played by these tissues. 
The differences in metal concentrations between the four tissues observed in the present 
study could be related to a combination of factors. Yap et al. (2010) hypothesised that the 
differences in metal accumulation between tissues can be explained on the basis of 
biochemical pathways (e.g. MT) and the similarities in chemical characteristics of the metals. 
In addition, different metal uptake pathways, the biological functions of individual metals and 
the role played by each tissue in storage and excretion can also affect metal distribution 
between tissues (Wang and Fisher, 1999; Blackmore and Wang, 2003a). In the current study, 
metal concentrations in all four mussel tissues were as follows, Zn > As ≥ Cu > Cd ≥ Pb. 
6.4.1.1 Essential metals  
Metals such as Cu and Zn are essential as they have key biological functions such as being 
enzyme co-factors vital for the normal functioning of aquatic organisms (see Section 1.2). 
Although both Cu and Zn are essential metals, Cu and Zn follow different bioaccumulation 
patterns in bivalves (e.g. Fukunaga and Anderson, 2011). It is known that bivalves can 
regulate essential metal ions such as Cu and Zn in their tissues (Bervoets et al., 2004). This 
includes organism-specific strategies and pathways for regulation of uptake, accumulation 
and elimination of Cu and Zn in the tissues (Vijver et al., 2004). Although essential for 
various physiological and cellular processes, excessive concentrations of Cu and Zn can be 
toxic to the organisms. The excess concentrations of these metals are stored in the detoxified 
form to prevent interaction with sensitive cell organelles. Metal sequestration studies in zebra 
mussels showed that Cu was predominantly associated with MT and heat shock proteins 
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while most Zn was found to be associated with cell organelles and to a lesser extent with 
detoxification proteins (Voets et al., 2009). However, the strategies involved in regulation of 
Cu and Zn differ between species (e.g. Ju et al., 2011).  
Copper – The results of the current study showed that compared to the other regions the 
Canterbury mussels had significantly lower concentrations of Cu in their digestive gland. Cu 
concentrations measured in the gill, mantle and foot did not show significant regional 
differences. The tissue Cu concentrations measured in the present study ranged between 3.34 
- 16.3 µg g
-1
 dw were comparable to Cu bioaccumulation levels reported in the mussel, Perna 
viridis from a polluted site in Malaysia (Yap et al., 2006; Edward et al., 2009; Table 6.9). In 
the current study, Cu concentrations were similar in both the gill and digestive gland of 
mussels. Similar pattern of Cu accumulation in the range of ~4 - 6 µg g
-1
 dw has been 
reported in the gill and digestive gland of mussel, Mytilus galloprovincialis (Sakellari et al., 
2013). Cu is stored in the cytoplasmic granules of the gill in the mussel, Mytilus 
galloprovincialis (Soto et al., 1996) while the lysosomes in the digestive gland of mussels are 
known for detoxification of Cu (Viarengo et al., 1985). The similar concentrations of Cu 
measured in the gill and the digestive gland indicates that P. canaliculus can regulate internal 
Cu concentrations to maintain homeostasis. 
Zinc – In the present study, Zn concentrations analysed in the four tissues ranged between 
26.3 - 128.4 µg g
-1
 dw and did not show any significant regional differences. Zn 
accumulation in the gill and the digestive gland of mussels were similar and followed the 
same pattern as Cu. Results of Zn concentrations in the four tissues from the current study 
were comparable with concentrations of 47.6 - 92.8 µg g
-1
 dw reported in the mussel Perna 
viridis from a polluted site in Malaysia (Edward et al., 2009; Table 6.9). Zn concentrations 
reported in other bivalves were similar to the range of concentrations reported in the four 
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tissues for green-lipped mussels in the present study (see Table 6.9). In general, bivalves 
accumulate more than required concentrations of Zn in the gill, the mantle and the digestive 
gland (Eisler, 2010). The elevated Zn accumulation levels are due to the involvement of Zn in 
biological functions as a co-factor for several enzymes (e.g. carbonic anhydrase, alkaline 
phosphatase). In the tissues of the mussel Perna viridis, Zn was stored in the form of metal-
insoluble inclusions (Blackmore and Wang, 2002). Similar to Cu, the Zn distribution in the 
mussel tissues suggests homeostatic regulation of Zn probably through specific accumulation 
and detoxification strategies.  
6.4.1.2 Non-essential metals 
Metals such as As, Cd and Pb have no known biological functions and are highly toxic to 
aquatic organisms (Wood et al., 2011). Mussels possess inbuilt mechanisms that aid in 
storage and detoxification of non-essential metals (Rainbow, 2002). For example, metal 
binding proteins such as MT, and storage of metals within lysosomal granules can limit toxic 
metals from binding to metal-sensitive fractions of the cell (Marigómez et al., 2002). The 
concentrations of As in digestive gland of mussels along with Cd and Pb concentrations from 
the current study suggest sequestration of these metals for detoxification. The toxic metals are 
bound to metal-rich granules, which can be eliminated (Rainbow and Smith, 2010). Though 
Cd, Pb and As are non-essential the uptake, storage, transport and elimination pathways for 
these metals may vary amongst species (e.g. Wallace et al., 2003).  
Arsenic – The concentrations of As in the digestive gland of West Coast mussels were 
significantly higher than the Canterbury mussels while mantle concentrations in Canterbury 
mussels were significantly lower than the other two regions. No regional differences were 
found between the gill and foot concentrations. Overall, As concentrations observed in green-
lipped mussels showed higher accumulation in the digestive gland of 15.7 - 27.5 µg g
-1
 dw 
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compared to the other tissues (Table 6.4). Whaley-Martin et al (2012) also reported high As 
accumulation in the digestive gland of blue mussels, Mytilus edulis. These authors 
hypothesised that As enters mussels via the gills by association with sediment or food and is 
eventually absorbed in the digestive gland.  
Marine sediments and seawater contain inorganic As in toxic chemical forms such as As (III) 
and As (V) (e.g. Fattorini et al., 2006; Mamindy-Pajany et al., 2013). Arsenobetaine and 
arsenosugars are the organic forms of As found in algae, and can accumulate in mussels via 
the diet. In mussels (e.g. Mytilus galloprovincialis), As is present mainly in the digestive 
gland in organic and less toxic inorganic forms; (Argese et al., 2005). 
Cadmium – Cd accumulation in the digestive gland and mantle was significantly higher in 
West Coast mussels compared to the Canterbury region.  The concentrations of Cd measured 
in the mussels from the current study ranged between 0.05 - 1.7 µg g
-1
 dw (Table 6.9). The 
high Cd concentrations in the West Coast mussels could be due to the presence of Cd in 
mining effluents and acid-mine drainage. The presence of metal-rich rocks could also leach 
different metals including Cd into the environment (e.g. Brown et al., 2005).  
Cd accumulation was higher in the digestive gland than the other tissues. This is in agreement 
with previous results reported earlier in the thesis where mussels showed significantly higher 
accumulation levels in the digestive gland than the gill (Section 3.3.1). The digestive gland 
acts as the major site for Cd sequestration in bivalves via detoxification by MT production 
(e.g. Ngo et al., 2011; Chapter 4). In addition, the slow rate of Cd excretion in the digestive 
gland of bivalves has also been well documented (e.g. Hervé -Fernández et al., 2010). In the 
current study, although Cd concentrations in the sediment were below detection limits for all 
the sites, Cd concentrations in the mussel tissues were similar to the values recorded in other 
mussel species from contaminated sites (Table 6.4). Similar to the current study, other studies 
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have also reported Cd bioaccumulation in mussels even though sediment Cd concentrations 
were not detectable (e.g. Giarratano and Amin, 2010; Duarte et al., 2011). It is known that Cd 
concentration in biota is of a higher magnitude than the Cd levels present in the sediment and 
seawater (e.g. Apeti et al., 2009). This is primarily due to the linear uptake of Cd from the 
dissolved aquatic phase and low Cd elimination rate in bivalves (e.g. Fisher et al., 1996). The 
low excretion rate can be explained by the presence of detoxification mechanisms such as 
MT (Viarengo and Nott, 1993). The Cd results from this study are in agreement with this 
concept.  
Lead – Accumulation of Pb was significantly higher in the gill and mantle of mussels from 
the Canterbury region compared to the other two regions whereas Nelson mussels had 
significantly lower Pb concentrations in the digestive gland compared to the other two 
regions. No regional differences were noted in Pb concentrations in the foot of mussels. The 
relatively high Pb concentrations in Canterbury mussels could be related to the increased 
urbanisation, industrial pollution and sewage discharge in this region (e.g. stormwater runoff 
in Avon-Heathcote).  
In the current study, the concentrations of Pb were similar in mussel gill and digestive gland 
ranging between 0.4 - 2.43 and 0.6 - 2.24 µg g
-1
 dw, while the mantle and foot values were 
between 0.13 - 1.18 µg g
-1
 dw (Table 6.4). Differences in tissue Pb concentrations have been 
previously reported in other bivalve species. Accumulation of Pb in the gills was the highest 
in the mussel, Perna viridis exposed to Pb followed by the viscera, mantle and foot (Yap et 
al., 2004b; Table 6.4). The digestive gland of the scallop Pecten maximus, accumulated 
higher Pb concentrations than the gill, mantle and foot (Saavedra et al., 2008; Table 6.4). 
Compared to Pb accumulation levels in other bivalves, the relatively low Pb accumulation 
levels in mussels from this study could be related to low bioavailability (e.g. Fisher et al., 
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1996). Metals such as Pb have been reported to accumulate in the mitochondria of gills and 
lysosomes present in the digestive gland of mussels, Mytilus edulis (e.g. Einsporn and 
Koehler, 2008). Exposure of scallops to Pb showed that Pb was associated with the insoluble 
subcellular fractions and accumulated in the digestive gland (Metian et al., 2009).  
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Table 6.4 Metal concentrations in soft tissue of different mussel species expressed as µg g
-1
 dry weight. 
  Metals  
Mussel species Tissues Cu Zn Cd As Pb References 
Perna canaliculus Gill 7.21 - 13.46 67.40 - 123.05 0.30 - 1.14 5.35 - 12.63 0.49 - 2.44 This study 
(New Zealand) Digestive gland 9.01 - 16.27 83.76 - 128.47 0.64 - 1.67 15.71 - 27.48 0.69 - 2.25 
 Mantle 2.07 - 4.74 26.30 - 72.58 0.05 - 0.75 6.22 - 12.01 0.21 - 1.18 
  Foot 3.34 - 6.15 43.89 - 75.60 0.05 - 0.50 6.36 - 17.40 0.13 - 0.44 
Perna viridis Gill 11.0 89.8 1.53 - 28.6 Edward et al.,2009 
(Malaysia) Remainder 12.3 92.8 0.925  6.47 
 Mantle 12.0 47.6 1.29 - 23.1 
  Foot 8.77 49.3 1.2 - 35.2 
Perna viridis Gill 11.7 78.9 1.76 - 2.82 Edward et al., 2009 
(Malaysia) Remainder 13.6 61.3 0.94 - 9.08 
 Mantle 6.69 48.7 1.23 - 1.34 
  Foot 5.94 51.6 1.76 - 0.673 
Perna viridis Gill 6.07 - 14.70 61.70 - 167.00 0.93 - 2.38 - 5.90 - 24.90 Yap et al., 2006 
(Malaysia) Remainder 5.52 - 15.70 62.70- 145.00 0.85 - 2.87 - 6.98 - 26.20 
 Mantle 4.99 - 12.50 39.10 - 108.00 0.78 - 3.31 - 5.50 - 38.90 
  Foot 6.39 - 10.00 40.70 - 89.70 0.93 - 1.94 - 2.68 - 22.90 
Pecten maximus Gill 7.6 213.0 6.1 16.0 1.7 Saavedra et al., 2008 
 (Iberian Peninsula)  Digestive gland 28.0 210.0 120.0 15.0 4.8 
 Mantle 4.5 95.0 3.6 9.9 0.91 
  Foot 6.5 75.0 5.6 8.3 0.95   
Mytilus edulis chilensis  Gill 6.49 - 11.98 83.97 - 270.63 0.38 - 2.11 - BDL - 15.57 Giarratano et al., 2010 
(Beagle Channel) Digestive gland 12.07 - 25.76 63.17 - 102.54 0.30 - 3.25 - 3.37 - 9.17 
BDL - Below Detection Limit
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6.4.2 Metal concentrations in the sediments 
Overall, in the current study, analysis of the metal content in sediment samples showed 
significant regional and site differences in Cu, As and Pb concentrations. Of the metals 
analysed in the sediments, the average total metal concentrations indicate Zn (29 - 106 µg g
-1
 
dw) as the most abundant metal followed by Cu (3.2 - 22 µg g
-1
 dw), Pb (3.4 - 12 µg g
-1 
dw) 
and As (0.76 - 6.8 µg g
-1
 dw). However, no regional differences were observed in Zn 
sediment concentrations while Cd levels were consistently below detection limits at all 
sampling sites. The results of the sediment metal concentrations were compared with SQGs 
(Table 6.5 and 6.6). The use of SQGs help to assess the level of ecological risk associated 
with the metal contamination measured in sediments from different sampling sites (e.g. 
Simpson et al., 2005; see Section 1.3.3). 
Sediment trace metal concentrations from the different sampling sites were compared to the 
ISQG values for metal concentrations issued for Australia and New Zealand (ANZECC & 
ARMANC, 2000). The metal concentrations from all sampling sites were well below the 
ISQG-low trigger values (ANZECC & ARMANC, 2000; Table 6.5). Comparison of sediment 
metal concentrations from the current study with ISQG indicated that the possibility of any 
biological impacts on organisms was highly unlikely at the metal concentrations reported in 
the current study.  
Sediment metal concentrations from the current study were also compared to US EPA SQGs, 
to classify the level of metal pollution between sites (Table 6.6). The results indicated 
moderate Zn contamination in the West Coast region and moderate As contamination in 
Canterbury and Nelson regions (Table 6.6).  
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Table 6.5 Australian New Zealand interim sediment quality guideline (ISQG) values issued 
by ANZECC & ARMCANZ (2000). 
Metals ISQG-low ISQG-high Sediment  
(this study) 
Arsenic  20 70 0.8 - 6.8 
Copper 65 270 3.3 - 21.9 
Lead 50 220 3.4 - 12.3 
Zinc 200 410 28.8- 105.9 
Values expressed as mg kg
-1
 dry weight 
Cadmium concentrations were below detection limits 
 
Table 6.6 US EPA sediment quality guidelines (SQG) and average sediment metal 
concentrations measured in three regions in this study. 
 
Metals US EPA SQG  This study  
No 
pollution 
Moderate 
pollution 
Heavy 
pollution 
West Coast Canterbury
†
 Nelson 
Arsenic  <3 3-8 >8 2.3 - 2.9 3.0* 0.8 - 6.8* 
Cadmium - - >6 <0.1 <0.1 <0.1 
Copper <25 25-50 >50 3.3 - 3.7 4.0 3.7 - 21.9 
Lead <40 40-60 >60 5.5 - 7.4 10.4 3.4 - 12.3 
Zinc <90 90-200 >200 28.8 - 105.9* 42.5 30.8 - 63.5 
 
Values expressed as mg kg
-1
 dry weight 
*Moderate pollution  
US EPA SQG values (Pedersen et al., 1998) 
†
Canterbury region is represented by Avon-Heathcote, sediment samples were not available 
for Pigeon Bay and Lyttelton. 
 
A well documented natural source of As in NZ is the presence of gold and coal mines along 
with As-enriched geothermal sites (e.g. Mroczek, 2005; ECAN, 2012). Additionally, the 
long-term use of As in pesticides, in biocides for sheep, cattle and pig dips and leaching of As 
from treated timber are the other common sources of As input throughout NZ (e.g. ARC, 
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2002; Bourne, 2003). Sediments from Mapua in the Nelson region had the highest 
concentration of As (Table 6.7). Pesticide manufacturing industry at Mapua was operational 
during 1938 to 1988 and is likely to be the major source of As at this site (MfE, 2010). The 
overall average concentration of As reported in sediments in the current study was lower in 
comparison to the concentrations reported in other countries as shown in Table 6.7. The As 
concentrations from the current study was also found to be lower than the As concentrations 
reported
 
at other sites within NZ; 12 to 72 µg g
-1
 As measured at Richmond (Nelson region) 
and 19 - 61 µg g
-1 
As
 
at Waikato (Rumsby, 2009; TDC, 2010; Table 6.7).  
Apart from elevated As concentrations, the Nelson region also had significantly higher 
concentrations of Cu and Pb compared to the other regions (Fig. 6.7 a and d). A combination 
of different natural and anthropogenic sources of metal input could be responsible for metal 
contamination within this region. The leaching of metals from ultramafic rocks in the Tasman 
district, use of pesticides and fertilisers in orchards, sewage disposal and stormwater runoff 
could contribute to the elevated sediment metal concentrations observed in the Nelson region 
(Brown and Peake, 2006; TDC, 2012). Sources of As, Cu and Pb include insecticide, 
fungicide and paint formulations used in NZ (ARC, 2002).  
With the exception of Mapua, the concentrations of Cu (3.3 - 5.21 µg g
-1 
dw) and Pb (3.4 - 
10.4 µg g
-1 
dw) reported in the current study were comparable to 6.98 µg g
-1 
dw of Cu and 
5.48 µg g
-1 
dw of Pb in the sediments at a low contaminated site in Argentina (Marinho et al., 
2013; Table 6.7). The concentrations of both Cu and Pb concentrations in sediments from the 
current study were lower than those reported in other sites within NZ and in other countries 
(Table 6.7). 
No regional differences were observed in Zn sediment concentrations. Comparison with US 
EPA SQG values indicate that Ngakawau in the West Coast region is affected by moderate 
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Zn contamination (Table 6.6). Mining activity is the most likely cause of Zn contamination in 
the West Coast region. The leaching of metals from pyrite rocks due to acid mine drainage is 
an important source of Zn and other metals such as As and Pb (McLaren et al., 1998; WCRC, 
2006; Haffert and Craw, 2008). Other sources of Zn in NZ include weathering of galvanised 
iron roofing and sewage sludge inputs and stormwater runoff (Kingett Mitchell Ltd., 2003; 
Brown and Peake, 2006). This includes metal input from discharge of treated sewage water 
from Christchurch into the Avon-Heathcote estuary from 1958 to 2010 (McMurtrie and 
Kennedy, 2012). Several stormwater runoff pipes also open directly into the estuary 
discharging metals from local industrial and urban areas (ECAN, 2012). The sediment metal 
concentrations reported for Avon-Heathcote estuary in the current study were within a similar 
range to the values reported previously for the estuary by ECAN (2011a) (Table 6.8). The 
metal concentrations reported by ECAN were measured from samples collected at Avon-
Heathcote in March-April, 2011 (Table 6.8). Avon-Heathcote estuary was affected by the 
February 2011 earthquakes with liquefaction resulting in new sediment inputs and discharge 
of untreated sewage into the estuary (ECAN, 2011b). Environmental factors such as salinity 
and temperature can also affect the behaviour of metals present in the sediments. For 
example, the low salinity values measured at Avon-Heathcote Estuary could have affected 
metal partitioning in the sediments at this site. In general, estuaries are prone to fluctuations 
in salinity that inevitably causes changes in metal bioavailability and consequently, toxicity 
in organisms (e.g. Chapman and Wang, 2001; see Section 6.1). Among the five metals 
analysed in the sediments, Cd concentrations were below detection limits. However, previous 
reports of Cd concentrations at sites within NZ were within the range of < 0.01 - 0.22 µg g
-
1
dw sediment.  
Overall the metal concentrations from the current study were similar to average values of < 
0.63 - 6.98 µg g
-1
 Cu, 7.9 - 46.5 µg g
-1
 Zn, and 5.48 µg g
-1
 Pb reported at uncontaminated to 
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low contamination sites at San Jorge Gulf in Argentina (Marinho et al., 2013; Table 6.7). 
Certain sites from other countries were tabulated as uncontaminated or low contamination 
sites based on the findings and conclusions reached from the study in the given region (Table 
6.7). Comparison of metal concentrations from the current study with other study sites within 
NZ and at different locations around the world also suggests that metal contamination at the 
sampling sites used in the present study were relatively low (Table 6.7).  
6.4.3 Possible effects of environmental factors 
Differences in salinity and temperature could have had an effect on the metal uptake and 
accumulation in mussels from the different sampling sites. For example, low salinity can 
increase metal uptake and accumulation in mussels (e.g. Perna viridis, Blackmore and Wang, 
2003b). In this study, the salinity measured at Avon-Heathcote was 24.7 ‰, lower than the 
other sampling sites which ranged between 30-33 ‰ (Table 6.1). The Avon-Heathcote 
estuary is known to have salinity values as low as 8-12 ‰ (Marsden, 2004). Compared to the 
other sampling sites, the low salinity levels at Avon-Heathcote estuary (Canterbury) could 
have influenced the higher metal accumulation in those mussels.  
High temperatures can increase metal uptake in mussels, although the effects of temperature 
are reported to be metal-specific (e.g. Mubiana and Blust, 2007). The water temperature 
measured at the different sampling sites was between 10.4°C - 16°C (Table 6.1). The average 
water temperature measured in the Nelson region was 15°C, which could have increased 
metal uptake in mussels compared to the other sites. The present study indicates that 
variations in metal accumulation in mussels could be influenced by differences in 
environmental factors between sampling sites. 
The variations in metal accumulation patterns in the four tissues observed in this study can 
also be related to variability in uptake and accumulation rate of different metals (Rainbow, 
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2002; Luoma and Rainbow, 2005). Moreover, pre-exposure to metals could influence 
changes in uptake and accumulation rates of different metals (Wang and Rainbow, 2005). 
The difference in metal accumulation in mussels between regions could also be related to 
variations in food resources (phytoplankton). Overall, the factors influencing metal 
accumulation in mussels discussed above have similar effects on other mussel species used as 
bioindicators around the world (see Section 1.5.1 and Table 1.5). 
ISQG values are derived using an empirical approach. The values are derived from a database 
of matched sediment chemistries and biological effects to assess the likelihood of any adverse 
biological impacts at a given sediment concentration. The empirical approach does not 
include bioavailability as a factor for assessment of impacts (Burgess et al., 2013). Metals are 
distributed in the acid-soluble, exchangeable, oxidisable and/or residual phases of the 
sediments (e.g. Morillo et al., 2002). Moreover, the effects of sediment characteristics such as 
grain size, presence of organic matter and its association with metal concentrations can 
influence metal bioavailability. These factors could explain the lack of correlation between 
metal concentrations in the mussels and sediments, with the exception of the significant 
correlation observed between Zn concentration in the mussel foot and sediment (Table 6.3). 
Understanding metal partitioning in sediments can provide information on the bioavailability 
of metals and associated toxic effects in aquatic organisms. Further studies are required to 
investigate the distribution and fate of metals in sediments for better interpretation of the 
results from the current study.  
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Table 6.7 Sediment metal concentrations reported in New Zealand and in other countries  
Location Sampling site Cu Zn As Cd Pb References 
Current study  Carters Beach 3.75 33.85 2.86 <0.1 7.45 This study 
(New Zealand) Tauranga Bay 3.27 28.8 2.34 <0.1 6.1 " 
 Ngakawau 3.25 105.89 2.32 <0.1 5.53 " 
 Avon-Heathcote 4.04 42.46 3 <0.1 10.4 " 
 Adele Island 3.67 34.41 0.76 <0.1 3.42 " 
 Tahuna Beach 5.21 30.76 4.2 <0.1 5.08 " 
  Mapua 21.93 63.48 6.75 <0.1 12.27 " 
Other sites  Port Waikato (Waikato) 1.4 - 28.0 23.0 - 92.0 19.0 - 61.0 <0.01 - 0.05 1.5 - 17.0 Rumsby, 2009 
(New Zealand) Lyttelton (Canterbury) 7.4 - 9.7 50.0 - 60.0 - <0.1 17.0 - 18.0 Sneddon and Bailey, 2009 
 Avon-Heathcote (Canterbury) 3.5 - 11.8 34.0 - 92.0 - 0.025 - 0.157 7.5 - 23.0 ECAN, 2011a 
 Richmond (Nelson) 24.0 - 120.0 120.0 - 730.0 12.0 - 72.0 <0.1 - 0.22 15.0 - 58.0 TDC, 2010 
  Tamaki Estuary (Auckland) 21 - 47.0 138 - 272 - 0.11 - 1.0 51 - 122 Abrahim and Parker, 2008 
Metal concentrations are expressed as µg g
-1 
dry weight  
(Continued on next page) 
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Metal concentrations are expressed as µg g
-1 
dry weight 
Location Sampling site Cu Zn As Cd Pb References 
Other countries 
(Contaminated) 
Australia (Sydney Estuary) 137.0 - 432.0 538.0 - 1569.0 - - 220.0 - 694.0 Birch et al., 2013 
Spain (Galicia coast) 4.5 - 1205.0 29.6 - 826.7 6.5 - 25.0 - 32.5 - 177.5 Bellas et al., 2008 
Italy (Taranto Gulf) 42.4 - 52.3 86.8 - 129.0 - - 44.7 - 74.8 Buccolieri et al., 2006 
China (Bohai Bay) 7.9 - 46.7 34.0 - 123.0 - 0.05 - 0.19 18.8 - 39.1 Gao and Li, 2012 
Croatia (Reijka Harbour) 30.6 - 429 69.8 - 1260 9.50 - 37.7 0.14 - 4.66 23.6 - 637 Cukrov et al., 2011 
Turkey (Izmit Bay) 24.5 - 102.4 440 - 1900 13.5 - 28.2 2.5 - 9.5 55.2 - 172 Pekey, 2006 
Korea (Masan Bay) 13.45 - 90.69 79.98 - 378.73 - 0.10 - 7.47 13.03 - 82.16 Hyun et al., 2007 
Malaysia (Peninsular Malaysia) 1.63 -150.81 23.70 - 609.20 0.11 - 311.84 1.06 7.97 - 93.11 Zulkifli et al., 2010 
  Argentina (Ushuaia Bays) 18.76 - 33.32 63.82 - 96.22 - 0.74 - 2.14 21.59 - 35.81 Comoligo et al., 2011 
Uncontaminated/ Turkey (Gulf of Saros) 19 73 - - 22 Sar  and  a atay, 2001 
low contamination USA/Mexico (Baja California) 12.8 68.3 - 0.17 13.6 Villaescusa-Celaya et al., 2000 
 UK (Medway Estuary) 42 138 14 - 67 Spencer, 2002 
  Argentina (San Jorge Gulf) <0.63 - 6.98 7.9 - 46.5 - <0.25 5.48 Marinho et al., 2013 
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6.5 Conclusions  
This is the first study conducted to assess metal concentrations in separate tissues of green-
lipped mussels and in the environment (i.e. sediment). This study has shown both regional 
and site-specific variation in the metal concentrations in mussel tissues and sediments. For 
example, the significantly high Cu and Zn concentrations in Mapua and Ngakawau sediments 
were reflected in the digestive gland of mussels from these two sites (Fig. 6.4a-b and 6.7a-b). 
Similarly, high concentrations of Pb in Avon-Heathcote sediment coincided with the elevated 
Pb concentrations in the digestive gland of the Avon-Heathcote mussels (Fig. 6.4d and 6.7d). 
The findings from the current study indicate that the green-lipped mussels are ideal 
bioindicators that reflect metal contamination levels in the environment. P. canaliculus is a 
suitable endemic species that can be used for monitoring metal pollution in NZ. Additionally, 
based on the four tissues analysed, the digestive gland and gill could provide a more accurate 
understanding of metal accumulation in mussels than whole-body measurements. 
In general, sediment metal concentrations reported in this study reflected low metal 
contamination levels. Despite metal input from potentially different natural and 
anthropogenic sources, the comparison of sediment metal concentrations with ISQGs 
indicates that there is no ecological risk associated to the environment. The results from the 
current study suggest that metal accumulation in mussels and in sediments may be influenced 
by the existence of a complex interaction between several biotic and environmental variables. 
Further studies are required to fully understand the complex metal interactions between the 
environment and the mussels, in the NZ setting. 
 7 Field-to-laboratory transport protocol impacts subsequent 
physiological biomarker response in the marine mussel, Perna 
canaliculus
† 
 
 
 
 
 
 
 
 
 
 
 
 
 
†Chandurvelan, R., Marsden, I.D., Gaw, S., Glover, C.N., 2013. Field-to-laboratory 
transport protocol impacts subsequent physiological biomarker response in the marine 
mussel, Perna canaliculus. Comparative Biochemistry and Physiology, 164A: 84-90. 
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7.1 Introduction 
Biomonitoring programmes using mussels largely rely on field-collected data. However, 
experimental manipulation of mussels under laboratory conditions plays a key role in 
providing meaningful information to environmental settings (Akaishi et al., 2007). Such 
experiments involve transferring animals from the field to the laboratory, a process which 
could range in time from a few hours to a few days. Furthermore, mussel transplantation 
between natural environments is common for environmental biomonitoring and similar 
ecological assessments (e.g. Honkoop et al., 2003). 
Collection and transport of mussels from the field involves multiple steps that might induce a 
stress response in the mussels, and which could have impact on the subsequent biomarker 
analyses. These steps include: (a) sampling procedure − cutting byssus threads of mussels off 
rocky substrates; (b) transportation medium − air or water; (c) duration of transport; (d) 
physiochemical properties maintained during transport − temperature, salinity, pH; (e) 
cleaning or removal of epibionts (barnacles, chitons, seaweeds) off mussel shells; (f) duration 
of maintenance in laboratory conditions before experimentation. Hence any data obtained 
from transported mussels will reflect the cumulative effect of stress responses related to these 
artificial stressors, in addition to those that relate to the ecosystem of origin. This could 
confound interpretation of environmental monitoring data. 
There are few guidelines available for transportation of mussels and these differ in their 
recommendations. Widdows and Staff (2006) suggest that mussels should be transported air-
exposed in insulated containers maintained at ~5°C. Another common procedure involves the 
transportation of mussels between sites in either artificial seawater (Hicks and McMahon, 
2002) or in aerated water sourced from the collection site (Viarengo et al., 1982). The quality 
of the seawater used and the duration between collection and experimentation are considered 
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crucial factors in limiting the effects of transportation stress (Widdows and Staff, 2006). It 
has also been reported that the duration of recovery from stress depends on the species tested 
(Widdows, 2009). Among the numerous biomarkers that have been applied to assess stress 
responses in mussels, physiological measurements and SFG are considered to have the 
greatest utility (Section 1.6.2). 
The primary objective of this study was to investigate the transport-related stress in P. 
canaliculus by measuring physiological changes during a simulated transport period and after 
recovery. This study would help elucidate the effects of transportation stress in P. 
canaliculus. As green-lipped mussels are a valuable aquaculture species (Jeffs et al., 1999) 
and a potential bioindicator species it is essential that minimal stress is induced through the 
harvesting and transport of the mussels. This will ensure that responses adequately reflect 
exposure to environmental stressors, and/or the mussel maintains optimal health for further 
processing and/or live sale to consumers. 
7.2 Materials and methods 
7.2.1 Collection and maintenance 
Adult green-lipped mussels, P. canaliculus (70-80 mm; 38 ± 7 g) were collected from 
Lyttelton Harbour, Canterbury, New Zealand (43° 36.564
´
S, 172° 43.246
´
E). The mussels 
were removed from wharf pilings during low tide by using scissors to cut their byssus 
threads, with care taken to ensure there was no damage to the foot of the mussel. Conditions 
at the collection site were as follows: salinity 32 ‰, pH 7.5, air temperature 13.4°C, and 
water temperature 12.7°C. Mussels were transported to the aquarium facility at the University 
of Canterbury within 1 h of collection in a clean 30 L polypropylene container filled with 
seawater from the collection site, with constant aeration provided by battery-powered air-
bubblers. Once in the aquarium mussels were cleaned, by gently scraping epibionts off the 
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shells, and were maintained for 4 days in seawater from the collection site prior to initiation 
of the ‘transport’ experiment. 
7.2.2 Experimental design 
This study comprised of two phases - a simulated “transport” period lasting for 24 h and a 
“recovery” period lasting for 48 h. Mussels were divided into four groups (n = 6 each). The 
first group of mussels (site seawater; SSW) were placed in individual 5 L polypropylene 
tanks exposed to 4 L of seawater taken from the collection site (32 ‰ ± 0.2) at 15°C with 
gentle aeration. In the second group mussels were held under identical conditions, except in 
artificial seawater (ASW). The ASW used was prepared according to the manufacturer’s 
instructions (Reef Crystals, Instant Ocean). The third group (EMS 15°C) were placed without 
any water (i.e. emersed) in individual polypropylene containers covered with moist absorbent 
cloth and maintained at 15°C. The fourth group was also emersed (EMS 5°C) with each 
mussel placed in an insulated container with an ice-pack covered in moist paper towels, to 
avoid direct contact of mussels with ice. The lid of the each container was covered with moist 
absorbent cloth. The temperature inside the container was 5 ± 0.5°C. 
The mussels were maintained in these treatments for 24 h, which constituted the “transport” 
period. This time period was considered a worst-case scenario for transport of Perna within a 
NZ setting. Physiological biomarkers were measured on mussels from all four treatments at 
the end of this phase. Mussels were then transferred to aerated natural seawater used in the 
aquarium facility at the University of Canterbury. This seawater was collected from the same 
location as the mussels. Each treatment was maintained identically, but separately, at 15°C 
with gentle aeration, and allowed to recover from their respective transport method for 48 h. 
This period of recovery was chosen on the basis of a preliminary study. Physiological 
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biomarkers were then measured on mussels from the four treatments at the end of the 
recovery period. 
 
 
 
Figure 7.1 Flow chart illustration of the experimental design of the field-to-laboratory 
transportation protocols used in this study.  SSW − Site seawater; ASW − Artificial seawater; 
EMS − Emersed at 15°C and 5°C. 
7.2.3 Physiological biomarkers 
All physiological measurements were conducted on individual mussels. The respiration rate, 
clearance rate, excretion rate and absorption efficiency of the mussels from each treatment 
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was conducted according to the physiological biomarker measurements detailed in Section 
2.3. 
At the end of the “recovery period” physiological measurements, mussels were sacrificed and 
soft tissues were collected and dried at 60°C for 24 h to obtain dry weight measurements. All 
physiological measurements of individual mussels were then converted to corresponding dry 
weight in grams. The SFG was then calculated from the physiological measurements using 
the equation described in Section 2.3.6. 
7.2.4 Statistical analysis 
All experimental data were analysed using the statistical software STATISTICA 7.0 
(Statsoft). Data were tested according to the methods detailed in Section 2.9. Data that passed 
these tests were then analysed by two-way repeated measures ANOVA with transport 
condition (SSW, ASW, EMS 5°C, EMS 15°C) and time (i.e. immediately after the transport 
phase or after a further 48 h of ‘recovery’) as the two factors, followed by post hoc LSD test. 
The level of significance of the results was set at p < 0.05. Data are presented as mean ± 
SEM.  
7.3 Results 
Clearance rate (Fig. 7.2) showed a significant effect of transport condition, time (i.e. transport 
phase versus recovery phase; p < 0.05) and a significant interaction between these two 
factors (p < 0.05). The EMS 5°C transport condition displayed a significant decline in 
clearance rate relative to SSW after both the transport and recovery period. At the end of the 
48 h recovery period this inhibition in clearance rate was significantly lower than all the other 
groups. Following a 48 h recovery in natural seawater the ASW and EMS 15°C groups 
showed significant elevations in clearance rate relative to those observed in these same 
groups after the transport phase of the study. 
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Figure 7.2 Clearance rate (mean ± SEM) of Perna canaliculus (n = 6) after initial 24 h 
transport treatment (holding mussels in site seawater (SSW), in artificial seawater (ASW) or 
emersed (EMS) at 15°C and 5°C), and a subsequent 48 h recovery in natural seawater. Level 
of significance was set at p < 0.05; Plotted points sharing letters are not significantly 
different as determined by two-way repeated measures ANOVA, followed by post hoc LSD 
test. Statistical analyses were performed on log-transformed data.  
Absorption efficiency (Fig. 7.3) was significantly impacted by transport condition (p < 0.05), 
however no significant effects of time (p = 0.873), or interaction between these two factors (p 
= 0.650) were observed. Mussels in the EMS 5°C group had an absorption efficiency that was 
significantly elevated when compared to the ASW mussels after the initial 24 h transport 
period, but no other significant changes were observed. 
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Figure 7.3 Absorption efficiency (mean ± SEM) of Perna canaliculus (n = 6) after initial 24 h 
transport treatment (holding mussels in site seawater (SSW), emersed (EMS), or in artificial 
seawater (ASW)), and a subsequent 48 h recovery in natural seawater. Level of significance 
was set at p < 0.05; Plotted points sharing letters are not significantly different as 
determined by two-way repeated measures ANOVA, followed by post hoc LSD test. 
Significant effects of transport condition, time, and transport protocol x time (p < 0.05) were 
observed on excretion rate (Fig. 7.4). Mussels in the ASW transport condition displayed a 
significant increase in excretion rate relative to all other groups at the end of 24 h transport 
period, although this effect dissipated after the recovery phase. A significant decline in 
recovery excretion rate was observed in EMS 15°C mussels relative to the SSW group and to 
the transport phase of the EMS 15°C group. 
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Figure 7.4 Excretion rate (mean ± SEM) of Perna canaliculus (n = 6) after initial 24 h 
transport treatment (holding mussels in site seawater (SSW), emersed (EMS), or in artificial 
seawater (ASW)), and a subsequent 48 h recovery in natural seawater. Level of significance 
was set at p < 0.05; Plotted points sharing letters are not significantly different as 
determined by two-way repeated measures ANOVA, followed by post hoc LSD test. Statistical 
analyses were performed on log-transformed data. 
Respiration rate (Fig. 7.5) was significantly impacted by transport condition, time, and 
interaction between these factors (p < 0.05).  After the transport phase ASW mussels had a 
significantly elevated respiration rate relative to all other groups, while EMS 15°C mussels 
displayed lower respiration rates than the SSW group. After recovery the ASW group 
respiration rate was much reduced, and was not significantly different from any other 
recovery group. The respiration rate of the EMS 5°C group was significantly less than that of 
the SSW group following recovery. 
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Figure 7.5 Respiration rate (mean ± SEM) of Perna canaliculus (n = 6) after initial 24 h 
transport treatment (holding mussels in site seawater (SSW), emersed (EMS), or in artificial 
seawater (ASW)), and a subsequent 48 h recovery in natural seawater. Level of significance 
was set at p < 0.05; Plotted points sharing letters are not significantly different as 
determined by two-way repeated measures ANOVA, followed by post hoc LSD test. 
Significant effects of transport condition and time were documented for SFG (p < 0.05; Fig. 
7.6). No significant effects of the interaction between these factors were observed, however 
(p = 0.089). Following the 24 h transport phase of the study, only mussels in the EMS 15°C 
group exhibited positive SFG values, although this effect was not significantly different from 
the SSW group (Fig. 7.6). Conversely ASW mussels displayed a large negative SFG, which 
was significantly different from all other treatments. After recovery the EMS 15°C scope-for-
growth was significantly elevated with respect to the same group at 24 h and both the SSW 
and the EMS 5°C post-recovery groups. 
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Figure 7.6 Scope for growth (mean ± SEM) of Perna canaliculus (n = 6) after initial 24 h 
transport treatment (holding mussels in site seawater (SSW), emersed (EMS), or in artificial 
seawater (ASW)), and a subsequent 48 h recovery in natural seawater. Plotted points sharing 
letters are not significantly different as determined by two-way repeated measures ANOVA, 
followed by post hoc LSD test. 
7.4 Discussion 
This is the first study that describes transport-related stress in mussels using physiological 
biomarkers. The results indicate that different transportation methods induced varied levels of 
impact on the physiology of mussels. Menezes et al. (2006) and Lorenzon et al. (2007) 
suggested that handling and transport-related stress in experimental organisms can greatly 
enhance the chances of physiological changes that would impact assessment of pollutant-
related stress, a hypothesis confirmed for mussels in the present study. 
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7.4.1 Physiological biomarkers 
The results of the current study showed that emersing mussels at 5°C for transport (the EMS 
5°C group) impaired clearance rates. The clearance rate did not recover following a 48 h 
period, indicating that transport emersed at 5°C is a significant stressor to mussels. This 
counters the claim that transport under such conditions is preferred (Widdows and Staff, 
2006), at least for P. canaliculus. This depression in clearance rate was not observed in the 
EMS 15°C group, indicating that it is the temperature component of this treatment that is 
likely the source of stress to the mussels. 
The low temperature could have induced the well documented behavioural response of shell 
valve closure in mussels (Jørgensen et al., 1990). Studies by Loayza-Muro and Elias-Letts 
(2007) found that at 5°C freshwater mussels showed a significant decline in filtration that 
was directly related to shell valve closure, a finding also supported by other researchers (e.g. 
Clarke and Griffiths, 1990). The most important factor appears not to be the temperature 
itself, but the fact that the exposure temperature varies significantly from that in the ambient 
environment (Clarke and Griffiths, 1990; Bartsch et al., 2000).  The mussels in the current 
chapter were collected at an ambient air temperature of ~13°C, and thus the 5°C emersion 
treatment represents a significant temperature shock. Interestingly, these mussels failed to 
recover clearance rate even 48 h after being returned to 15°C, indicating a significant long-
term impairment of filtration associated with this temperature shock effect. This likely stems 
from the so-called “chill coma” effect that has been previously described for mussels of the 
Mytilus genus. It is thought that cold shock stimulates nitric oxide production, resulting in 
inhibition of mitochondrial respiration, and an inhibited ability of the mussel to open the shell 
valves (Jansen et al., 2007). 
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An alternative explanation for decreased clearance rates is that there is a physical impairment 
of the feeding apparatus (i.e. damage to cilia and gill filaments; Jones et al., 1992). If this was 
the case then it would be expected that the decrease in clearance rate would be accompanied 
by a decrease in absorption efficiency, which reflects how effectively an organism utilises its 
nutritional source. In the present study, there were no major impacts of transport protocol on 
this parameter, suggesting that the decrease in clearance rate was not a consequence of a 
direct physical impairment of the feeding or digestive apparatus, but was a response related to 
valve closure. Previous studies support the present findings, in that absorption efficiency is 
documented to be relatively independent of the presence of organismal stress, and is known 
to be significantly influenced only by the quantity and quality of the food available to the 
mussel (Honkoop et al., 2003). 
Ammonia excretion and oxygen consumption can be utilised as measures of energy balance 
in mussels. The ASW treatment exhibited significantly elevated respiration and excretion 
rates after a simulated 24 h transport protocol, demonstrating that ASW appears to induce 
significant stress in mussels. Lee et al. (2007) studied the effects of ASW on hard clams and 
found that an imbalance of magnesium and potassium salts in ASW could potentially affect 
the cellular, physiological and behavioural functions of organisms. This was hypothesised to 
be due to the role of magnesium as an enzyme co-factor, and the role of potassium in cellular 
homeostasis. In particular, changes in these salt concentrations could induce changes in 
cellular osmoregulation (Castille and Lawrence, 1981; Garton and Berg, 1989). As 
osmoconformers, mussels cope with changes in intracellular salinity by utilising 
protein/amino acid catabolism to regulate cell volume (Livingstone et al., 1979; Bishop et al., 
1983), which would increase nitrogenous waste. 
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The significant increase in oxygen consumption of mussels in ASW may have a similar 
aetiology as the excretion rate. An increase in respiration in the ASW group may reflect the 
increased costs associated with alterations in energetically-expensive osmoregulatory 
pathways. This is a hypothesis that remains to be tested. It has also been suggested that the 
organic matter composition of ASW may have directly or indirectly (e.g. via influencing 
metal bioavailability; Arnold et al., 2007) have negative effects on marine organisms, and 
which could also result in perturbation of basic physiological functions in the animal,  
increasing the costs of homeostasis, and leading to an increase in respiration rate. It is, 
however, worth noting that both excretion and respiration rates recovered quickly in ASW 
mussels. This can be explained by the fact that bivalves tend to quickly resume their normal 
physiological functions once they are transferred to more favourable conditions (Akberali and 
Trueman, 1985). 
SFG primarily depends on the feeding and oxygen consumption rates of bivalves (Sobral and 
Widdows, 1997). These two parameters comprise the major sources of energy gain and 
energy loss of an organism. The maintained low clearance rates observed in the EMS 5°C 
mussels is the obvious explanation for the maintained negative SFG values in this group. 
Conversely, high energy loss in the form of oxygen consumption and ammonia production 
contributed towards the high negative SFG value observed in ASW mussels. However, since 
both these measures showed recovery after 48 h, a significant recovery to a positive SFG was 
also observed. Negative SFG is likely to reflect an impaired ability to perform ecologically 
important processes related to growth and reproduction (Navarro et al., 2006). This implies 
that mussels subjected to the EMS 5°C transport condition may suffer significant long-term 
impairments. 
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Positive SFG values represent conditions where mussels have sufficient excess energy to 
contribute towards growth and reproduction (Tsangaris et al., 2010). The EMS 15°C mussels 
displayed positive SFG values after the 24 h transport period and a significantly higher 
positive SFG at the end of 48 h recovery period. These results reflect that EMS 15°C 
transport condition caused least stress to the mussels and was the optimal transport condition 
tested in this study. 
7.4.2 Transportation treatments 
The results of this research indicate that transporting P. canaliculus emersed at air 
temperatures close to the ambient temperatures at the point of collection minimises transport 
stress. This finding could reflect the intertidal nature of these mussels. As P. canaliculus is 
regularly exposed to air, it might be expected that it is well-adapted to the aerial transport 
manipulation used in the present study. This species is equally adept at respiring in water or 
air (Marsden and Weatherhead, 1998), demonstrating its capacity to withstand emersion. 
It is interesting to note that several previous studies support water transport conditions for 
bivalves. Chen et al. (2001) noted that water transportation was less stressful compared to air 
transportation after analysing glycogen levels in five different freshwater mussel species. 
Similar conclusions were obtained in transportation studies on the freshwater mussel, 
Lamellidens corrianus where glucose concentrations measured in different tissues showed 
significantly higher concentrations in mussels transported by air than water, indicating higher 
stress (Yusufzai et al., 2010). Maguire and colleagues (1999) utilised adenylic energetic 
charge as a stress indicator in juvenile scallops, Pecten maximus and found that dry transport 
was not a conducive form of transportation. These latter two species are less likely to be 
aerially exposed than P. canaliculus supporting the idea that intertidal habitat may have an 
important role in determining optimal transport conditions. 
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In support of the findings of the present investigation, however, are a number of studies that 
favour transport of marine fauna in an emersed environment. For example, Ocaño-Higuera 
and colleagues (2011) suggested that emersion was most favourable for shipment of adult 
Giant Lion’s Paw scallop. A similar finding has been recorded for crabs transported in 
“chilled air” versus water, with the former protocol causing fewer physiological perturbations 
(Robson et al., 2007; Lorenzon et al., 2008). There are several studies conducted in bivalve 
species that consider out-of-water transport or emersion conditions as a better transport 
method as long as factors such as temperature, relative humidity and duration of transport are 
taken into account (Wells and Baldwin, 1995; Christophersen et al., 2008). These results 
were based on the reduced stress levels, lower mortality rates and smaller relative costs 
associated with shipment in air. 
7.4.3 Aquaculture and ecological implications 
P. canaliculus is of significant economic importance to New Zealand. In 2010, green-lipped 
mussels comprised 72% of aquaculture exports, earning $202.5 million internationally (New 
Zealand Aquaculture Farm Facts, 2010). Mussels are an inexpensive source of protein and 
other essential minerals and hence add high nutritional value to the human diet (Vareltzis, 
1996). In recent times there has been an increased demand for fresh or raw mussels. However 
mussel flesh quality has been found to deteriorate depending on processing, handling and 
storage conditions (Caglak et al., 2008). Several factors such as temperature and oxygen are 
known to cause a marked change in the odour, colour, texture, and flavour of mussel meat 
(Brooks and Harvie, 1981; Warwick, 1984; Pastoriza et al., 2004). As stress has a significant 
impact on seafood quality (Bjornevik and Solbakken, 2010), it is crucial to maintain optimal 
conditions during and after mussel harvesting, to ensure that customer satisfaction is not 
compromised. 
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From an ecological perspective, it has been previously shown that translocation of mussels 
between field sites induces significant stress, due to handling and transportation (Cope and 
Waller, 1995). In this study, almost all mussels that were not transported by emersion at 
ambient temperature displayed negative SFG values, indicating a stress effect that persisted 
beyond the 24 h of transport and the 48 h recovery period. 
7.5 Conclusions 
The transport of mussels emersed at 5°C or in artificial seawater had a negative impact on 
physiological parameters of mussels. This study recommends the transport of mussels under 
emersion at ambient temperatures. This would ensure that the mussels are subjected to 
minimal stress during transportation. The 15°C emersion temperature used in this study was 
successful for transport of this particular Perna species, although this outcome may differ for 
other mussel species. This study also indicates that the water transportation method used in 
Chapter 6, could have possible negative impact on the mussels. If biomarker responses were 
measured in the field-collected mussels used in Chapter 6, the possibility of significant 
effects of transportation-related stress in those mussels cannot be ruled out. When the effects 
of transport stress are minimised by using transportation protocols recommended in the the 
current chapter, the physiological status of the mussel will more accurately reflect 
environmental field conditions. This will be of particular importance in scenarios where 
mussels are being used to assess ecosystem health. Transportation related stress cannot be 
avoided but can certainly be minimised by implementing appropriate protocols. 
 8 General Discussion
 8.1 Summary of findings  
The objectives of this thesis were to (a) determine Cd-induced toxic mechanisms in mussels 
(b) identify multiple biomarkers that respond to Cd exposure in mussels and (c) assess the 
potential utility of employing green-lipped mussels as a bioindicator species for metal 
contamination in coastal habitats in NZ. This was the first study to assess Cd toxicity effects 
in P. canaliculus. The toxicological effects of Cd in green-lipped mussels at different doses 
and durations of exposure were investigated by conducting a mechanistic study. This 
consisted of acute (96 h; at 2000 and 4000 µg Cd L
-1
) and subchronic (28 d; at 200 and 2000 
µg Cd L
-1
) Cd treatments. This thesis has shown that P. canaliculus is relatively tolerant to 
Cd, characterised by a 96 h LC50 value of 8160 µg L
-1
 (Section 3.3.1). This tolerance to Cd 
could be explained on the basis of the ability of green-lipped mussels to induce detoxification 
and defence mechanisms against Cd toxicity effects (Chapters 3-5). 
Exposure to Cd induced a cascade of cellular, genotoxic, immunocytotoxic and physiological 
effects in green-lipped mussels (Chapters 3-5). During both acute and subchronic exposure to 
Cd, clearance rate of mussels declined, with a concomitant increase in excretion rate 
(Chapter 3). Although not measured in this thesis, shell valve closure was hypothesised to be 
responsible for the decline in feeding and oxygen consumption levels in Cd-exposed mussels 
(Chapter 3) (e.g. Tran et al., 2001). In addition, a significant decline in glycogen levels was 
also observed in Cd-exposed mussels (Chapter 4). The utilisation of reserve energy resources 
is an indication of Cd-related stress which was also responsible for the high protein 
catabolism and low O:N ratios of mussels (Chapter 3). This decline in feeding and in 
glycogen levels, along with increase in protein catabolism and nitrogen excretion, likely 
reflected an energy imbalance, indicating low energy gain and high energy loss. This scenario 
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would result in very little or no energy available for growth of the mussels characterised by a 
negative SFG induced by exposure to Cd (Chapter 3). 
The energy imbalance could also be attributed to the use of energy towards detoxification and 
repair mechanisms. For instance, Cd induced MTLP production for detoxification and storage 
of Cd in non-toxic forms (Chapter 4). The defence mechanism also included the production 
of catalase, an enzyme that is part of the anti-oxidant defence system. Although significant 
increases in MTLP and catalase activity were observed, exposure to Cd induced lipid 
peroxidation in the digestive gland of mussels at subchronic concentrations (Chapter 4). This 
could be attributed to the production of ROS, another important effect of Cd toxicity. The 
induction of ROS and increase in oxidative stress can affect cell membranes causing lipid 
peroxidation, and also lead to DNA damage (Section 1.3.5.2). The effects of ROS production 
could explain the significant DNA damage observed in the haemocytes of mussels and the 
formation of different macrolesions in the gill cells (Chapter 5). The occurrence of damage at 
the cellular level suggested that detoxification mechanisms were not sufficient enough to 
protect the mussels against oxidative stress and DNA damage (Chapter 4-5). 
Overall, the effects of Cd on biomarker responses were tissue-specific, dose- and time-
dependent, with duration of exposure being the predominant effect (Chapter 4). The acute 
toxicity responses indicated that during short-term exposure to high Cd concentrations, the 
detoxification and defence mechanisms of mussels were overwhelmed and inhibited by the 
level of Cd exposure. Consequently, the mussels were unable to induce detoxification and 
antioxidant defence mechanisms during acute exposure. This inadequacy to induce protective 
mechanisms could also be partly due to the absence of energy resources to drive these 
processes (Section 4.4.2). On the other hand, subchronic exposure to Cd (long-term exposure 
to low Cd doses) induced MTLP and catalase activity that could provide protection against 
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toxic Cd effects. However, induction of these mechanisms was not sufficient to protect 
against Cd-induced physiological impairments, oxidative stress, damage to the gill cells, and 
DNA damage in the haemocytes. 
The findings from the laboratory studies clearly delineated the differences in physiological, 
biochemical and cellular toxicity responses based on duration of exposure and concentrations 
of Cd (Chapters 3-5). The relative differences in sensitivity to Cd exposure among aquatic 
organisms could be related to the species-specific ability of organisms to distribute Cd at the 
subcellular level and regulate detoxification mechanisms (see Section 1.3.4; Wang and 
Rainbow, 2006). 
Metal concentrations in different mussel tissues were measured to assess the utility of green-
lipped mussels as bioindicators for coastal metal pollution in NZ (Chapter 6). There were no 
significant correlations between metal concentrations in the sediment and different mussel 
tissues, with the exception of Zn accumulation in the foot (Section 6.3). The field study 
indicated differences between contaminated sites within each region as well as regional 
differences, in tissue and sediment metal concentrations. Specific sites with the highest 
concentration of metals in the sediments reflected elevated metal concentrations in the tissues 
(e.g. Cu in Mapua). These results suggested the utility of the green-lipped mussel as a coastal 
bioindicator for metal contamination in NZ. 
Collection and transportation of mussels are part of both field and laboratory studies. In this 
thesis, Chapter 7 included a field study that simulated the investigation of the possible effects 
of transportation related stress in mussels. Physiological biomarker responses were used to 
indicate the level of stress involved in transportation of mussels. Among the four treatments, 
emersion at 15°C was found to be the best method of transportation from the field to the 
laboratory. Green-lipped mussels are intertidal organisms exposed to tidal fluctuations. 
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Compared to the other treatments used, a positive SFG during emersion at 15°C reflected the 
well-being of the organism and also highlighted the feasibility of transport in air (Chapter 7). 
The findings in Chapter 7 also highlighted that the green-lipped mussels were affected by 
short-term changes in temperature (during air transport) and possible differences in ion 
concentrations of the artificial seawater used during water transport, relative to natural 
seawater. 
8.2 Implications of the findings  
 There are numerous studies on Cd toxicity effects in aquatic invertebrates.  In this thesis, the 
mechanistic study on Cd toxicity under both acute and subchronic concentrations revealed 
that toxic effects in mussels were both dose and duration dependent and differed compared to 
other species such as P. viridis. The differences in Cd toxicity between species can be 
attributed to the site of action, bioaccumulation, detoxification and elimination mechanisms 
of specific organisms. It has been established that toxicity occurs when the rate of metal 
uptake exceeds the combined rate of metal elimination and detoxification (Rainbow, 2007). 
This thesis has provided both acute and subchronic toxicity data on responses to Cd that 
could be of use in future ecological risk assessment and regulation. The mechanistic 
differences between acute and subchronic Cd toxicity shown in this thesis can be extrapolated 
to understand the effects of mussels exposed to sources such as mining effluents, industrial 
discharges, sewage outfalls and stormwater runoff (e.g. Brix et al., 2010). Moreover, a risk-
based approach can be developed to investigate species vulnerability, water quality and help 
prioritise remediation measures at affected contaminated sites (e.g. Beiras and Albentosa, 
2004).  
From an ecotoxicological perspective, delineating the mechanisms of Cd toxicity during 
different durations of exposure in green-lipped mussels is a valuable addition towards hazard 
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identification of metals (e.g. McGeer et al., 2003). Environmental risk assessments are based 
on exposure and effects in organisms. However, risk assessments are often incomplete due to 
limited availability of data on metal toxicity effects for a species of interest (Fairbrother et al., 
2007). A Biotic Ligand Model (BLM) approach can be developed which uses metal 
accumulation at a sensitive binding site of the organism to predict toxicity (Paquin et al., 
2000). Use of a BLM can help environmental regulators and decision makers to rapidly 
assess risk associated with toxic metals by using simple and cost-effective scientific tools 
(e.g. Cu toxicity using Mytilus species, Arnold et al., 2005). 
In this thesis, the feeding rate of mussels was reduced significantly, irrespective of changes in 
duration and concentration of Cd exposure. This characteristic made clearance rate one of the 
key biomarker endpoints of Cd exposure and effect. A decline in feeding will most likely 
have an effect on the growth of the organism. This was observed in the thesis with the 
negative SFG of green-lipped mussels as shown in Chapter 3. Exposure to Cd is known to 
reduce the probability of long-term survival of aquatic organisms (e.g. Hansen et al., 2002). 
For example, Ward and Robinson (2005) reported that exposure to Cd reduced fitness, 
increased sensitivity of cladocerans to other metals, and impacted their survival. This thesis 
has also demonstrated that the tolerance to Cd in green-lipped mussels came at a cost (Section 
3.4.3), which indicates implications of ecological relevance such as reduced fitness and 
possible disease susceptibility. Additionally, there are reports indicating that metal absorption 
rate in bivalves is related to the filtration/clearance rate (e.g. Baines et al., 2006). Reduced 
clearance rate and associated decline in metal uptake can be considered to be a detoxification 
process (e.g. Pan and Wang, 2012). This indicates the further use of clearance rate as a 
biomarker of both Cd exposure and effect in mussels. 
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One of the findings from the laboratory studies was the measurement of strong biomarker 
responses in the digestive gland of mussels. For example, MTLP concentration, catalase and 
alkaline phosphatase activities in the digestive gland were higher than the gill (Chapter 4). 
The digestive gland is the major organ involved in metabolism, detoxification and storage of 
metals (Marigómez et al., 2002). The implication of this finding is the possible utility of the 
digestive gland for biomarker measurements in P. canaliculus for future biomonitoring 
studies in NZ. Additionally, this also indicates that biomarkers validated and used in other 
mussel species could have similar utility in P. canaliculus.  
The field study in this thesis was the first attempt to assess metal contamination levels in NZ 
using green-lipped mussels as a bioindicator species (Chapter 6). The results indicate that 
green-lipped mussels can be used as “early-warning” signals for coastal metal pollution in 
NZ. This study has provided baseline concentrations of metals in the sediments collected 
from different sampling sites that indicate level of metal contamination. Based on these 
results, environmental management agencies in NZ could develop risk assessment and water 
quality guidelines for metals. Mussel tissue accumulation levels can also be monitored from 
different coastal areas to assess human health risk associated with consumption of green-
lipped mussels from contaminated sites. 
8.3 Methodological considerations 
Detoxification mechanisms and Cd sequestration allow Cd to be stored in a non-toxic form. It 
is important to determine the level of bioreactive fraction of Cd in tissues to link the active 
internal Cd concentration to the toxic response (e.g. Wallace et al., 2003). In this thesis, the 
determination of metabolically active Cd in mussel tissues using centrifugation process and 
subcellular tissue partitioning studies could have provided a better understanding of toxicity 
mechanisms. The metabolically active Cd and binding of Cd to metal sensitive cell organelles 
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is responsible for induction of toxic responses. Tolerance to Cd can be related to storing Cd 
in the detoxified form (e.g. bound to MT, Viarengo and Nott, 1993). Additionally, the 
redistribution of Cd to metal-sensitive and inactive fractions of the cell could also act as a 
protective mechanism conferring tolerance to the organism (e.g. Ng and Wang, 2005b). 
Subcellular distribution of Cd in the tissues could provide information on toxicity and 
tolerance (Vijver et al., 2004). Moreover, the distribution of metals by subcellular partitioning 
is known to be both metal- and organism- specific (Wang and Rainbow, 2006). Hence, the 
compartmentalisation of Cd in different cell components can also be used as an indicator of 
toxicity (e.g. Pan and Wang, 2008). 
During Cd exposure treatments the mussels were fed a daily diet of measured algal feed by 
introducing algae into the Cd exposure waters (Section 2.3.1). Consequently there is strong 
likelihood that some of the accumulation and toxic effects relate to dietary exposure (see 
Section 8.4). However, no attempt was made to isolate the pathways of exposure, as this was 
not a specific goal of this study. Under natural conditions, the response of mussels to Cd in 
the seawater would also potentially contaminate the food source, so the findings of the study 
still hold for an environmental setting. It is, however, worth noting that one of the responses 
of mussels to Cd exposure is to greatly reduce clearance rate, indicating that the dietary 
component of Cd exposure would become less important as waterborne concentrations 
increase (see Section 3.4.2).  
Physiological biomarkers were used in this thesis to assess Cd toxicity effects in mussels. The 
standardised protocol by Widdows and Staff (2006) suggested the measurement of oxygen 
consumption in mussels after completion of clearance rate measurements. Accordingly, 
physiological biomarkers in mussels were measured starting with the clearance rate, followed 
by excretion rate and then the respiration rate. The order in which the physiological 
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measurements were conducted could have impacted the results to a certain extent. For 
example, the impacts could be related to the effects of specific dynamic action (SDA). SDA 
refers to an increase in the oxygen consumption after feeding (Secor, 2009). In Chapter 3, 
mussels were provided with ~2 h interval between feeding and respiration measurements. A 
recent study by Lurman et al. (2013) on energetics of P. canaliculus found that SDA effects 
are highly controlled in this species. This implies that when under stress P. canaliculus has 
the ability to stop both feeding and digestion, instead utilising oxygen for other vital 
biological functions. They also reported that there was no correlation between feeding and 
subsequent metabolic rate (Lurman et al., 2013). However in this thesis when the 
physiological biomarkers were measured during Cd exposures, preliminary experiments 
could have been conducted to determine the effects of feeding response and its impacts on 
oxygen consumption in P. canaliculus, to rule out possible effects of SDA. 
In Chapter 5 as part of the immunocytotoxic biomarker response in mussels, the differential 
haemocyte cell count was measured. The total haemocyte cell count or number of circulating 
haemocytes in the green-lipped mussel was not measured immediately after collection. This 
was due to limiting factors such as time and lack of equipment (e.g. automated cell counter, 
flow cytometer). Viable haemocytes are required for measuring total haemocyte cell counts. 
The lack of total cell count information in this study is a minor limitation to the interpretation 
of the differential cell count results. Bivalves are found to have elevated total haemocyte cell 
count when exposed to contaminants such as metals (e.g. Brousseau et al., 2000). Total 
haemocyte count is an indication of the number of circulating cells in the haemolymph at a 
particular time point. Generally when exposed to metals, an increase in total haemocytes in 
mussels has been known to reflect haematopoiesis (e.g. Coles et al., 1995). On the contrary, a 
decrease in total haemocyte number is indicative of migration towards the tissues (e.g. Coles 
et al., 1995). In this thesis, the differential haemocyte proportions in mussels during Cd 
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exposure, showed significant fluctuations at any given time point. The additional information 
on total circulating haemocyte numbers would have aided in interpreting the specific 
functions of each haemocyte type based on the distribution of haemocytes between the 
haemolymph and the tissues (Section 5.4.1). 
The comet assay is conducted using freshly collected samples of mussel haemocytes or gill 
cells (e.g. Pavlica et al., 2001; Vincent-Hubert et al., 2011). However, the comet assay used 
to measure DNA damage in Chapter 5 was conducted using haemocyte samples that had 
undergone a freeze-thaw cycle. Preliminary experiments were conducted to validate the 
method of using freeze-thawed haemocyte samples for comet assay. The validation procedure 
involved exposure of both fresh and thawed haemocytes to different concentrations of H2O2 
prior to testing the comet assay. No significant differences were observed in DNA damage 
between the freshly collected and freeze-thawed haemocyte samples (unpublished data). 
Laboratory studies used to measure DNA damage in mussel haemocytes in Chapter 5 
followed a validated protocol along with the use of a time-matched control series for the Cd 
treatments (Section 5.3.3). However, the same protocol that was used under controlled 
laboratory conditions may not be suitable for haemocytes collected from mussels in field 
studies. Mussels are exposed to a mixture of metal contaminants along with organic 
pollutants under field conditions. So the application of the laboratory protocol may not be 
adequate to delineate the differences in damage induced by several pollutants and haemocyte 
storage method. The application of a standardised protocol that takes into account factors 
such as the storage buffers, the duration of storage, and thawing period should be considered 
to avoid confounding results. Future studies could also consider the use of cryopreservation 
methods for storage of mussel haemocyte samples (e.g. Kwok et al., 2013). 
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8.4 Future studies 
The relative importance of both aqueous and dietary exposure in metal uptake kinetics has 
been highlighted in the mussel, Perna viridis (Chong and Wang, 2001). However, apart from 
the waterborne toxicity to Cd reported in this thesis, there are no metal toxicity studies in 
green-lipped mussels. As a future directive, Cd kinetics and dietary route of exposure should 
also be explored in P. canaliculus (e.g. Shi and Wang, 2005). Studies on Cd uptake, 
accumulation, retention, elimination and depuration mechanisms of green-lipped mussels 
would allow comparison between Cd exposure routes (e.g. Blackmore and Wang, 2002). For 
example, Ng and Wang (2005b) showed that subcellular distribution of Cd varied between 
waterborne and dietborne exposures (see Section 8.3). Hence it would be interesting to 
investigate the effects of dietary metal exposure to further understand the effects of exposure 
route, distribution and kinetics of Cd toxicity in P. canaliculus. The accumulation and 
elimination of Cd through both the dietary and aqueous exposure routes can be useful in 
biodynamic modelling (e.g. Luoma and Rainbow, 2005). Biodynamic modelling can be used 
to predict metal accumulation differences among species.  
The laboratory study on waterborne Cd toxicity was a mechanistic study that helped identify 
biomarkers of Cd exposure and the possible mechanisms of Cd toxicity. From an 
ecotoxicological perspective, study of metal toxicity in early life stages of mussels such as 
embryo or larva can prove to be useful. The sensitivity of the larval stage to contaminants is a 
key factor that determines the survival of a species in a contaminated environment. The use 
of early life stages of mussels holds both toxicological and ecological relevance (e.g. Beiras 
and Albentosa, 2004). Studies on metal toxicity effects in early life stage forms of P. 
canaliculus can provide metal toxicity data that can help develop a BLM. The development 
of tools such as BLM’s can help predict Cd toxicity in aquatic species. This would help in the 
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derivation of environmental regulation and protection criteria for aquatic species in NZ. For 
example, larvae of mussels belonging to the Mytilus genera are used in the development of 
saltwater quality criteria for Cu toxicity (US EPA, 2003). The development of acute and 
chronic water quality criteria based on toxicity tests on the embryo-larval life stages of 
mussels, along with modifying water chemistry parameters such as salinity and DOM has 
proved to be informative in predicting metal toxicity characteristics in the environment (e.g. 
Mytilus trossolus; Nadella et al., 2009). 
Measurement of metal concentrations in mussels as part of coastal biomonitoring in NZ could 
benefit from using the shell and the byssus threads of P. canaliculus. These two mussel 
tissues are known to accumulate high concentrations of metals. Studies on green-lipped 
mussels, Perna viridis indicated that the byssus threads and mussel shells accumulate metals 
such as Cd, Pb and Zn (Yap et al., 2003a; 2003b). For example, Yap et al. (2003a) found that 
Zn concentrations in the byssus threads were higher than Zn concentrations in the soft tissue 
of mussels and can be used as a biomonitoring tool for Zn pollution. Both the byssus and 
shell of mussels are constantly exposed to the external environment and are used for 
excretion of metals (e.g. Yap et al., 2003a; 2003b). This approach should be considered as 
part of future studies in this species. 
Apart from metal contaminants, industrial and agricultural activities in NZ are also a source 
of organic pollutants (e.g. pesticides, fertilisers, antifouling paints; Taylor et al., 1997). The 
long-term use of insecticides, fertilisers, sheep-dips containing organochlorine (e.g. dieldrin, 
lindane and dichlorodiphenyltrichloroethane (DDT)) and organophosphate (e.g. diazinon) 
pesticides is a cause of concern in NZ (Buckland et al., 1998). In addition, other organic 
contaminants such as pentachlorophenol and dioxins are major constituents of pesticides used 
in horticultural and agricultural lands in different regions of NZ (Buckland et al., 1998). For 
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example, organochlorine pesticides such as dieldrin, chlordanes, and other contaminants such 
as PCBs were present at elevated concentrations in several fish species such as eel, trout and 
flounder collected from the South Canterbury region in NZ (Stewart et al., 2011). The 
concentrations of these organic pollutants posed a potential health risk to humans even at low 
consumption rate (Stewart et al., 2011). Previous studies have shown that the green-lipped 
mussel, Perna viridis can accumulate elevated concentrations of organic pollutants in their 
tissues that could have potential impacts on seafood consumers (e.g. Liu and Kueh, 2005; So 
et al., 2005). Further studies on bioaccumulation levels of organic pollutants in the green-
lipped mussel, P. canaliculus could help understand the cumulative effects of environmental 
contaminants. 
Green-lipped mussels were collected from different sampling sites in NZ and the metal 
accumulation levels were measured (Chapter 6). In addition, the biomarker responses of the 
mussels were measured, however the findings have not been included in this thesis. The 
sampling sites used in the South Island, NZ for mussel collection discussed in Chapter 6 have 
varied exposure histories to different contaminants. These differences in environmental 
factors and history of exposure between sampling sites can induce different metal 
accumulation levels in bivalves that would make direct comparisons difficult (e.g. Mersch et 
al., 1996). Caging and transplantation experiments using green-lipped mussels would be 
helpful to develop monitoring strategies for coastal biomonitoring in NZ that could overcome 
such differences within a contaminated site. Previous studies in other mussels such as Mytilus 
edulis and Mytilus galloprovincialis used in transplantation and field translocation studies 
also showed biomarker responses to a mixture of contaminants (e.g. Regoli et al., 2004; Rank 
et al., 2007). A major advantage of using this approach is that fluctuations in factors such as 
season, salinity, temperature and pH within a sampling site can be minimised, as both 
indigenous and transplanted mussels will be exposed to similar environmental conditions 
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within a given sampling site. Moreover, any adaptive mechanisms exhibited by indigenous 
mussels in case of pre-exposure to contaminants at a specific sampling site could bias the 
outcome of biomarker responses (e.g. Riedel et al., 2002). For example, compared to the 
other sites investigated, the Avon-Heathcote (Canterbury) is an estuary where regular 
fluctuations in salinity occur. Mapua in the Nelson region has a known history of pesticide 
contamination that could have induced an adaptive response in mussels from that site. This 
disadvantage can be overcome by measuring biomarker responses in both caged and 
indigenous mussels termed as the “active biomonitoring” method (see Section 1.4). This 
approach allows parallel measurements of metal concentrations and biomarker responses in 
both caged as well as indigenous mussels within a sampling site that can provide a time-
integrated assessment of chronic pollution levels (e.g. Nigro et al., 2006; Marigómez et al., 
2013). Active biomonitoring is more useful than the passive method used in Chapter 6, in 
establishing the pollution status within a particular sampling site (see Section 1.4). Biomarker 
responses have been measured in mussels from the nine sampling sites discussed in Chapter 
6. The findings on biomarker responses (unpublished data) suggest that future studies should 
consider caging and transplantation strategies using P. canaliculus for developing a suitable 
bioindicator to monitor coastal pollution in NZ. 
8.5 Conclusions 
This is the first study to assess the effects of metal toxicity in P. canaliculus. The major 
findings of this thesis include the mechanistic understanding of acute and subchronic Cd 
toxicity effects in the green-lipped mussel, P. canaliculus. The effects of Cd toxicity in 
mussels were dependent on the concentration and duration of exposure to Cd. The field study 
identified and investigated the utility of employing green-lipped mussels as a bioindicator of 
coastal metal contamination in NZ. This research has opened new avenues for exciting 
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research in metal ecotoxicology that would protect aquatic species in NZ. Potential future 
studies have been discussed that will help in realising the full potential of this endemic 
coastal species in environmental monitoring through the use of biomarkers. 
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1. F/2 medium (Guillard, 1975; Guillard and Ryther 1963) 
 
 
STOCK SOLUTIONS (1L in sterilised distilled water) 
 
1. NaNO3 stock solution   
NaNO3  75.0 g L
-1
 
2. NaH2PO4 stock solution  
NaH2PO4 5.0 g L
-1
 
3. Trace Metals stock solution 
Na2EDTA  4.36 g L
-1
 
FeCl3•6H2O  3.15 g L
-1
 
Primary Metals Stocks 1ml of each of the five Trace Metals stock 
solutions 
 
Primary Trace Metals stock solutions (100 ml) 
CuSO4.5H2O  1.0 g  
ZnSO4.7H2O  2.2 g  
CoCl2.6H2O  1.0 g  
MnCl2.4H2O  1.8 g  
NaMoO4.2H2O 0.63 g  
 
4. Vitamin Stock solution (1 L) 
Biotin   10 ml of 0.1 mg ml
-1 
solution (1mg in 10ml) 
Vitamin B12  1ml of 1.0 mg ml
-1
 solution (1mg in 1ml)  
Thiamine HCl  0.2g  
 
Final Medium 
To 950 mL of 0.22 μM filtered seawater: 
NaNO3 Stock solution  1.0 ml 
NaH2PO4 Stock Solution  1.0 ml 
Trace Metals Stock Solution  1.0 ml 
Vitamin Stock Solution  0.5 ml 
 
Filter sterilise at 0.22 μM before use and store at 4°C.  
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2. Correlation between wet weight and dry weight of mussel tissues 
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3. Subchronic cadmium exposure (28 d) experiment 
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4. Correlation between Zn in mussel foot and sediment across all collection sites 
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5. One-way nested ANOVA results of metal concentrations in the gill and digestive gland of mussels 
 
 
Gill Effects SS df MS F p Digestive 
gland 
Effects SS df MS F p 
Cu Regions 162 2 81.2 1.971 0.15 Cu Regions 68.6 2 34.32 3.749 0.031* 
  Sites(Regions) 1419 6 236.6 5.745 0.000*   Sites(Regions) 203.1 6 33.85 3.698 0.004* 
Zn Regions 6130 2 3065 2.717 0.076 Zn Regions 1621 2 810 2.283 0.113 
  Sites(Regions) 4.17E+04 6 6948 6.159 0.000*   Sites(Regions) 7804 6 1301 3.665 0.004* 
As Regions 1.6 2 0.81 0.122 0.886 As Regions 323.3 2 161.7 7.332 0.002* 
  Sites(Regions) 238.4 6 39.73 5.959 0.000*   Sites(Regions) 324.1 6 54 2.45 0.038* 
Cd Regions 0.655 2 0.328 1.268 0.29 Cd Regions 2.652 2 1.326 5.523 0.007* 
  Sites(Regions) 3.047 6 0.508 1.966 0.088   Sites(Regions) 2.991 6 0.498 2.076 0.073 
Pb Regions 34.51 2 17.26 15.51 0.000* Pb Regions 3.127 2 1.563 4.109 0.022* 
  Sites(Regions) 27.59 6 4.6 4.13 0.002*   Sites(Regions) 7.058 6 1.176 3.092 0.012* 
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6. One-way nested ANOVA results of metal concentrations in the mantle and foot of mussels 
 
Mantle Effects SS df MS F p Foot Effects SS df MS F p 
Cu Regions 60.1 2 30.07 1.214 0.306 Cu Regions 26.67 2 13.34 2.233 0.118 
 
Sites(Regions) 180.5 6 30.09 1.214 0.314 
 
Sites(Regions) 16.73 6 2.79 0.467 0.829 
Zn Regions 785 2 393 2.98 0.059 Zn Regions 980 2 489.8 2.61 0.084 
 
Sites(Regions) 8298 6 1383 10.51 0.000* 
 
Sites(Regions) 5224 6 870.6 4.64 0.001* 
As Regions 50.9 2 25.47 6.101 0.004* As Regions 13.8 2 6.88 0.627 0.538 
 
Sites(Regions) 175.6 6 29.27 7.01 0.000* 
 
Sites(Regions) 477.1 6 79.51 7.245 0.000* 
Cd Regions 1.009 2 0.504 21.65 0.000* Cd Regions 0.249 2 0.124 4.529 0.016* 
 
Sites(Regions) 1.181 6 0.197 8.45 0.000* 
 
Sites(Regions) 0.48 6 0.08 2.914 0.016* 
Pb Regions 2.578 2 1.289 8.303 0.001* Pb Regions 0.167 2 0.083 1.718 0.19 
 
Sites(Regions) 3.855 6 0.642 4.139 0.002* 
 
Sites(Regions) 0.544 6 0.091 1.866 0.105 
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7. One-way nested ANOVA results of metal concentrations in sediments
† 
 
 
Sediment Effects SS df MS F p 
Cu Regions 0.604 2 0.302 340.5 0.000* 
  Sites(Regions) 0.994 4 0.249 280.3 0.000* 
Zn Regions 696 2 348 0.55 0.589 
  Sites(Regions) 1.32E+04 4 3298 5.214 0.009* 
As Regions 11.53 2 5.77 627 0.000* 
  Sites(Regions) 6.11E+01 4 15.27 1660 0.000* 
Pb Regions 44.3 2 22.13 116.4 0.000* 
  Sites(Regions) 151.1 4 37.77 198.7 0.000* 
† 
Cd concentrations were below detection limit 
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